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The production, use and transformation of inorganic and organic chemical compounds 

are negatively affecting the global environment, whereas the disposal of byproducts 

generated at urban wastewater treatment plants is becoming factually regulated (Urban 

Water Treatment Council Directive 91/271/ EEC). As a result, alternative technologies 

like (electrochemical) advanced oxidation processes ((E)AOPs) have been investigated 

to reduce and eliminate the load of persistent pollutants from drinking water and 

wastewaters. In this regard, electrochemical technologies are considered a promising 

platform, not just to reduce different persistent pollutants by means of the in-situ 

production of oxidising agents but also to generate compounds of added-value using 

waste streams.  

In this research, the generation of oxidising agents like hydroxyl radicals was 

assessed in chemical and electrochemical processes with a special focus on electro-

Fenton (EF) treatment in different environmental applications, because electrochemical 

methods are simple to operate and can be tuned to obtain conversion efficiencies that are 

not achieved in non-electrochemical systems. Electro-Fenton (EF) was studied for its 

ability to electrogenerate H2O2 in-situ, in which catalytic amounts of Fe2+ ions are added 

to react with H2O2 via Fenton’s reaction. Firstly, experiments were performed following 

a kinetic model to determine optimal conditions for the quantification of hydroxyl radical 

using 1,2-benzopyrone (coumarin) and 5,5-dimethyl-1-pyrroline-N-oxide (DMPO). 

Secondly, the continuous electrochemical production of hydrogen peroxide was applied 

to mineralise bisphenol A. In addition, EF was studied as sludge washing technique to 

treat diluted samples of anaerobically digested sludge from a municipal wastewater 

treatment plant (WWTP). In this piece of work, selected chemical elements were 

monitored, including Cr, Cd, Fe, Zn and P. Their performance was thus compared with 

those of acidification at pH 3.0, added Fenton’s reagent and aeration. Finally, a novel 

electrochemically-assisted route was studied to generate nanoparticles where pure 

crystals of iron oxides like magnetite were identified. Overall, it was observed that the in-

situ production of oxidising agents like H2O2 and OH can remediate and transform 

synthetic and actual effluents, with the potential of producing added-value compounds. 

Keywords: Bisphenol A, Coumarin, DMPO, Electro-Fenton, Fenton process, Metal 

removal, Metal recovery, Electrosynthesis
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Nomenclature 

Latin alphabet 

I current A 

F Faraday constant 96,485 C mol−1 

j current density mA cm−2 

k rate constant (or reaction rate coefficient) min−1 

kTOC rate constant for total organic carbon removal min−1 

m number of atoms of carbon atoms – 

n number of electrons associated with total mineralisation – 

t time h 

TS total solid content g kg−1 

V volume L 

V volt V 

Greek alphabet 

Δ(TOC)      total organic carbon removal                       mg L−1 

Superscripts 

 radical 

Subscripts 

Cou coumarin 

DMPO 5,5-dimethyl-1-pyrroline N-oxide 

Abbreviations 

AOP            advanced oxidation processes 

BDD           boron-doped diamond 

BPA           2,2-bis(4-hydroxyphenyl) propane; bisphenol A 

CST           capillary suction time 

Cl−            chloride ion 

DMPO            5,5-dimethyl-1-pyrroline N-oxide 

DMPO-OH           2-hydroxy-5,5-dimethyl-1-pyrrolidinyloxy 

DMSO             dimethylsulfoxide 

DSA             dimensionally stable anodes 

EAOPs           electrochemical advanced oxidation processes 

EDTA           ethylenediaminetetraacetic acid 

EDX           X-ray analysis 

EF           electro-Fenton 

EO           electrochemical oxidation 

EPS           extracellular polymeric substances 
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ESR             electron spin resonance 

GC-MS                gas chromatography-mass spectrometry 

GLDA                  L-glutamic acid 

HCl             hydrochloric acid 

H2O2            hydrogen peroxide 

HPLC           high-performance liquid chromatography 

ICP-EOS           inductively coupled plasma-optical emission spectrometry 

ICP-MS           inductively coupled plasma-mass spectrometry 

IrO2           iridium dioxide 

Fe2+            ferrous iron ion 

Fe3+             ferric iron ion 

FePO4             iron(III) phosphate 

LSV            linear sweep voltammetry 

M             surface of anode 

MCE             mineralisation current efficiency, in % 

M(•OH)            heterogeneous hydroxyl radicals 

N            nitrogen 

NaCl             sodium chloride 

Na2SO4             sodium sulfate 

OH−             hydroxyl ion 
•OH             hydroxyl radicals 

7HC             7-hydroxycoumarin 

PbO2            lead(IV) oxide (or lead oxide) 

PbSO4            lead(II) sulphate 

PEF            photoelectro-Fenton 

PO4
3−

            phosphate ion 

Pt            platinum 

PTFE            polytetrafluoroethylene 

RuO2                               ruthenium(IV) oxide 

SEM                               scanning electron microscopy 

SnO2            tin oxide 

SPEF                              solar photoelectro-Fenton 

TEMPOL              4-hydroxy-2,2,6,6-tetramethylpiperidin-1-oxyl 

TiO2            titanium dioxide 

TOC                      total organic carbon 

UV            ultraviolet 

UV-Vis            ultraviolet-visible 

WWTPs            wastewater treatment plants 
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1 Literature review 

1.1 Introduction 

The increasing use, transformation and manufacture of organic and inorganic chemicals, 

and their accumulation in the natural environment is a growing and severe worldwide 

concern, whilst the established technologies of treating and managing solid and liquid 

wastes have difficulties in complying with the Urban Waste Water Treatment Directive's 

regulations under the European Commission Directive 91/271/EEC (EC, 1991). As a 

result, alternative technologies for treating wastewaters and producing drinking water, 

like (electrochemical) advanced oxidation processes ((E)AOPs), have been the object of 

intensive research in recent decades (Brillas & Martinez-Huitle, 2009; Brillas et al., 2009; 

Moreira et al., 2017; Giannakis, 2019). These methods use highly oxidising agents like 

hydroxyl radicals (•OH) due to their high chemical reduction potential, which enables the 

initiation of chain reactions in several oxidation processes (Chaplin, 2014; Heng et al., 

2016; Gligorovski et al., 2015; Radjenovic & Sedlak, 2015), or to precipitate metal ions 

(Lewinsky, 2007; Burgos-Castillo et al., 2018c).  

In this vein, it is not surprising that much research work has already been 

performed in (E)AOPs to destroy persistent organic pollutants, remediate complex 

matrices like sewage sludge and precipitate metal ions, producing •OH as the primary 

oxidising agent, among others (Giannakis, 2019; Miklos et al., 2018; Ganiyu et al., 2018). 

However, revealing the role of •OH requires the measurement of their presence and 

concentration. This task is challenging and has been studied through the implementation 

of indirect analytical methods, leading to biased results due to their non-selective 

reactivity with a wide variety of organic and inorganic compounds. Although a diverse 

investigation of the role of •OH on environmental systems has been reported (Gligorovski 

et al., 2015), results on the quantification of •OH under optimal operating conditions for 

Fenton's reaction were still scarce. Consequently, this research addressed a two-fold 

objective. First, the quantification of •OH under conditions similar to those in (E)AOPs 

based on Fenton's chemistry. Second, the investigation of the role of •OH in the 

transformation's pathways of persistent pollutants in synthetic solutions, in the 

remediation of actual effluents like anaerobically digested urban sewage sludge, and the 

production of materials of added value.  

 

1.2 Quantification of hydroxyl radicals 

Hydroxyl radicals are known to be ubiquitous in both the environment and biological 

systems, but their existence extends to interstellar space (Robinson, 1965). These 

oxidising agents in (E)AOPs are mainly generated by the decomposition of other 

chemicals like H2O2 (Brillas & Martinez-Huitle, 2009; Oturan & Aaron, 2014; Burgos-

Castillo et al., 2018c). In (E)AOPs, the effective oxidation ability of the latter is usually 
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enhanced by the simultaneous addition of UV radiation, ozone, and transition metal ions 

as a catalyst (Brillas et al., 2009). When using iron ions with H2O2, the combined process 

is called Fenton's reaction (1.1) which is the basis of the production of •OH in prominent 

(E)AOPs. As mentioned before, their direct detection is known to be challenging (Burgos-

Castillo et al., 2018a; Brillas et al., 2009). To address this issue, different indirect methods 

have been investigated like UV-Vis spectrometry (Peralta et al., 2014), electrochemical 

(Hu et al., 2008), luminescence (Liu et al., 2019), fluorescence (Newton & Milligan, 

2006), electron spin resonance (ESR) (Finkelstein et al., 1980; Roberts et al., 2016), 

HPLC (Tai et al., 2014), among others. These methods aim to form a reaction product 

with long-term stability to facilitate their detection and quantification. 

Fe2+ + H2O2 → Fe3+ + •OH + OH─, ki = 76 mol L─1 s─1 (1.1) 

 

To date, the majority of indirect methods involve the use of a chemical trap which 

analytical signal is monitored using spectroscopic techniques to prove the presence of 
•OH (Fernández-Castro et al., 2015). Some of the most employed trapping chemicals are 

salicylic acid, 4-hydroxybenzoic acid, p-chlorobenzoic acid, phthalhydrazine, atrazine, 

deethylatrazine, p-nitrosodimethylaniline, n-propanol, coumarin, nitroxide compounds 

(e.g. DMPO), dimethylsulfoxide (DMSO), etc. (Fernández-Castro et al., 2015; Abou 

Dalle et al., 2017). The main drawback of their use is the formation of byproducts, which 

can further react with excess •OH (Lin et al., 2015; Makino et al., 1990; Tai et al., 2014; 

Lindsey & Tarr, 2000). As a consequence, the identification of conditions where the 

trapping chemicals can be used to measure the concentration of •OH is of paramount 

importance because the formed hydroxylated products to be monitored can decompose 

significantly, mainly through reaction with excess •OH. In Fenton's reaction (1.1), a 

mixture of Fe2+ and H2O2 is reacted to generate •OH, so an excess of H2O2 can act as a 

scavenger of generated •OH via reaction (1.3), causing the depletion of •OH. In addition, 

ferrous and ferric ions can consume H2O2 via reactions (1.2) and (1.4) (Brillas et al., 

2004), so it is clear that the chemical environment in which •OH is generated will 

determine their scavenging, decomposition or even the acceleration of their formation 

(Zhao et al., 2013). Furthermore, the stability of the added trapping chemicals and their 

formed hydroxylated species become a critical issue in the presence of a high 

concentration of Fe2+ and H2O2 (Fontmorin et al., 2016). Therefore, their use can exhibit 

variable behaviour, which depends on the particular Fenton-based system (Fernández-

Castro et al., 2015). 

 Fe2+ + •OH → Fe3+ + OH─, kt1 = 3  108 mol L─1 s─1 (1.2) 

 H2O2 + •OH → HO2
• + H2O, kt2 = 2.7 107 mol L─1 s─1 (1.3) 

 Fe3+ + H2O2 → Fe2+ + H+ + HO2
•, kt3 = 3.1  10-3  mol L─1 s─1 (1.4) 
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Regardless of the issues mentioned above, some research studies have attempted 

to rationalise the usage of organic compounds like a chemical trap for •OH detection and 

quantification in Fenton-based processes (Lindsey & Tarr, 2000; Peña et al., 2012). In 

those studies, an important task was to determine a suitable amount of added chemical to 

quantify •OH (Ciotti et al., 2009). One electrochemical study stated that those electrode 

reactions could influence the reliability of DMSO as an appropriate chemical trap (Abou 

Dalle et al., 2017). The rationale behind this was the occurrence of side reactions as the 

concentration of the byproducts formed increases and the concentration of the chemical 

trap decreases. Notably, the trapping chemical concentration is a critical factor because 

the probability of reaction between their molecules and •OH can be faster or slower as a 

result of changing their added concentration in the reaction system (Lindsey & Tarr, 2000; 

Abou Dalle et al., 2017; Czili & Horváth, 2008). Side reactions can thus be minimised 

when adjusting the chemical trap concentration, for example, if the added amount is in 

excess, the formed •OH may readily react with their molecules. Other studies have 

attempted to determine the major factors that influence the rate of •OH formation and to 

correlate it with time, the required to abate organic compounds. This task has been 

performed to understand the mechanisms that controlled their decline, and to establish 

their correlation with the efficiency achieved in the applied (E)AOPs. 

 

1.3 Abatement of persistent pollutants by hydroxyl radicals 

One of the most important challenges of our current society is to provide high-quality 

sources of water for drinking and processing. Along with the modernisation of human 

communities, an increasing number of organic and inorganic recalcitrant pollutants have 

also emerged and been introduced into the natural environment (Ganiyu et al., 2018; 

Neyens & Baeyens, 2003; Moreira et al., 2017). Many of those recalcitrant chemicals are 

recognised as harmful by international organisations and are increasingly regulated. For 

instance, the Protocol of the 1979 Convention on Long-Range Transboundary Air 

Pollution on Persistent Organic Pollutants (POPs) filed in 2003 restricted the use of 16 

commercial chemicals, and the Stockholm Convention on POPs filed in 2004 has 

regulated about 31 substances since then. Furthermore, the effective management of 

waste generated by Wastewater Treatment Plants (WWTPs) is becoming strongly 

regulated by the European Commission Directive 91/271/EEC to prevent their final 

disposal in sources of freshwater (EC, 1991; Fytili & Zabaniotou, 2008). All this indicates 

that long-term solutions to improve and maintain the quality of surface and groundwater, 

and the global environment remain challenging. 

To deal with persistent pollutants, several technologies have been broadly 

investigated in an attempt to remove organic and inorganic contaminants (e.g. toxic 

metals), and nutrients (e.g. P, N) in drinking water, wastewater and biosolids like sewage 

sludge. In this work, there is a focus on the application of (electrochemical) advanced 

oxidation processes ((E)AOPs) based on Fenton's reaction chemistry (Figure 1.1), and 
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their fundamentals have been outlined elsewhere (Brillas, 2014; Brillas et al., 2009). 

These methods use the oxidising power of •OH. Among the most prominent investigated 

AOPs, the so-called (electrochemical) AOPs ((E)AOPs) are anodic oxidation, anodic 

oxidation with hydrogen peroxide production (EO-H2O2), electro-Fenton (EF), photo-EF 

(PEF), solar-PEF (SPEF) and sono-EF (Moreira et al., 2017; Miklos et al., 2018). 

However, from a practical point of view, different applied (E)AOPs and their 

combinations with other remediation technologies can lead to greater efficiencies to 

produce cleaner water than the sum of the individual methods applied alone to abate 

refractory organic and inorganic pollutants and organic matter content. The simultaneous 

application of different (E)AOPs based on Fenton's chemistry can improve the rate of 

reaction of the contaminants up to mineralisation through a synergistic effect ascribed to 

the oxidation ability of •OH (Martínez-Huitle et al., 2015; Moreira et al., 2017). 

 

1.3.1 Role of •OH in the abatement of organic pollutants 

As explained before in this work, emphasis has been placed on (E)AOPs based on 

Fenton's chemistry. These processes differ from the conventional chemical Fenton 

process by the in-situ production of Fenton's reagent (i.e. Fe2+ and H2O2), most often 

hydrogen peroxide (H2O2) via the two-electron reduction reaction (1.5) of gas-O2.  

 O2 + 2H+ + 2e─ → H2O2 (1.5) 

Among the (E)AOPs, EF represents a prominent technology, its principle relying 

on the formation of reactive species like •OH, which are the main oxidising agents in 

(E)AOPs based on Fenton's chemistry. Hydroxyl radicals are produced by adding 

catalytic amounts of Fe2+ ions to promote the decomposition of electrogenerated H2O2 

Figure 1.1: Classification of advanced oxidation processes based on Fenton’s reaction chemistry. 

Adapted from source (Miklos et al., 2018). 
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via Fenton's reaction (1.1) at an optimum pH of around 2.8 (Figure 1.2). These generated 

radicals are used to degrade recalcitrant organic compounds to less toxic molecules and, 

depending on specific conditions; those molecules are completely mineralised, forming 

water, carbon dioxide (CO2) and inorganic compounds. A more significant effect on the 

degradation of organic pollutants using (E)AOPs has been achieved by EF coupled with 

either artificial or solar UV-radiation, called photoelectro-Fenton (PEF) and solar-PEF 

(SPEF), respectively (Brillas, 2014). Their use and implementation in the remediation of 

real polluted effluents could be beneficial (Moreira et al., 2017). 

 

 

The treatment efficiency of (E)AOPs encompasses several factors like matrix 

composition, the pollutant load of the water to be treated, reactor configuration, added 

background electrolyte, the material of the electrodes and distance between them, and 

type of (E)AOP. It also depends on a particular set of operating conditions including pH, 

applied current density, flow rate, batch or continuous operation, temperature and initial 

concentration of dissolved transition metals (e.g. Fe, Cu). Furthermore, (E)AOPs can be 

used in a pre-treatment step to promote more substantial (bio)degradability efficiency in 

a post-treatment step (e.g. biological, chemical or (electro)coagulation, 

(membrane)filtration, among others) (Chaplin, 2014; Moreira et al., 2017; Miklos et al., 

2018). This is because complete degradation of organic pollutants by (E)AOPs alone can 

incur high operational costs under certain conditions. Another important factor that 

affects the economics and selectivity of the whole process is the material of the electrodes, 

so research is aiming to develop noble metal-free electrodes. 

Figure 1.2: Schematic representation of the Electro-Fenton process in an undivided cell using a 

gas diffusion carbon-polytetrafluoroethylene cathode (C-PTFE). 
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The type and nature of the electrode material have been widely studied because 

they can directly determine the economy, efficiency and selectivity of the (E)AOPs. 

Recently in their respective reviews, Moreira et al. (2017) and Chaplin (2014) presented 

a section on the classification of the electrodes used in (E)AOPs, which is outlined in 

Figure 1.3. This classification reflects the concept proposed by Comninellis (1994) and 

updated by Marselli et al. (2003) to explain the level of interaction of the reactive chemi- 

or physisorbed species like •OH at the electrode surface (Mn) and the electrode surface 

itself (reactions (1.6) and (1.7)). It also intended to explain their ability to oxidise organic 

compounds. That model led to classifying the electrodes into the two main categories of 

nonactive and active. In the former category, the atoms of the electrode's material do not 

change its oxidation number during the electrochemical treatment via reaction (1.6), 

whereas in the last category there is a change in the oxidation number of the atoms via 

reaction (1.7) (Panizza & Cerisola, 2009). Although it has been discussed that some 

features overlap between active and nonactive electrodes (Chaplin, 2014), it is generally 

accepted that active electrodes possess lower O2-overpotentials than nonactive electrodes. 

This is because they are less prone to interact with weakly physisorbed heterogeneous 
•OH (Mn[•OH]), and exhibit higher oxidising potential for the abatement of organic 

pollutants via reaction (1.8) like BBD anodes (Moreira et al., 2017). 

 Mn [] + H2O → Mn[OH] + H + e─ (1.6) 

 Mn[OH] → Mn+1O + H + e─ (1.7) 

 Mn[OH] + R → Mn[] + CO2 + H2O 
(1.8) 

 

where Mn[] represents the active sites on the electrode's surface, Mn[•OH] stands for 

heterogeneous •OH formed at the anodic electrode surface by the electrolysis of water, 

Mn+1 represents the change to a higher oxidation number of the electrodes' atoms (from n 

to n+1), and R represents the molecules of the organic pollutants. 

Figure 1.3 lists the most used anode materials in (E)AOPs for both above-

mentioned categories. The active anodes include materials like Platinum (Pt), Ruthenium 

oxide (RuO2), Iridium dioxide (IrO2), and graphite and sp2-carbon-based electrodes, 

while the nonactive materials involve doped Tin oxide (SnO2), Lead oxide (PbO2), doped 

and substoichiometric Titanium dioxide (TiO2), and Boron-doped diamond (BDD). 

Boron-doped diamond anodes showed better performance than Pt, TiO2, SnO2 and RuO2 

in the degradation of organic molecules (Murugananthan et al., 2008; Pereira et al., 2012; 

Ghernaout et al., 2011), ascribed to its ability to produce large amounts of heterogeneous 
•OH and lower BDD-•OH interaction, promoting the oxidation of recalcitrant organic 

compounds up to mineralisation (Martínez-Huitle et al., 2015; Brillas, 2014). Concerning 
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the cathode materials, Brillas et al. (2009) previously discussed that the preferred 

cathodes are carbon-based due to their observed high efficiency in the electroreduction 

of gas-O2 via reaction (1.5) to form H2O2.  

Those carbon-based cathode materials mainly include graphite, carbon-

polytetrafluoroethylene (C-PTFE), carbon felt, activated carbon fibre (ACF), reticulated 

vitreous carbon (RVC), carbon sponge and carbon nanotubes. Among these carbon-based 

materials, C-PTFE has led to the development of gas-diffusion C-PTFE cathodes that 

have shown greater suitability in (E)AOPs, attributed both to the minimisation of side 

reduction reactions of organic compounds on the electroactive surface of the cathode, and 

its low reactivity to destroying the accumulated H2O2. In some recent studies the better 

performance of the (E)AOPs in the abatement of organic pollutants were achieved using 

a BDD anode and gas-diffusion C-PFTE cathode (Ghernaout et al., 2011; Brillas, 2014). 

In literature, a large number of studies to abate organic pollutants have achieved 

remarkable levels of efficiency with EF (Martínez-Huitle et al., 2015; Abou Dalle et al., 

2017; Moreira et al., 2017; Miklos et al., 2018). Their performance is ascribed to the 

concurrent generation of heterogeneous (Mn[•OH]) and homogeneous •OH on the 

electrode surface and in the bulk of the solution (Figure 1.2), respectively (Brillas et al., 

2009). Moreover, other weak oxidants like H2O2 and HO2
• may aid in the transformation 

of certain organic species, although a critical drawback has been observed from the 

degradation of organic compounds using (E)AOPs, which is the formation of recalcitrant 

compounds like chlorinated compounds and Fe(III)-carboxylate complexes, resulting in 

lower efficiencies (Brillas, 2014). The latter drawback using EF has been overcome by 

the parallel irradiation of UVA light (called PEF and SPEF as mentioned before). Its 

photolytic activity promotes a two-fold action: first, it decomposes Fe(OH)2+, the most 

abundant Fe3+ complex at around pH 2.8 via reaction (1.9) to yield Fe2+ and more •OH, 

Figure 1.3: Classification of the electrodes used in (electrochemical) advanced oxidation 

processes (E)AOPs. 
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and second it promotes the reduction of the Fe(III)-carboxylate complexes via reaction 

(1.10) to regenerate more Fe2+ ions. This two-fold action results in the initial 

concentration of added Fe2+ ions being turned over several times, thus prolonging their 

catalytic effect. The extra costs involved to power the artificial light rely on the use of 

renewable sources like sunlight. Its application along with EF is called solar-PEF (SPEF) 

(Brillas, 2017; Garcia-Segura et al., 2013). Furthermore, changing the composition of the 

background electrolyte can also tune the formation of nontoxic byproducts (Panizza & 

Cerisola, 2009; Ridruejo et al., 2018). 

 Fe(OH)2+ + hv → Fe2+  + OH  
(1.9) 

  Fe(OOCR)2+ + hv → Fe2+ + CO2 + R  
(1.10) 

The role of the background electrolyte on the performance of the (E)AOPs must 

also be commented on. Background electrolytes are added to provide suitable 

conductivity and ionic strength to maintain the electrical current flow during the 

electrolytic treatment. In (E)AOPs, the most used electrolytes are sodium sulphate 

(Na2SO4) (Radjenovic & Petrovic, 2017; Körbahti & Demirbüken, 2017), sodium 

chloride (NaCl) (Gözmen et al., 2003; Steter et al., 2016), sodium perchlorate (NaClO4) 

(Thiam et al., 2015a) and sodium nitrate (Na2NO3) (Cai et al., 2019). Ideally, these added 

salts should not react during the electrolytic treatment, but it is well known that changing 

the composition and concentration of the background electrolyte can tune the activation 

of certain ions. Consequently, these ions could favour the formation of different oxidising 

agents, which can enhance the oxidation of organic pollutants or be detrimental to the 

performance (Cai et al., 2019; Körbahti & Demirbüken, 2017). For example, reactive 

oxygen species (e.g. H2O2 and •OH), chlorine active species (e.g. Cl2 and HClO) via 

reactions (1.11) and (1.12) and other oxidants like the sulphate radical (SO4
•−) via reaction 

(1.15).  

Steter et al. (2016) showed that the presence of Cl− ions could lead to formation 

of active chlorine, and thus improve the oxidation of organic pollutants in EO-H2O2 when 

using a BDD anode. However, it was detrimental to EF due to the scavenging of H2O2 

and •OH via reactions (1.13) and (1.15) in addition to formation of chlorinated compounds 

under the same conditions. Thiam et al. (2015a) studying the decolourisation of azo-

colours found that the added Cl− ions promoted faster decolourisation, but again the 

process did not achieve total mineralisation, which was related to the generation of 

chloroderivatives. Radjenovic and Petrovic found that the addition of chloride ions to 

Na2SO4 led to lower degradation efficiency than when using only Na2SO4 because the 

latter did not increase chlorinated compounds (Radjenovic & Petrovic, 2017). Moreira et 

al. (2017) outlined side reactions involved in the consumption of •OH and H2O2 during 

electrochemical treatment, which has been addressed in several works, either in the 

presence of SO4
2−  or Cl− ions (reactions from (1.11) to (1.17)). The literature thus 

suggests that the use of NaCl as background electrolyte or their mixtures should be done 
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with caution as it may facilitate the formation of chlorinated derivatives and toxic 

byproducts like perchlorate under certain operating conditions. 

 2Cl− → + Cl2  
(1.11) 

 Cl2 + H2O → HClO + Cl− + H+  (1.12) 

 Cl− + OH → [ ClOH]− 
(1.13) 

  HClO + H2O2
 → Cl− + H+ + H2O + O2 (g) 

(1.14) 

 SO4
2− + OH → SO4

− + OH− 
(1.15) 

 SO4
− + H2O2

 → SO4
2− + H+ + HO

2 (1.16) 

 SO4
− + HO

2
 → SO4

2− + H+ + O2 (1.17) 

 

1.3.2 Role of •OH in the recovery of toxic metals and nutrients 

On the other hand, large amounts of biosolids produced in established wastewater 

treatment plants (WWTPs), for example from anaerobically digested sludge processes, 

require the delivery of applied solutions for their proper environmental management, 

which includes the potential recovery of valorised materials before their final disposal 

(Zhu et al., 2013; Krüger & Adam, 2015). These biosolids produced as byproducts in 

WWTPs are called sewage sludge and represent the remaining solid fraction after their 

separation from the aqueous fraction of the wastewater stream. Landfill and incineration 

are the most widely used final disposal methods for sewage sludge (Jaeger & Mayer, 

2000; Kacprzak et al., 2017), but the implementation of stringent regulations have driven 

the development of alternative technologies that can transform these types of waste 

streams into valuable materials like fertilisers and other materials of commercial interest 

(Fytili & Zabaniotou, 2008). However, hazardous materials like pharmaceuticals, 

endocrine disruptors, and toxic metals can still be found in treated sewage sludge making 

additional treatment necessary before their final disposal (Fontmorin & Sillanpää, 2017; 

Ito et al., 2013).  

The need for the development of alternative and versatile methods to deal with 

the produced sewage sludge is thus becoming imperative, due to the implementation of a 
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high number of secondary treatment processes at WWTPs to comply with the latest 

stringent environmental regulations (Cieslik et al., 2015). Therefore, many strategies are 

being implemented to favour long-term sustainable solutions. Cieslik et al. (2015) 

reviewed the standards, regulations and analytical methods involved in the management 

of sewage sludge, whereas Kacprzak et al. (2017) discussed current strategies for its 

sustainable disposal. Although five main stages have been identified in the management 

of sewage sludge including pre-treatment, primary, secondary and final treatments, 

followed by steps related to its final disposal or recovery methods (Figure 1.4), the unitary 

steps tend to be different at every WWTP, and they vary from country to country 

(Carrèrea et al., 2010).  

 

 

Figure 1.4: Description of the most common processes involved in the management of sewage 

sludge at wastewater treatment plants (WWTPs) (Kacprzak et al., 2017). 
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However, it must be said that an adequate treatment train must be selected depending on 

the type of sludge (e.g. mixed primary and secondary sludge, waste activated and 

anaerobic sludge) (Carrèrea et al., 2010; Xiao et al., 2017). It is also important to highlight 

that, even when chemical oxidation processes are recognized as a treatment step to 

improve the degradability of the remaining sludge in processing, its implementation is 

usually narrowed to ozonation, peroxidation, and Fenton-catalysed processes (Carrèrea 

et al., 2010). 

Chemical oxidation methods have thus been investigated to treat and recover 

(toxic) metals and nutrients from sewage sludge to increase the quality of the final sludge. 

The aim is to apply these methods to soil reclamation, agriculture, plant cultivation and 

the fabrication of adsorbents (Cieslik et al., 2015). The methods include acidification (Du 

et al., 2015), thermal (Kasinaa et al., 2016; Zhang et al., 2017), bioleaching (Pathak et al., 

2009), electrokinetics (Peng et al., 2011), electrodialysis (Guedes et al., 2016), microwave 

irradiation (Tyagi & Lo, 2013) and AOPs (Neyens & Baeyens, 2003; Neyens et al., 2004; 

Ito et al., 2013; Fontmorin & Sillanpää, 2017; Xiong et al., 2018; Xiao et al., 2017). Here 

the focus is on (E)AOPs based on Fenton's chemistry, which are similar in principle to 

the chemical ones that have been used to promote metal leaching from the solid fraction 

of sewage sludge (Table A2, Appendix A). Although a few research works have reported 

the application of (E)AOPs to treat the organic content of sewage sludge (Vidal et al., 

2016), to our knowledge (E)AOPs had not been reported for the recovery of metals and 

nutrients. As discussed before, the aim of (E)AOPs based on Fenton's chemistry is to 

generate highly reactive oxidants in-situ, mainly •OH via Fenton's reaction, involving a 

mixture of Fe2+ and H2O2 at an optimum pH of 2.8 characterised by the in-situ 

electrogeneration of H2O2 (Brillas et al., 2009; Sirés et al., 2014; Martínez-Huitle et al., 

2015). These methods have proven to improve the leaching capacity of biosolids like 

sewage sludge for removing toxic metals (Yoshizaki & Tomida, 2000; Fontmorin & 

Sillanpää, 2017).  

The main role of •OH when treating sewage sludge is the destruction of the 

extracellular polymeric substances (EPS) contained in the solids fraction of the sludge, 

leading to the leaching of sorbed metals and other compounds (Yoshizaki & Tomida, 

2000; Fontmorin & Sillanpää, 2017; Neyens et al., 2002). In these type of systems, the 

formation rate of •OH has been found to depend on several factors, the main ones being 

Fenton's reagent ratio and the initial concentration of Fe2+ and H2O2. In previous research 

works, the best performance resulted from conventional chemical Fenton treatment 

(Table A2, Appendix A). Fontmorin and Sillanpää (2017) found that, after one hour of 

treatment, the dewaterability of the treated solutions of anaerobically digested sludge was 

enhanced significantly by the addition of 36 mM Fe2+ and 360 mM H2O2 (Fenton's 

reagent ratio of 10), leaching almost all Cd, Cu, Pb, and Zn content. This effect was 

consistent with the loss of EPS. Indeed, Neyens and Baeyens (2003) previously reported 

that the application of Fenton's chemistry could effectively break the sludge flocs and 

solubilise their components, facilitating the elimination of the bound water and thus 

improving dewaterability.  



1 Literature review 26 

The recovery of phosphorous (P) from sewage sludge has been proposed as an alternative 

source driven by the depletion of its natural mineral deposits. Figure 1.5 lists some 

developed processes reported in literature for P recovery from sewage sludge (for detailed 

information about each process, refer to the works of Blöcher et al. (2012) and Cornel & 

Schaum (2009).  

 

In general, research works have shown that P recovery could be feasible using 

aqueous side streams from the stabilisation processes or the fractions of water generated 

in sludge processing. Those aqueous streams are usually treated by the addition of 

chemicals like calcium (Ca) or magnesium (Mg) salts to promote phosphorous 

precipitation or crystallization, leading to its recovery mainly as calcium phosphate 

(Ca3(PO4)2), struvite (magnesium ammonium phosphate, NH4MgPO4.6H2O) or 

phosphoric acid (H3PO4). These methods were divided into two groups based on the type 

Figure 1.5: Developed processes for the management of sewage sludge for phosphorous recovery. 
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of sludge used as starting material, including aqueous sludge liquors, and dry sludge or 

ashes, which can be further categorised as enhanced biological, wet chemical, and 

thermochemical methods (Cornel & Schaum, 2009; Havukainen et al., 2016; Gorazda et 

al., 2018). Some of those technologies require additional pre-treatment steps to enhance 

the solubilisation and dissolution of the solid fraction of the sewage sludge like 

hydrolysis. This is usually done by the addition of acids (e.g. sulphuric acid (H2SO4), 

hydrochloric acid (HCl), etc.) (Blöcher et al., 2012) or alkaline additives to promote the 

precipitation of some metals (Sano et al., 2012), or with adsorbates and ion exchange 

materials to facilitate the concentration of dissolved phosphorous compounds like FePO4 

(Gorazda et al., 2018; Nothando & Ntuli, 2017). 

Blöcher et al. (2012) discussed a relevant aspect related to the use of new 

technologies to improve the performance of established sludge treatment methods that 

should be carefully evaluated when developing new strategies to cope with sewage sludge 

rather than to add complementary alternatives. This could mean higher operating costs 

for the management of sewage sludge. These technologies should be economical and 

environmental beneficial, whereas the organic content in the sewage sludge is solubilised 

and disintegrated to facilitate the recycling process of added-value products like nutrients 

(e.g. P). 

 

1.4 Fenton’s chemistry beyond producing cleaner water 

Recently, Giannakis (2019) presented an overview of other different research concepts in 

which Fenton's chemistry has been applied that go beyond delivering cleaner water. 

Among the outlined ideas are surface functionalisation (Bradley et al., 2012; Martín et 

al., 2009), biomass treatment (e.g. to induce the saccharification of cellulose or direct the 

synthesis of proteins) (Den et al., 2018; Sheng et al., 2017), and other medical uses 

(Zanganeh et al., 2016). In these contexts, our attention was drawn to the synthesis of 

nanostructured materials such as iron oxides because the literature suggests that 

nanostructured materials have preferably been developed in the last decade using a variety 

of synthetic methods involving the 12 principles of green chemistry due to sustainability 

and environmental concerns using electrochemical methods (Anon, 2015; Kuang et al., 

2013). In this vein, the development of particles or materials on a nanoscale has been 

highlighted due to their optical, mechanical, electrical, magnetic and (electro)chemical 

properties that can enhance catalysis, for example in Fenton's reaction or in other 

biomedical and technological applications (Lisjak & Mertelj, 2018; Martín et al., 2010).  

Classical electrochemical methods, to produce iron oxides such as magnetite 

(Fe3O4), rely on the generation of precipitating agents (e.g. OH─ ions to raise effectively 

the pH to alkaline values) to drive chemical reactions. Besides, other oxidizing or 

reducing species are produced, but in some cases, chemical additives are added in order 

to promote the precipitation of the reagents (Lozano et al., 2017; Zboril et al., 2002; 

Machala et al., 2011). Different synthesis conditions have been applied to prepare 
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nanoparticles using electrochemical methods. For instance, Sorenson et al. (2002) 

deposited thin films over an anodic substratum of gold within a potential window between 

-0.40 to -0.30 V vs Ag/AgCl (satd. KCl), whereas at potentials more positive than -0.30 

V, Fe(OH)3 species were preferentially formed (Sorenson et al., 2002). Carlier et al. 

(2005) prepared magnetite by anodic oxidation of Fe2+ as a precursor, over polycarbonate 

membranes (Carlier et al., 2005). Yousefi et al. (2013) reported the cathodic 

electrodeposition of maghemite (Fe2O3) on stainless steel. A deposit with poor adhesion 

was formed in aqueous media, but this could be overcame by using a binary metal-water 

solution. In this way, crystalline domains between 10 and 60 nm were deposited (Yousefi 

et al., 2013). Martínez et al. (2007) also obtained different iron oxides by anodic 

oxidation, depending on the type of starting material, initial concentration, pH and 

temperature (Martinez et al., 2007). The formation of these different phases was 

determined by their stability in certain voltage domains, as predictable from E-pH 

(Pourbaix) diagrams. These works mentioned are only a few examples of background 

research performed to prepare iron oxides electrochemically. In most instances, the 

known electrochemical approaches render the growth of films onto inert substrates, 

mostly by one-step electrodeposition, at working temperatures between 70 and 90 C. 

More recently, Lozano et al. (2017) studied the mechanism for electrochemical formation 

of magnetite, suggesting that lepidocrocite (γ-FeO(OH)), was the main intermediary. 

Given that Fe2+ ions were the only species produced electrochemically, the formation of 

magnetite was believed to be governed by chemical steps occurring near the anode rather 

than a direct electrochemical reduction reaction (Lozano et al., 2017). That research work 

also presented a compilation of pathways for the electrochemical formation of magnetite 

nanoparticles, thus it can be used to get further insight into the main mechanisms already 

proposed in the literature. 

One another hand, Martín et al. (2009 & 2010) have addressed the use of Fenton's 

chemistry as an alternative green strategy to increase the density of OH functional groups 

on the surface of diamond nanoparticles, which further promotes the covalent 

functionalisation thereof, while the crystalline structure is maintained and the reduction 

of the average particle size is also promoted. Bradley et al. (2012) have performed studies 

on surface functionalisation using Fenton's reaction to promote the formation of 

hydroxylated groups in the multi-walls of concentric layers of graphene, increasing the 

specific area of the materials due to a separation between the concentric layers. In addition 

to the obtained nanostructures of carbon, the nanotubes had better water wettability and 

dispersivity that may result in a more substantial cross-linking ability with matrix 

compounds. These methods represent a more sustainable technology compared to those 

that commonly employ less environmentally friendly and more hazardous organic 

solvents like tetrahydrofuran (Kang et al., 2011). 

As well, the need for alternative sources of fossil fuel-derived carbon compounds 

to supply raw materials to generate energy and chemicals has shifted attention towards 

the use of biomass as a long-term sustainable feedstock. Den et al. (2018) have discussed 

the potential of Fenton and Fenton-like reactions as important greener pre-treatment 

methods to improve ethanol production from sugarcane bagasse based on the work of 
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Kato et al. (2014). Jung et al. (2015) and Yu et al. (2018) have also explored the 

application of Fenton's reaction as a pre-treatment method for lignocellulose to increase 

the recovery of fermentable sugars for the biofuel process. Jung et al. (2015) applied a 

moderate temperature of 25 °C to a relatively high load of rice straw, and the yield of 

fermentable sugars was improved by about 93.2% in relation to the theoretical value. All 

these works exemplify how Fenton’s chemistry can be directed to other applications as 

green alternatives to the established methodologies. 
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2 Experimental work 

The aim of Paper I was to determine the conditions in which 5,5-dimethyl-1-pyrroline-

N-oxide (DMPO) acts as a reliable chemical trap of OH and to quantify the effect of 

DMPO concentration in relation to the initial Fenton’s reagent concentration. 

Experiments were performed following a kinetic model to determine optimal conditions 

for the quantification of hydroxyl radical (OH) using DMPO.  

In Paper II, the study of trapping chemicals was extended. It was focused on the 

analysis of key factors that influence the detection of OH, named the Fenton’s reagent 

ratio and their initial concentration using coumarin and DMPO. In Papers I and II, 

Fenton’s reaction were used as the source of OH by mixing solutions of different 

concentration of H2O2 and Fe2+. Fluorescence and electron spin resonance (ESR) were 

the main analytical methods to detect the response of the chemical traps used.  

In Paper III, the objective was to compare the performance of the electrochemical 

mineralization of synthetic solutions of bisphenol A in sulfate and chloride + sulfate 

containing Fe2+ as catalysts by EF, PEF and SPEF, producing continuously OH by 

reaction of generated H2O2 and Fe2+ ions. The decay of bisphenol A and its reaction 

byproducts were followed using HPLC and GC-MS analyses, respectively. 

In Paper IV, the purpose was to evaluate the performance of EF compared with 

chemical treatments like acidification, aeration and Fenton’s reagent to remove selected 

(toxic) metals from anaerobically digested sludge solutions. Electro-Fenton (EF) was 

studied as sludge washing technique. 0.1% TSS and 0.5% TSS anaerobically sewage 

sludge solutions were electrolyzed, and the initial and final content of Cr, Cd, Fe, Zn and 

P was quantified by inductively coupled plasma.  

Finally, the aim of Paper V was twofold: first, to identify pH transitions imposed 

by the products formed during the electroreduction of O2, second to study the efficiency 

in the recovery of a dissolved iron salt as nanoparticles. Gas-diffusion electrodes were 

applied to prepare nanoparticles of iron oxides like magnetite. Their crystallite size and 

diffraction patterns were determined using X-ray diffraction. 

 

2.1 Reagents 

The following chemicals were used in Papers I-II: ferrous sulphate heptahydrate 

(FeSO4·7H2O) and hydrogen peroxide (H2O2, 30 wt.%) were purchased from Merck 

(Darmstadt, Germany). 4-hydroxy-2,2,6,6-tetramethylpiperidin-1-oxyl (TEMPOL), 1,2-

benzopyrone (Coumarin), 7-hydroxycoumarin (Umbelliferone) and catalase were 

purchased from Sigma-Aldrich (Darmstadt, Germany). 5,5-dimethyl-1-pyrroline-N-

oxide (DMPO) was provided by Cayman Chemical Company (Ann Arbor, USA). The 
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concentrations of stock solutions for Fenton reagents and trapping chemicals were 4.5 M 

H2O2, 0.15 and 0.05 M FeSO4·7H2O, 1 M DMPO and 0.008 M coumarin, and stored in 

amber flasks in a laboratory +4 °C.  

Bisphenol A (> 99 % purity) was used in Paper III, and purchased from Sigma-

Aldrich. All chemicals used for HPLC were of analytical grade and purchased from Fluka, 

Panreac, Sigma-Aldrich and Acros Organics. Sigma-Aldrich, Fluka, Panreac and Acros 

Organics supplied acids, salts and other chemicals used in Paper IV. Ferrous sulphate 

heptahydrate (FeSO4·7H2O) and hydrogen peroxide (H2O2, 30 wt.%) were purchased 

from Merck (Darmstadt, Germany). Iron salts, acids, ammonium chloride (NH4Cl), H2O2 

(30 wt.%) and other chemicals used in Paper V were obtained from Merck, Sigma-

Aldrich, Panreac, Fluka and Acros Organics.  

All reagents were of analytical grade and used without further purification. All 

solutions in Papers I-V were prepared with ultrapure water from a Merck Millipore Milli-

Q system with resistivity > 18 MΩ cm, whereas their pH was adjusted to 3.0 ± 0.2 using 

concentrated H2SO4 (98 wt.%) unless otherwise specified. 

 

2.2 Methods 

2.2.1 Fenton reaction experiments 

Table 2.1 outlines three different series of Fenton reactions conducted in Papers I-II. First, 

series 1 was conducted in Paper I varying H2O2, Fe2+ and DMPO concentrations, at 

constant [H2O2]:[Fe2+] ratio of 10:1. Second, series 2 was performed in Paper II, varying 

H2O2, Fe2+ at a fixed concentration of 100 mM DMPO. Different Fenton reagent ratios of 

10:1; 100:1; 1000:1; 10000:1, and 100000:1, were tested. Third, series 3 was carried out 

in Paper II varying H2O2, Fe2+ and coumarin concentrations. Also, different Fenton 

reagent ratios of 10:1; 100:1; 1000:1 were analysed. All reagents were mixed using a 

vortex, in the following order: ultra-pure water (adjusted to pH 3.0 ± 0.2 using 

concentrated sulphuric acid), H2O2, chemical trap, and FeSO4·7H2O (total volume: 2 

mL). The mixed reagents were kept in the dark and samples were analysed at times 

specified in the results and discussion section.  

Table 2.1: Fenton reaction series 

Series [H2O2] (mM) [Fe2+] (mM) [H2O2]:[Fe2+] 

ratio 

[Chemical trap] 

from to from to 

1 1 100 0.1 10 10:1 5 - 100 mM DMPO 

2 0.1 10 0.001 1 variable 100 mM DMPO 

3 1 100 0.001 10 variable 0.5 - 4 mM coumarin 
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2.2.2 Theoretical equations  

In Papers I and II, equations (2.1) and (2.2) were presented to investigate the conditions 

in which DMPO-OH adduct or 7-hydroxycoumarin (7HC) are not further oxidised by 

Fe3+ and/or excessive radicals, so that OH concentration can be determined accurately 

(Finkelstein et al., 1980; Fontmorin et al., 2016; Lindsey & Tarr, 2000). They represent 

the contribution of the [H2O2]:[Fe2+] ratio and the chemical trap concentration under 

quasi-steady-state conditions. 

 [𝐶𝑜𝑢𝑚𝑎𝑟𝑖𝑛]

𝐻2𝑂2
 ≫  

𝑘𝑡1 [𝐹𝑒2+]

𝑘𝑡2[𝐻2𝑂2]
+ 

𝑘𝑡1

𝑘𝐶
 (2.1) 

 [𝐷𝑀𝑃𝑂]

𝐻2𝑂2
 ≫  

𝑘𝑡1 [𝐹𝑒2+]

𝑘𝑡2[𝐻2𝑂2]
+  

𝑘𝑡1

𝑘𝐷
 (2.2) 

where: kt1 (rate constant of reaction 1.2) and kt2 (rate constant of reaction 1.3) are rate 

constants of OH quenching reactions in the Fenton mechanism (Finkelstein et al., 1980); 

kC  (5.6 × 109 M-1 s-1) and kD  (3.4 × 109 M-1 s-1) are formation rate constants of 7HC and 

DMPO-OH adduct, respectively.  

2.2.3 Fluorescence, UV-Vis and ESR measurements 

In Paper I, ESR and UV-Vis methods were used to study reactions between the chemical 

trap and OH, while ESR and fluorescence served as analytical techniques in Paper II. 

Quenching experiments to increase the pH of the samples were performed by adding 100 

µL of catalase up to a final concentration of 0.2 mg L-1. No quencher was added to 

fluorescence samples. Fluorescence, UV-Vis and ESR data collection methods are 

described in Papers I and II. The calibration curves were recorded in triplicate, whereas 

the analyses of the Fenton reaction samples were performed at least in duplicate and the 

average results were reported. 

2.2.4 Analytical procedures 

In Papers III and IV, the pH of the solution was measured on a Crison GLP 22 pH-meter, 

and HPLC analyses were performed with a Waters 600 liquid chromatograph coupled to 

a 996-photodiode array detector. Bisphenol A decay was monitored by method 1 

described in Table 2.2, whereas short-linear carboxylic acids were identified by method 

2. In EF, PEF and SPEF, acetonitrile (50% in volume) was added to the samples to prevent 

their degradation. All samples were filtered prior to measurements. 
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Table 2.2: HPLC analysis 

HPLC method Column Mobile phase Detector 

nm 
1Reversed phase BDS Hypersil C18, 250 mm 

 4.6 mm 

30:70 (v/v) acetonitrile: water 

in KH2PO4 10 mM, pH 3 

254 

2Ion exclusion  Bio-Rad Aminex HPX 87H, 

300 mm  7.8 mm 

4 mM H2SO4 solution 210 

 

In Papers III and IV a Shimadzu VCSN TOC analyser was used to follow the total 

organic carbon (TOC) by injecting 50 L of filtered aliquots (using 0.45 µm cellulose 

syringe filters). From these data, the efficiency of the mineralisation (MCE, in %) was 

then calculated by Eqn (2.3), previously reported by Ruiz et al. (2011) using the changes 

in TOC values ((TOC), in mg L-1) at a particular time (t, in h) and constant applied 

current (I, in A): 

 
% 𝑀𝐶𝐸 =

nFV∆(TOC)

4.32  107 m I t
 (2.3) 

where F (= 96,485 C mol-1) represents Faraday’s constant, V is the treated volume (in L), 

4.32107 is a conversion factor (3,600 s h-1  12,000 mg C mol-1), m (= 15) is the number 

of carbon atoms present in the chemical formula of bisphenol A, and n (= 72) accounts 

for the number of electrons transferred considering that total mineralisation occurs, which 

is represented as follows: 

 C15H16O2  +  28H2O    15CO2  +  72H+  +  72e (2.4) 

In paper III, the primary aromatic intermediates of bisphenol A were identified 

with a GC-MS (NIST05 MS library) instrument using the method reported by Steter et. 

al. (2016). The organic components from the samples were extracted with 

dichloromethane, then filtered, and finally concentrated up to ca. 1 mL with nitrogen gas.  

The initial content of metals, phosphorous and carbon present in the samples of 

anaerobically digested sewage sludge treated by EF are described in Paper IV. The 

concentration of Cd, Cu, Cr, Pb, Zn, Fe and P in each collected sample was determined 

after digestion by inductively coupled plasma (ICP-OES and ICP-MS), while carbon was 

determined by elemental analysis. All samples were treated according to the method ISO 

11466. Inductively coupled plasma (ICP-OES and ICP-MS) was also employed to 

measure the concentration of Cd, Cu, Cr, Pb, Zn, Fe and P present in the liquid phase of 

the electrolysed volumes before and after treatment. Prior to the ICP-EOS and ICP-MS 

analyses, all samples were filtered with 0.45 µm syringe filters. 

In Paper IV, the soluble Fe2+ ions were determined using the 10-phenanthroline 

method, measuring the absorbance of its complex with 1,10-phenantroline at  = 510 nm 

with a UV-Vis spectrophotometer (method ASTM E394). The capillary suction time 
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(CST) was also measured before and after treatment for dewaterability determination. Cl 

concentration was determined as previously reported by Thiam et al. (2015) 

The morphological and surface composition characterisation of dry sludge in 

Paper IV was done by scanning electron microscopy (SEM) and energy-dispersive X-ray 

analysis (EDX). The details of the methods applied can be found in Paper IV. 

In Paper V, the accumulation of H2O2 was followed using the iodide method. The 

samples were measured in a UV-Vis spectrometer. The average crystallite size and the 

diffraction patterns of the prepared nanoparticles of iron oxide, in Paper V, were 

characterized with a PANanalytical Empyrean diffractometer, using Co K radiation. 

Linear sweep voltammetry (LSV) curves were recorded to monitor the 

electrocatalytic activity of the electroreduction of gas-O2 using a Bio-Logic 

potenciostat/galvanostat. 

2.2.5 Electrochemical treatments  

In Paper III, solutions of 150 mL of bisphenol A were electrolysed in either 0.050 M 

Na2SO4 or 0.008 M NaCl + 0.047 M Na2SO4 at pH 3.0 and 35 ºC, while in Paper IV, 

0.1% TSS and 0.5% TSS sewage sludge solutions were treated by EF and other chemical 

treatments like chemical Fenton’s process. The electrolysis was performed at a constant 

current, with a potentiostat-galvanostat connected to a digital multimeter to monitor the 

cell voltage. The reactor was a cylindrical, jacketed open tank under vigorous stirring (at 

700 rpm and 30 ºC). Water recirculation around the reactor was used to keep it at constant 

temperature.  

In Paper III, the anode was a BDD thin-film electrode with an active area of 3 

cm2. In Paper IV for EF treatment the same area of electrodes was used, and separated by 

1 cm. The anode was either a BDD or a DSA-Cl2 (RuO2-based) electrode. In Papers III 

and IV, a circular carbon-PTFE air-diffusion cathode (3 cm2 circular) was used. The 

configuration and setup can be found in the literature (Thiam et al., 2015; Steter et al., 

2016). As in the majority of the experiments, all treatments were made in duplicate and 

the average results are reported with the corresponding standard deviations.  

In Paper V, 250 mL solutions with or without iron salts were electrolysed in 0.14 

M NaCl, 0.14 M NaCl + 0.010 M NH4Cl and 0.14 M NaCl + 0.030 M NH4Cl, 

respectively, from an initial acidic pH (2.7-3) to alkaline conditions (8-12)  at room 

temperature. The electrolysis was performed at a constant polarization potential of -0.350 

V (a), -0.550 V (b) and -0.750 V (c) supplied by a Bio-Logic potentiostat-galvanostat. 

The reactor setup had two cylindrical compartments (i.e. anolyte and catholyte) under 

stirring. The reaction solution was recirculated from two independent containers at 40 mL 

min−1. The reference electrode was an Ag/AgCl (satd. KCl, Biologic); the counter 

electrode was a 10-cm2 Pt disc, and the working electrode a 10-cm2 cold-rolled gas-

diffusion electrode (VITO CORE®). 
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3 Experimental development 

3.1 Aims of the present research work 

Currently, the aim of most studies using Fenton's chemistry is the remediation of 

wastewaters and the production of cleaner waters. Those challenging targets include the 

abatement of recalcitrant contaminants like organic persistent pollutants, and the recovery 

of toxic metals and other compounds. However, the recovery of metals and nutrients is 

of increasing interest, boosted either by the depletion of their natural resources (e.g. 

mineral deposits) or by their accumulation in byproducts produced in established 

secondary treatments at WWTPs (e.g. sewage sludge). In any case, their impact on the 

environment and the health of the population is a big concern that should be prevented 

and minimised, and in the worst of the cases, remediated. 

The aim of this research work was to study the potential application of Fenton's 

chemistry to the degradation of recalcitrant organic compounds, to recover (toxic) metals 

and nutrients from anaerobically digested sewage sludge, and finally to the recovery of 

value-added compounds using either synthetic or actual-based solutions. The work also 

evaluated the performance of (electrochemical) advanced oxidation processes compared 

to their analogous chemical ones. This was performed because the Fenton's reaction can 

be continuously promoted through the steady in-situ electrogeneration of H2O2, and the 

regeneration of Fe2+, a process known as electro-Fenton (EF). Moreover, the influence of 

coupling artificial (photo-electro-Fenton, (PEF)) or solar (solar-PEF, (SPEF)) radiation 

with the EF process was evaluated to improve the efficiency and economics of the 

treatment. 

Bisphenol A was chosen as a model organic pollutant to study its electrochemical 

degradation using different methods, because of its commercial and industrial relevance, 

and the carcinogenic and mutagenic effects associated with it. A group of (toxic) metals 

and phosphorous were selected as target chemical elements to be recovered from samples 

of anaerobically digested sewage sludge. Finally, in Paper V nanoparticles of iron oxides 

like magnetite were electroprecipitated using synthetic solutions due to their relevance as 

catalyst in a variety of uses such as medical applications. 

In Papers III and IV, the essays were performed by adding 0.50 mM Fe2SO4 as 

catalysts. In Paper III, solutions in PEF were exposed to artificial irradiation (UVA light, 

max = 360 nm) with a power density of 5 W m−2. For SPEF experiments, solar radiation 

was supplied with an average of UV power of 32.6 W m−2. 
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3.2 Trapping chemicals to detect hydroxyl radicals 

In papers I and II two trapping chemicals, namely 1,2-benzopyrone (coumarin) and 5,5 

dimethyl-1-pyrroline-N-oxide (DMPO) were assessed to study the quantification of 

hydroxyl radicals (OH). Fenton’s reaction were used as the source of OH. The 

hydroxylated specie formed between coumarin and •OH, named 7-hydroxycoumarin 

(7HC), was followed by fluorescence (Newton & Milligan, 2006). Umbelliferone (7HC) 

was used as a standard to quantify the 7HC formed because of the hydroxylation reaction. 

The concentration of the DMPO-OH adduct formed from the reaction between DMPO 

and OH was monitored by electron spin resonance (ESR).  

According to equations (2.1) and (2.2) described in Chapter 2 (Section 2.2.2), in 

order to obtain stable signals using either fluorescence or ESR, their left-hand ratios 

describing the ratio between the chemical trap and H2O2 concentrations should be higher 

by at least two to three orders of magnitude than their corresponding right-hand quantities. 

The experimental results presented in Figures 3.1 and 3.2 confirmed this hypothesis. For 

instance, in Paper I a stable DMPO-OH adduct signal was obtained using a constant 

amount of 100 mM of DMPO combined with initial concentrations of 1 mM H2O2 and 

0.1 mM Fe2+, corresponding to a value of 0.0168, so the formation of a stable ESR signal 

was expected under these conditions (Figure 3.1). In these experiments, the ESR spectra 

recorded and ascribed to the formation of the DMPO-OH adduct (Figure 3.2-b) was the 

characteristic quartet without the further apparition of additional lines. It was concluded 

that the ratio between the concentrations of DMPO and H2O2 should be at minimum three 

orders higher than the right-hand ratio, meaning higher than 16.8 for the previously 

mentioned Fenton’s reagent concentration and DMPO content (Fontmorin et al., 2016).  

 

Figure 3.1: Time-series of DMPO-OH peak amplitude for various concentrations of Fenton’s 

reagent and constant 100 mM DMPO concentration. Reproduced from Fontmorin et al. (2016) 

from Elsevier. 
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Figure 3.2: (a) Impact of DMPO concentration on DMPO-OH peak area during the time for 

Fenton reaction with 5 mM H2O2, 0.5 mM Fe2+. (b) ESR signal obtained with 100 mM DMPO 

after a 9-min reaction. (c) ESR signal obtained with 50 mM DMPO after a 9-min reaction. d) ESR 

signal obtained with 5 mM DMPO after a 9-min reaction. Reproduced from Fontmorin et al. 

(2016) from Elsevier. 

 

It was also observed that, in order to promote the conditions needed for the reliable 

detection of OH, the concentration of either DMPO (Figure 3.2-b) or coumarin should 

be calculated according to the initial concentration and ratio of Fenton’s reagent. For 

example, in the case of using ESR with DMPO as spin trap, the absence of additional 

lines on the ESR spectra recorded does not mean the reliable detection of hydroxyl 

radicals, since ESR-silent compounds might be formed (Fontmorin et al., 2016; Burgos-

Castillo et al., 2018a). Overall, these results suggest that: (i) the ratio between the 

concentrations of the chemical trap and H2O2 holds the key in terms of the oxidation 

kinetics of the organic trap at a fixed ratio of Fenton’s reagent. (ii) The stability of the 

DMPO-OH adduct and 7HC is dependent on OH concentration, the higher this 

concentration, the shorter the lifespan of the hydroxylated compounds to be monitored. 

(iii) To ensure the reliable detection of hydroxyl radicals under the conditions used in this 

study, the required chemical trap concentration will change depending on the Fenton’s 

reagent ratio, which can be evaluated using the theoretical equations here proposed 

(Fontmorin et al., 2016). 

Subsequently, the changes of 7HC (Figure 3.3) and DMPO-OH adduct (Figure 

3.4) signals were analysed varying both the [chemical trap]:[H2O2] ratio and the Fenton’s 

reagent ratio (up to 104). The accumulated 7HC and DMPO-OH adduct were measured 

at 22.5 min and 4 min after mixing Fenton’s reagent with coumarin or DMPO, 

respectively. Figure 3.3 presents the hydroxyl radical yield detected using 1 mM of 

coumarin by fluorescence. The highest product yield was between 3.0  10−5 M and 3.6 

 10−5 M for a ratio of 10, 100 and 1,000 (red zone in Figure 3.3). A comparison of these 
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results revealed that the addition of 0.1 mM initial Fe2+ concentration played a more 

significant role concerning the initial H2O2 concentration. It is worth noting that this value 

is in the order of magnitude reported as an optimal operative condition in other research 

papers (Brillas et al., 2004). Furthermore, under the conditions of this study coumarin 

was considered a suitable chemical trap at 1 mM combined with initial concentrations of 

1mM H2O2 and 0.1 mM Fe2+. However, it is important to bear in mind some aspects that 

can lead to a decrease in the analytical signal, and thus poor performance of the 

fluorescence method to detect •OH. First, the excessive concentration of coumarin may 

promote collisions between two molecules of coumarin or two formed fluorophores (i.e. 

7HC). Second, if coumarin is underdosed, the concentration of 7HC to be measured may 

react with •OH as it increases its concentration in the reaction system whilst the coumarin 

concentration decreases. The 7HC decay is likely due to a further hydroxylation reaction 

into non-fluorescent derivatives.  

Together these findings provide an important insight into the reliable 

quantification of •OH using coumarin, which is related to the ratio between the 

concentrations of H2O2 and coumarin defined by equation (2.1). Based on these results, 

this ratio should be two orders greater than the right-hand side of equation (2.1) at a 

constant Fenton’s reagent of 10 to give a steady fluorescence signal. 

 

 

Figure 3.3: Equivalent concentration of OH formed as a function of the Fenton’s reagent ratio 

using 1 mM coumarin. All data were measured 22.5 min after mixing the reagents using 7-

hydroxycoumarin (7HC) as a standard. The x-axis and y-axis are presented on logarithmic 

scales. Reproduced from Burgos-Castillo et al. (2018a) with permission from the Royal 

Society of Chemistry. 
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Figure 3.4 depicts the amount of OH measured adding 100 mM DMPO by ESR. The 

highest concentration of radicals was about 4.2  10−5 M at Fenton’s reagent of 10 (red 

zone in Figure 3.4). In contrast, as in the case of coumarin (Figure 3.3), the detected •OH 

concentration decreased about 3-fold to 15-fold as the Fenton’s reagent increased from 

100 to 1000, respectively. Again, a Fe2+ concentration of 0.1 mM proved to be optimal in 

the amount of •OH generated and detected.  

 

 

Comparison of •OH detected by fluorescence (Figure 3.3) and ESR (Figure 3.4) 

indicated that their concentration measured in ESR using DMPO as chemical trap reached 

a slightly larger value of about 1.2-fold. It should be noticed that the optimal ratio of 

Fenton’s reagent used in both techniques was found to be 10. Moreover, using DMPO 

required a greater concentration than coumarin to yield the same amount of •OH detected 

but resulted in being a more reliable probe for detecting •OH under the considerations of 

this study (Burgos-Castillo et al., 2018a). The difference between the concentrations of 

coumarin and DMPO added for detection was due to the lower solubility of coumarin 

compared to DMPO, as well as to the difference in sensitivity of the fluorescence method, 

which is higher in the last method. 

  

Figure 3.4: Equivalent concentration of OH formed as a function of the Fenton’s reagent ratio at 

a constant DMPO adduct probe concentration (100 mM) using TEMPOL as a standard. All data 

were measured 4 min after mixing the reagents. The x-axis and y-axis are presented on logarithmic 

scales. Reproduced from Burgos-Castillo et al. (2018a) with permission from the Royal Society 

of Chemistry. 
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3.3 Electrochemical degradation of bisphenol A 

In Paper III, solutions containing 0.556 mM bisphenol A in either 0.050 M Na2SO4 or 

0.008 M NaCl + 0.047 M Na2SO4 were treated by EO-H2O2, EF, PEF and SPEF. The 

three latter EAOPs, which are Fenton-based processes, were run with 0.50 mM FeSO4 

since this concentration has been reported as optimal during analogous treatments of other 

organics pollutants (Ruiz et al., 2011). Two important features are worth highlighting. 

One is the change in the colour of the solution and the other is related to the steady acidic 

pH during the electrolysis. Concerning the colour of the solutions, in all experiments the 

initial colourless solution quickly changed to brownish then yellowish, before finally 

becoming colourless again. This is important to note because the brownish colour is 

associated with the formation of quinona-based complexes of Fe(III) (Feng et al., 2013; 

Sirés et al., 2014). On the other hand, the acidic final pH between 2.8 - 2.9 suggests the 

presence of short-linear carboxylic acids (Brillas et al., 2009; El-Ghenymy et al., 2013).  

Table 3.1 resumes the kinetics analysis for the all performed experiments, 

indicating a pseudo-first-order kinetics in agreement with the exponential decay observed 

in the experimental degradation profiles (Figures 3.5 and 3.6). The calculated MCE values 

agree with the TOC decay that was dependent on the type of treatment applied and 

resulted in TOC removal following this order EO-H2O2  EF  PEF  SPEF. Solar-PEF 

showed better performance, reaching a maximal MCE value of 60.4% at 40 min. The 

trend is also supported by the kTOC-values calculated, which were 1.6-fold, 6.8-fold and 

12.8-fold greater in EF, PEF and SPEF, respectively, in comparison with EO-H2O2. Table 

3.1 also infers that the mineralisation process (at 240 min) was accelerated by increasing 

the current density (j) (from 33.3 to 100 mA cm−2), in all cases. The influence of parasitic 

reactions was also revealed in the same figure by a decrease in MCE values of all systems 

when the j was changed from 33.3 to 100 mA cm−2. This suggests a decrease in the 

relative concentration of •OH available to react with the organic pollutants (Sirés et al., 

2014; Thiam et al., 2015a; Thiam et al., 2015b; Pérez et al., 2017). 

The TOC decay and mineralisation efficiency of bisphenol A in PEF at 100 mA 

cm−2 in sulphate media is illustrated in Figures 3.5-c and 3.5-d. It shows that the TOC 

reductions increased from 93.2% to 96.6% when using concentrations between 0.112 and 

0.556 mM, yielding almost total abatement (Figure 3.5-c). The maximum MCE value 

reached was about 31.7% at 60 min for 0.556 mM, but this parameter plummeted at later 

times as previously discussed, resulting in longer times to completely mineralise the 

higher loads of TOC, which are related to the slight drop in the kTOC values calculated 

(Table 3.1). Moreover, at a constant applied current, a similar production of BDD(•OH) 

and •OH was expected, so the higher observed MCE value (i.e. at a higher concentration 

of bisphenol A of 0.556 mM) can result from a lower occurrence of parasitic reactions 

(Ruiz et al., 2011; Steter et al., 2016; Thiam et al., 2015a; Thiam et al., 2015b). 
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Table 3.1: Pseudo-first-order rate constant obtained for TOC removal (kTOC) and the 

corresponding R-squared, percentage of TOC removal and mineralisation current efficiency at 

240 min. Trials were made using 150 mL of bisphenol A solutions in different matrices at pH 3.0 

and 35 C with different electrolytes by several EAOPs with a BDD/air-diffusion cell. 

Reproduced from Burgos-Castillo et al. (2018b) from Elsevier. 

 

Method 

[Bisphenol A]0 

(mM) 

j 

(mA 

cm-2) 

kTOC 

(min-1) 

 

R2 

% TOC 

removal 

 

% 

MCE 

0.050 M Na2SO4 

 

EO-H2O2 0.556 33.3 2.010-3 0.985 34.6 13.9 

 0.556 100 2.810-3 0.996 46.2 6.2 

EFa 0.556 33.3 2.310-3 0.998 43.0 17.3 

 0.556 100 4.610-3 0.995 69.8 9.4 

PEFa,b 0.556 33.3 1.310-2 0.980 96.3 38.7 

 0.112 100 2.310-2 0.979 93.2 2.5 

 0.278 100 2.110-2 0.994 95.9 6.4 

 0.417 100 2.010-2 0.995 96.3 9.7 

 0.556 100 1.910-2 0.987 96.6 12.9 

SPEFa,c 0.556 100 3.610-2 0.985 98.2 13.2 

0.008 M NaCl + 0.047M Na2SO4 

EO-H2O2 0.556 33.3 1.210-3 0.986 23.5 9.8 

 0.556 100 3.110-3 0.990 49.2 6.6 

EFa 0.556 33.3 3.410-3 0.996 55.2 22.2 

 0.556 100 6.010-3 0.985 79.1 10.6 

PEFa,b 0.556 33.3 1.010-2 0.981 89.1 35.8 

 0.112 100 1.710-2 0.994 92.0 2.4 

 0.278 100 1.610-2 0.983 95.2 6.5 

 0.417 100 1.510-2 0.997 96.0 9.6 

 0.556 100 1.410-2 0.990 96.1 12.8 

SPEFa,c 0.556 100 2.810-2 0.985 97.4 13.1 
aAddition of 0.50 mM Fe2+ 

bUpon 6 W UVA irradiation 
cUpon sunlight irradiation 

 

Photoactive intermediates of bisphenol A were adequately destroyed by SPEF in 

the sulphate + chloride (Figure 3.6-a) containing electrolyte, which exhibited the highest 

performance at 100 mA cm−2 compared to similar treatments at 33.3 mA cm−2. The higher 

kTOC values and TOC removals at 240 min made evident the effect of raising the current 

density. Fe(III)-complexes formed in EF treatments are difficult to mineralise, and this 

drawback has been overcome by applying UV radiation. This is because all electrode 

reactions are accelerated, increasing the concentration of both heterogeneous BDD(•OH) 
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and homogeneous •OH, even of active chlorine when NaCl is used in the background 

electrolyte (Figure 3.6). The last feature to mention is the overall lower MCE values 

calculated at 100 mA cm−2 compared with those at 33.3 mA cm−2
 in EF, PEF and SPEF 

that are also summarised in Table 3.1. This is due to occurring parasitic reactions which 

partially consumed •OH with a concomitant drop of MCE in EF, PEF and SPEF. 

 

 

Figure 3.5: Time course of (a,c) TOC and (b,d) mineralisation current efficiency during the 

degradation of 150 mL of 0.556 mM bisphenol A solutions in 0.050 M Na2SO4 at pH 3.0 and 

35C using a BDD/air-diffusion cell at j = 100 mA cm-2. Figures (a) and (b) illustrate () EO-

H2O2, () EF, () PEF and () solar photoelectro-Fenton (SPEF) with 0.50 mM Fe2+. Figures 

(c) and (d) illustrate PEF process with () 0.112 mM, () 0.278 mM, () 0.417 mM and () 

0.556 mM bisphenol A. Reproduced from Burgos-Castillo et al. (2018b) from Elsevier. 

 

There is evidence that kTOC-values, TOC abatements and MCE values obtained at 

100 mA cm−2 in EO-H2O2 and EF were similar in both types of electrolytes, containing 

sulphate (Figure 3.5-b) or sulphate + chloride (Figure 3.6-b) as electrolyte. As a result, 

fast mineralisation was promoted in the last electrolyte by the significant generation of 

BDD(•OH) and •OH, readily reacting with chloro-derivatives. However, the detrimental 

effect of Cl− was found in PEF and SPEF indicating the lower photoactivity of chlorinated 

products. Notably, the overall performance of the SPEF treatment showed large 



 45 

mineralisation in both media because of the synergistic action of BDD(•OH), •OH and 

UV. 

 

 

Figure 3.6: Time course of (a,c) TOC and (b,d) mineralisation current efficiency during the 

degradation of 150 mL of 0.556 mM bisphenol A solutions in 0.008 M + 0.047 M Na2SO4 at pH 

3.0 and 35C using a BDD/air-diffusion cell at j = 100 mA cm-2. Figures (a) and (b) illustrate () 

EO-H2O2, () EF, () PEF and () solar photoelectro-Fenton (SPEF) with 0.50 mM Fe2+. 

Figures (c) and (d) illustrate PEF process with () 0.112 mM, () 0.278 mM, () 0.417 mM 

and () 0.556 mM bisphenol A. Reproduced from Burgos-Castillo et al. (2018b) from Elsevier. 

 

The decay of 0.556 mM bisphenol A, which is ascribed to its reaction with 

heterogeneous BDD(•OH) or homogeneous •OH, and active chlorine when present, was 

followed by HPLC (Figure 3.7). Solutions of bisphenol A with either 0.050 M Na2SO4 or 

in the mixed media (0.008 M NaCl + 0.047 M Na2SO4) were treated by SPEF at 100 mA 

cm−2. The performance of the SPEF treatments (Figure 3.7-b) was compared with the 

performance of an EO-H2O2 process (Figure 3.7-a) in the mixed media. The latter gave 

an apparent rate constant of k1=0.026 min-1 (R2 = 0.995) whereas the SPEF treatments 

showed an average k1 = 0.51  0.02 min-1 (R2  0.990). The inset panel fitted a linear 

trend, suggesting a pseudo-first-order reaction. The faster abatement of bisphenol A in 

SPEF (around 10 min) in comparison with EO-H2O2 (around 180 min) is explained by 
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the formation of a steady concentration of homogeneous •OH from Fenton’s reaction 

(1.1). In addition, to the enhancement due to photolytic reactions like (1.9) and (1.10) as 

widely discussed in the literature and presented in the literature review of this work for 

similar systems (Murugananthan et al., 2008; Gözmen et al., 2003). Overall, the in-situ 

generation of a small but continuous quantity of •OH and active chlorine destroyed the 

content of bisphenol A. 

 

 

Figure 3.7: Time course of bisphenol A concentration during the degradation of 150 mL of 

bisphenol A in different electrolytes at pH 3.0 using a BDD/air-diffusion cell at j = 100 mA cm−2 

and 35 C (a) EO-H2O2 with 0.008 M NaCl + 0.047 M Na2SO4 (b) SPEF with () 0.050 M 

Na2SO4 and () 0.008 M NaCl + 0.047 M Na2SO4. The inset panels present the corresponding 

pseudo-first-order kinetic analysis. Reproduced from Burgos-Castillo et al. (2018b) from 

Elsevier. 

 

3.4 Electro-Fenton (EF) process as sludge-washing technique 

In Paper IV, three different sludge samples (S1, S2, S3) were treated using EF. The higher 

concentration of total solids (TS) was around 38 g (kg raw sludge)−1 for S1whereas S2 

and S3 TS contents were around 32 g (kg raw sludge) −1. The relative initial concentration 

of the studied metals and P were analogous in all cases. The less abundant metal was Cd 

(from 1.4 to 1.9 mg (kg TS) −1), followed by Pb (between 18 and 56 mg (TS) −1) and Cr 

(from 41 to 104 mg (kg TS) −1). Cu and Zn were the elements detected in the higher 

concentration up to 513 mg (kg TS)-1 and 616 mg (kg TS) −1, respectively. Fe and P had 

the higher content in the analysed samples, varying P from 32.6 to 41 g (kg TS) −1. 

The aim of this part of the work was to apply EF treatment to the collected sludge 

samples to promote the leaching of the selected elements from the solid fraction of the 

samples to the liquid phase. The concentration of Cd, Cu, Cr, Pb, Zn, Fe and P present in 

the liquid phase of the electrolysed volumes before and after treatment were quantified in 

all trials. This was performed by treating volumes of 150 mL of sewage sludge solutions, 
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adding 0.050 M Na2SO4 as background electrolyte and 0.50 mM Fe2+ as catalyst, at 

constant current density (j). The concentration of the selected elements that leached into 

the liquid phase from the solid fraction of sewage sludge was analysed by varying the 

percentage of TS in suspension, applied current density and anode nature (active vs. 

nonactive). An unexpected behaviour was observed during the EF treatment: the solution 

became biphasic, forming a dark foam on top of the liquid, while the bulk remained clear 

and transparent. This is unusual during the treatment of wastewater and can be ascribed 

to the oxidation of long EPS into short molecules under the action of formed oxidants 

(e.g. •OH and active chlorine). Besides, the smaller molecules generated may adhere to 

the surface of the fine gas bubbles released from the electrodes, causing flotation 

analogous to an electroflotation process (Brillas et al., 2009; Sirés et al., 2014). Only an 

aeration process could not oxidise the long EPS aggregates, so that organic matter did not 

adhere to the gas bubbles whereas in chemical Fenton treatment, the lack of continuous 

oxygen evolution did not promote their transport to the liquid surface.  

In general, the generated oxidants occurring through different reaction routes 

affected the oxidation state of the metals, influencing the oxidation state of the elements 

present in the sludge treated solutions, which in turn led to changes in their concentration 

in the solid fraction. Moreover, the scission of organic metal-complexes present in the 

sludge can facilitate the leaching of metallic ions such as Cd2+, Cu2+ and Zn2+. Therefore, 

the formation of stable soluble complexes of those metals with humic and fulvic acids, 

which makes possible their dissolution in the liquid phase, cannot be neglected (Town et 

al., 2012). Furthermore, the formation of superior valence state ions can be formed by the 

oxidation of initially soluble ions, promoting their insolubilisation. This clarifies the 

reduction of soluble Pb concentration during the treatment, which can be associated with 

the partial conversion of Pb2+ into insoluble forms like PbO2 and PbSO4. Finally, the 

oxidation of soluble P complexes can release PO4
3-  and precipitate as salts of Fe3+ or 

alkaline ions (Ca2+) (Ito et al., 2013; Ebbers et al., 2015; Ottosen et al., 2013).  

Figure 3.8 illustrates the change of concentration of selected elements after 60 min 

of EF treatment to a solution adjusted to 0.10 wt.% TS of sample S3 with a BDD anode 

at a current density (j) of 33.3 mA cm−2. The conductivity in this trial was lower (8.1  

0.5 mS cm−1) by a unity compared to that measured for 0.50 wt.% TS ( 9.1  0.2 mS 

cm−1). This can be explained by the slight difference in the salts present in the samples. 

In this process, the content of Pb remained steady, whereas that of Cr, Fe and P declined 

by 39.6%, 91.7% and 84.2%, respectively. This may be associated with the precipitation 

of organic complexes of Cr(III) and Fe(III), or the formation of their insoluble salts. For 

example, P can be oxidised from its soluble organic complexes to produce insoluble 

phosphates like FePO4 (Ito et. al., 2013). Unlike Cd, Cu and Zn increased to almost three 

times their initial value, being 69%, 60.2% and 67.5%, respectively, at the end of the 

treatment. They can form soluble Cd2+, Cu2+ and Zn2+ ions or react with fulvic or humic 

acids to form soluble complexes (Ridruejo et al., 2018; Town et al., 2012). 
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Figure 3.9 shows the change in concentration of Cd, Cu, Cr, Pb, Zn, Fe and P 

present in the liquid phase of the electrolysed volumes before and after treatment applying 

EF using a BDD anode, varying the current density between 33.3 and 150 mA cm−2. The 

comparison of the trends between Figures 3.8 and 3.9 suggests the same behaviour for all 

elements except Pb. For this element, its final content accumulated in the liquid only 

increased by 10% of its total content in the sludge. This suggests the oxidation of 

insoluble Pb(II)-EPS complexes that can then form soluble Pb(II) complexes with the 

organics present in the liquid phase. Also, larger Cr (90.4%) and smaller Fe (88.0%) and 

P (62.1%) contents were observed. Unlike, the solubilisation of Cd (29.5%), Cu (99.2%) 

and Zn (83.6%) increased 59.1-fold, 29.0-fold and 2.3-fold, respectively. The recovery 

Figure 3.8: Change of element concentration after 60 min of electro-Fenton (EF) treatment of 150 

mL of a 0.10 wt.% anaerobically digested sludge suspension of sample S3, with 0.050M Na2SO4 

and 0.50 mM Fe2+ at pH 3.0, under stirring at 700 rpm and 30 C. The cell was equipped with a 3 

cm2 boron-dopend diamond (BDD) anode and a 3 cm2 air-diffusion cathode. A current density (j) 

of 33.3 mA cm−2 was applied to the suspension previously stabilised for 20 min. Reproduced from 

Burgos-Castillo et al. (2018c) from Elsevier.   
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of P was larger in the case of 0.10 wt.%, which can be associated with the lower quantity 

of complexes of P to be oxidised, releasing PO4
3− while Cd solubilised less. Yet, the 

greater leaching of Cu and Zn may be ascribed to the high concentration of soluble 

organics that can complex them.  

 

 

 

Figure 3.9: Element concentration quantified at 0 and 60 min of electrolysis for the EF treatment 

of 150 mL of 0.50wt.% anaerobically digested sludge suspensions under the same conditions of 

Figure 3.8 with a BDD/air-diffusion cell. Applied current density (j): (a) 33.3 mA cm−2 using 

samples S1, (b) 100 mA cm-2 using sample S3 and (c) 150 mA cm-2 using sample S1. Reproduced 

from Burgos-Castillo et al. (2018c) from Elsevier. 

b 
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Overall, in Figure 3.9, Cr and Fe contents disappeared gradually as the applied j increased. 

Some precipitated metals were expected to complex with organics. For example, Pb was 

oxidised and transformed into PbO2, resulting in its total disappearance at the highest j. 

Phosphorous (74%) recovery was independent of the applied j. Interestingly, Cu and Zn 

solubilised totally at current density of 150 mA cm−2. In terms of energy consumption 

and specific charge, the application of three different current densities of 33.3, 100 and 

150 mA cm−2 led to 4.4, 30.2 and 51.7 kWh m−3, respectively. Consequently, it is 

advisable to perform the EF treatments at lower current densities. 

Figure 3.10 depicts the performance of EF using an active RuO2-based anode at 

current density of 33.3 mA cm−2 and 0.50 wt.% suspension of sample S1. Essentially, it 

was expected that this active anode would generate a larger proportion of active chlorine 

with low amounts of RuO2(OH) whereas the opposite effect was expected in a nonactive 

electrode such as BDD (Ridruejo et al., 2018; Thiam et al., 2015a; Steter et al., 2016).  

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.10: Element concentration at 0 and 60 min of electrolysis for the same suspension of 

sample S1 shown in Figure 3.9 and similar EF conditions, but using a 3 cm2 RuO2-based anode 

at j = 33.3 mA cm─2. Reproduced from Burgos-Castillo et al. (2018c) from Elsevier. 
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When using a RuO2-based anode, a larger decay of Cr, Fe and P was found with 

concomitant similar Pb concentration and a smaller amount of soluble Cd, Cu and Zn. 

These results indicate that active chlorine species attacked largely the soluble organic 

complexes of the former elements, while their reaction progressed slowly with the last 

three metals. It is important to mention that active chlorine was not detected in the liquid 

phase during the EF treatments from N,N-diethyl-p-phenylenediamine colorimetric essay 

(Steter et al., 2016), suggesting its fast formation and consumption by reaction with H2O2 

and organic compounds. Notably, the solubilisation of Cu and Zn was superior for BDD. 

 

3.5 Making iron oxide nanoparticles with gas-diffusion electrodes  

 In paper V, the accumulated H2O2 measurement and pH evolution during the two-

electron electroreduction of O2 pathway were studied, varying the applied potential and 

amount of added weak protonic acid, namely ammonium chloride (NH4Cl, pka = 9.26). 

Figure 3.11 shows a comparison between (a) chemical precipitation (wet-chemistry 

methods) and (b) the proposed electrochemical-assisted coprecipitation method. Ready-

to-use nanoparticles can be generated in a one-pot process by in-situ generation of the 

precipitating agent.  

Figure 3.11: Comparison of (a) chemical precipitation (wet-chemistry methods) with the (b) 

proposed electrochemical-assisted coprecipitation method.  
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Overall, despite the variation of background electrolyte, iron initial content and starting 

composition of weak acid (NH4Cl), only almost pure phases of iron nanoparticles were 

identified in the presence of NaCl. Unlike when Na2SO4 was added to the media, no pure 

phases occurred (Table A3, Appendix A). According to the theory of the cathodic 

deprotonation of weak acids, (Da Silva, et al., 2004), it was expected that the addition of 

NH4Cl would enhance the electroreduction of dissolved O2 to H2O2, affecting the rate of 

formation of the iron nanoparticles (Dominguez-Benetton & Alvarez-Gallego, 2014). 

This piece of work differentiated from previous electrochemical methods to prepare 

nanoparticles iron oxides in more than one feature. First, it did not need an inert support. 

Second, the key component to induce the formation of iron oxide nanoparticles was a gas-

diffusion cathode. This component enabled in-situ generation of the precipitating agents 

(OH−) and H2O2 via electrochemical reactions (i.e. ORR). Third, the synthesis occurred 

in an aqueous solution with a supporting electrolyte with no other additives or surfactants, 

in a range of applied potentials between -0.35 and -0.75 V. Furthermore, mild 

temperatures were employed (18C), with only one synthesis step. This method differed 

from the plain ORR using gas-diffusion electrodes, given the involvement of precipitation 

reactions leading to the formation of crystals at the nanoscale.  
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4 Conclusions 

 

In summary, this research assessed the generation of oxidising agents (e.g. OH) in 

chemical and electrochemical processes with a special focus on electro-Fenton (EF) 

treatment for different environmental applications. Because electrochemical methods are 

simple to operate and can be tuned to obtain conversion efficiencies that are not achieved 

in non-electrochemical systems. However, the detection of OH is challenging, and the 

use of organic trapping chemicals produce biased results as the organic molecules can 

unselectively react with OH. In part of this research, it was observed that the reliability 

of trapping chemicals to detect hydroxyl radicals like coumarin and DMPO is determined 

by Fenton’s reagent ratio, their initial concentration, and the [chemical trap]:[H2O2] ratio. 

For instance, for DMPO it was found that the concentration should be respectively 20 and 

200 times greater than the H2O2 and Fe2+ concentrations to be able to expect the typical 

ESR quartet for DMPO-OH adduct. The fast degradation of either DMPO-OH adduct 

(Paper I) or 7HC (Paper II) in the presence of excess OH may involve a further 

hydroxylation reaction into non-fluorescent or silent derivatives. Moreover, in this part 

of the work a suitable ferrous ion concentration of 0.1 mM was identified as playing a 

significant role for OH generated and thus detected, independently of the analysed 

chemical trap, which supports the information reported in the literature.  

From Paper III, it can be highlighted that the in-situ generation of oxidising 

species (BDD(OH), OH, and active chlorine) and UV sunlight radiation contributed to 

the faster decay of bisphenol A in SPEF by the concomitant action of heterogeneous and 

homogeneous OH. Although the mineralisation was accelerated by increasing j, some 

parasitic reactions were also favoured, decreasing the mineralisation current efficiency 

(MCE). The detection of primary aromatic intermediates by GC-MS demonstrated the 

concomitant attack of OH and active chlorine over bisphenol A and its byproducts. As 

expected, the formation of chloroderivatives was promoted when chloride ions were 

added to the background electrolyte, in agreement with the findings of other research 

works also widely reported and discussed in the literature review section of this thesis.  

The influence of OH was also seen in Paper IV during the removal of metals from 

anaerobically digested sludge samples. Fenton’s reagent promoted the oxidation of 

organic metal complexes by the action of homogeneous OH in addition to heterogeneous 
OH and other oxidising species like active chlorine. These species caused either the 

insolubilisation of some metals like Cr and P or their total solubilisation as in the cases 

of Cd, Cu and Zn. Electro-Fenton with a BDD anode showed higher overall performance 

than active anodes to remove Cu and Zn from the solid fraction present in the sludge at 

high j, with total leaching of Cd, Cu and Zn. The higher effectiveness of BDD is also 

supported in this thesis as previously reported in the scientific literature. Chlorine species 

formed during EF with an active anode (i.e. Ru-O2-based anode) promoted the decay of 

Cr, Fe and P contents in the liquid phase, whereas the solubilisation of Cr, Cu and Zn was 
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lower. However, phosphorous recovery (74%-79%) was similar in both conventional 

chemical Fenton and EF treatments.  

Finally, in Paper V, a Fenton-like process was used to promote the formation of 

nanocrystallites of iron. However, the presence of Cl− ions and the applied potential ruled 

the formation of pure phases of the synthesised iron nanoparticles using synthetic media. 

This effect could be from the lack of protonic interactions (i.e. hydrogen bonding 

interactions) in NaCl-containing media, facilitating the formation of pure nano-Fe3O4. In 

particular, weak hydrogen bonding interactions existing between NH4
+ and some anions 

like SO4
2− ions might have hindered the generation of pure phases.  

This research work demonstrates the potential practical application of Fenton-

based processes like (E)AOPs, both for the treatment of polluted wastewater and the 

recovery of heavy metals from sludge, whilst added value compounds and of commercial 

interest can be produced. The most important advantage of the (electro) Fenton-based 

technology is the reaction’s products formed, involving mainly water. In the study the 

application of (E)AOPs based on Fenton’s reaction for different environmental 

applications demonstrated a good level of efficiency at lab scale. However, pilot and 

detailed economic studies are mandatory to determine their actual practical application in 

the management of polluted wastewater and biosolids produced in wastewater treatment 

plants. Overall, this work shows the versatile potential of the Fenton’s processes not only 

to remediate contaminated waters and produce cleaner waters but also to provide a 

platform for the synthesis of materials with desirable physicochemical properties. 
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Appendix A: Additional tables 

 

Table A1: Fenton’s reagent and coumarin concentration used in Paper II. 

Reproduced from Burgos-Castillo et al. (2018a) with permission from the Royal 

Society of Chemistry. 

Condition [H2O2] 

(mM) 

[Fe2+] 

(mM) 

[Coumarin] 

(mM) 

[Coumarin]:[H2O2] 

Fenton A 1 0.1 0.5 0.5 

Fenton B 1 0.1 1 1 

Fenton C 1 0.1 2 2 

Fenton D 1 0.1 4 4 

Fenton E 1 0.1 0.05 0.05 

Fenton F 1 0.1 0.1 0.1 

Fenton G 0.1 0.01 0.1 1 

Fenton H 0.1 0.01 0.5 5 

Fenton I 0.1 0.01 1 10 

Fenton J 10 0.1 1 0.1 

Fenton K 1 0.01 1 1 

Fenton L 10 0.01 1 0.1 

Fenton M 10 1 1 0.1 

Fenton N 100 0.1 1 0.01 
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Table A2: Best performace for the main washing techniques during the removal of chemical 

elements from sewage sludge. Reproduced from Burgos-Castillo et al. (2018b) from Elsevier. 

Washing method Solubilisation performance Reference 

Electrokinetic treatment   

Addition of surfactants  

such as rhamnolipid, 

saponin and sophorolipid 

Zn (73.8 ± 6.23%) > Cr (64.0 ± 5.11%) > Ni 

(60.8 ± 2.12%) > Mn (56.0 ± 3.21%) > Cu 

(55.8 ± 5.46%) > Pb (51.6 ± 5.32%) > Fe 

(41.0 ± 2.12%) > Hg (35.0 ± 2.12%)     

Tang et al. 

(2017, 2018)  

 

Chemical treatment 

  

Acidification with 10% 

and 20% (v/v) H2SO4 

Cr (99%) > Cu (86%) > Ni (74%) > Zn (72%) > 

Pb (11%)  

Stylianou et al. 

(2007) 

Acidification with 

nitrite addition 

Acidification to pH 2.0: Zn (70%) >> Cu 

(3−7%).  

Nitrite addition: Zn (81%) > Cu (45−64%) 

Du et al. (2015) 

Addition of ethylene 

diamine tetra-acetic acid 

(EDTA) and citric acid  

For EDTA: Pb (41.8%) > Zn (33.6%) > Cr 

(31.2%) > Cd (30.8%) > Cu (18.6%) 

For citric acid: Zn (75.6%) > Pb (69.9%) > Cd 

(58.7%) > Cr (45.0%) > Cu (37.7%) 

Ren et al. (2015) 

Addition of a chelating 

agent such as GLDA 

Cd (89%) > Ni (82%) > Cu (84%).  

Insignificant Zn removal 

 

Wu et al. (2015) 

Advanced oxidation processes  

Fe2+-sodium persulfate Solubilization not clearly established. For a 

particular sample, the trend was: Cd > Zn > 

Cu > Pb > Cr 

Xiong et al. 

(2018) 

Fenton’s reagent Cd (98%) > Zn (85%) > Mn (82%) > Cu (70%) 

> Ni (61%)  

Zn (99.6 ± 0.3%) > Cu (87.2 ± 1.1%) > Cd (81.1 

± 0.1%) > Pb (77.3 ± 4.8%) > Cr (25.1 ± 0.1%) 

Ito et al. (2013) 

 

Fontmorin and 

Sillanpää (2016) 
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Table A3: Crystallite size and phases formed in Paper V 
Assay Potential / 

V 

Final pH Crystallite size / 

(nm) by XRD 

Phase(s) Electrolyte 

IV-a -0.350 11.7  
(120 min) 

20.1  0.1 Magnetite 140 mM NaCl + 0 mM 
NH4Cl + 2.25 mM 
Fe(II) 

IV-b -0.550 12.0 
 (90 min) 

13.8  1.3 Magnetite 140 mM NaCl + 0 mM 
NH4Cl + 2.25 mM 
Fe(II) 

IV-c -0.750 11.9 
 (60 min) 

11.6  1.4 Magnetite 140 mM NaCl + 0 mM 
NH4Cl + 2.25 mM 
Fe(II) 

V-a -0.350 9.7 
 (256 min) 

19.6  0.2 Magnetite 140 mM NaCl + 10 
mM NH4Cl + 2.25 mM 
Fe(II) 

V-b -0.550 9.7  
(121 min) 

14.6  0.9 Magnetite 140 mM NaCl + 10 
mM NH4Cl + 2.25 mM 
Fe(II) 

V-c -0.750 9.7  
(68 min) 

12.9  0.5 Magnetite 140 mM NaCl + 10 
mM NH4Cl + 2.25 mM 
Fe(II) 

VI-a -0.350 8.0  
(240 min) 

20.7  0.4 Magnetite 
Geothite 

140 mM NaCl + 30 
mM NH4Cl + 2.25 mM 
Fe(II) 

VI-b -0.550 8.9  
(210 min) 

 17.4  0.8 Magnetite 140 mM NaCl + 30 
mM NH4Cl + 2.25 mM 
Fe(II) 

VI-c -0.750 9.04  
(120 min) 

 13.7   1.1 Magnetite 140 mM NaCl + 30 
mM NH4Cl + 2.25 mM 
Fe(II) 
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a b s t r a c t

Fenton reaction was used to produce hydroxyl radicals under conditions similar to AOPs with 5,5-
dimethyl-1-pyrroline-N-oxide (DMPO) as a spin trap agent in electron paramagnetic resonance (EPR)
analysis. A theoretical kinetics model was developed to determine conditions under which the spin-
adduct DMPO-OH is not further oxidized by Fe3þ and excessive radicals, so that hydroxyl radicals con-
centration could be accurately inferred. Experiments were designed based upon the model and H2O2 and
Fe2þ concentrations were varied from 1 to 100 mM and from 0.1 to 10 mM, respectively, with a constant
H2O2: Fe2þ ratio of 10:1. Results confirmed that DMPO concentration should be at least 20 times higher
than the concentration of H2O2 and 200 times higher than iron concentration to produce stable DMPO-
OH EPR signal. When DMPO: H2O2 ratio varied from 1 to 10, DMPO-OH could generate intermediates and
be further oxidized leading to the apparition of an additional triplet. This signal was attributed to a
paramagnetic dimer: its structure and a formation mechanism were proposed. Finally, the utilization of
sodium sulfite and catalase to terminate Fenton reaction was discussed. Catalase appeared to be
compatible with DMPO. However, sodium sulfite should be avoided since it reacted with DMPO-OH to
form DMPO-SO3.

© 2016 Elsevier Ltd. All rights reserved.

1. Introduction

Over the last two decades, interest in Advanced Oxidation Pro-
cesses (AOPs) and Electrochemical Advanced Oxidation Processes
(EAOPs) for the degradation of various organic pollutants has been
growing constantly (Martínez-Huitle and Brillas, 2009; Oturan and
Aaron, 2014). Although AOPs and EAOPs include different types of
processes such as chemical, photochemical, sonochemical and
electrochemical processes, they all aim to produce hydroxyl radi-
cals (�OH). Indeed, �OH is a powerful oxidative agent (2.80 V/SHE)
and a highly reactive species able to attack organic pollutants with
second order rate constants ranging from 107 to 1010 L mol�1 s�1

(Lhomme et al., 2008). No matter which AOP, the generation of
hydroxyl radicals is a key parameter to control and optimize in
order to improve the efficiency of the process and to elucidate the
degradation mechanisms. However, the very short lifetime of �OH

(about 10�9 s) makes its detection and quantification difficult, thus
leading to the development of indirect detection methods
including UVeVis spectrophotometry (Zhao et al., 2015), lumines-
cence (Tsai et al., 2001), fluorescence (Xiang et al., 2011) and other
electrochemical and HPLC methods (Si et al., 2014). However, all of
these analytical methods measure neutral products after hydroxyl
radical was scavenged. The hydroxyl radical concentration is then
inferred from the product concentration instead of measuring
radical concentration directly. Although electron paramagnetic
resonance (EPR) could not directly measure short-lived species
such as �OH, this technique could detect longer-lived radical ad-
ducts generated by using spin-trap agents at concentration as low
as 10�14 M (Haywood, 2013). To date, the very high majority of
spin-trap agents used for the detection of �OH are nitrone com-
pounds, mainly because they lead to the formation of relatively
stable nitroxide radicals that can be detected by EPR. The current
challenges mainly concern the improvement of the reactivity and
stability of the spin-traps agents for a more reliable detection.
Among them, a-phenyl-N-tert-butylnitrone (PBN), 1,1,3-
trimethylisoindole N-oxide (TMINO), 5-diethoxyphosphoryl-5-
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methyl-1-pyrroline-N-oxide (DEPMPO) or 5-methyl-1-pyrroline N-
oxide (DIPPMPO) have given interesting results, especially under
biological conditions (Bottle et al., 2003; Chalier et al., 2014; Luo
et al., 2009; Timmins et al., 1999). Nevertheless, 5,5-dimethyl-1-
pyrroline-N-oxide (DMPO) is still the most commonly used com-
pound. Its reaction with the previously cited species leads to the
formation of relatively stable aminoxyl radicals detectable by EPR
(Makino et al., 1990). Since the late 80s, the behavior of DMPO for
the detection of hydroxyl radicals has been extensively studied,
mostly in biological systems. Indeed, the detection of free radicals
in living bodies has been of a great interest ever since they were
suspected for being responsible of various diseases such as hyper-
tension or cancer. It has been assumed that Fenton reaction is the
most important pathway for hydroxyl radical generation in tissues
(Yamazaki and Piette, 1990). Most of these studies were carried out
with concentrations in hydrogen peroxide and ferrous iron hardly
exceeding dozens of mM. To our knowledge, studies under condi-
tions similar to those used in AOPs and EAOPs systems based on
Fenton reaction (chemical Fenton, photo-Fenton, electro-Fenton,
photoelectron-Fenton, etc.) are rarely reported, despite being of a
high interest for these processes. In these systems, concentrations
in Fenton reagent aremuch higher than those reported in biological
systems. Indeed, concentrations in H2O2 and Fe2þ generally could
range from hundreds of mM to hundreds of mM, and H2O2 con-
centration can even reach dozens of moles per liter for treatment of
wastewaters containing high chemical oxygen demand (COD) loads
(Brillas et al., 2000; Gulkaya et al., 2006; Martínez-Huitle and
Brillas, 2009). As a result, the stability of DMPO and its �OH spin
adduct (DMPO-OH) in presence of high concentrations of iron and
hydrogen peroxide become a critical issue in accurate quantifica-
tion of hydroxyl radical concentration, because of the formation of
by-products (paramagnetic or not) affecting the reliability of
DMPO-OH (and thus �OH) detection (Buettner, 1993; Li et al., 2007;
Makino et al., 1990).

Fenton reaction has some well-known drawbacks such as large
amount of sludge formation due to the precipitation of ferric hy-
droxides, scavenging of hydroxyl radicals by hydrogen peroxide,
etc. In fact, AOPs and EAOPs are currently being developed to
overcome these limitations, showing excellent potential for the
treatment of wastewaters containing dyes (Brillas and Martínez-
Huitle, 2015), pharmaceuticals (Antonin et al., 2015), pesticides
(Zazou et al., 2015), and also for the treatment of municipal sludge
(Fontmorin and Sillanp€a€a, 2015). In order to improve their devel-
opment in particular by gaining more fundamental understanding
about the generation of �OH in these systems and about the
degradationmechanisms involved, EPR is the most direct analytical
instrument. In this study, we developed a theoretical model to
determine under which conditions DMPO should be used to act as a
reliable spin-trap for the quantification of �OH generated in AOPs
based on Fenton reaction. To our knowledge, this is the first study
that quantitatively shows the impact of DMPO concentration,
relatively to Fenton's reagent concentration (i.e. H2O2 and Fe2þ), on
the stability of the adduct in AOPs conditions. Therefore, this work
could be useful to further understand the behavior of DMPO and
other spin-trap agents in such systems, but also to optimize AOPs
with a more reliable quantification of hydroxyl radicals.

2. Experimental

2.1. Chemicals

Hydrogen peroxide (H2O2, 30%) and iron sulfate (FeSO4$7H2O)
were purchased from Merck (Damstadt, Germany). Sodium sulfite
(Na2SO3) and catalase from bovine liver were acquired by Sigma-
Aldrich and 5,5-dimethyl-1-pyrroline-N-oxide (DMPO) was

purchased from Caymen Chemical Company (Ann Arbor, USA). All
chemicals were of analytical grade and used without further
purification.

2.2. Analysis: EPR and UVeVis measurements

EPR data was obtained using an electron spin (paramagnetic)
resonance spectrometer CMS-8400 from ADANI, Minsk, Belarus.
The operating conditions were as following: magnetic field
336.5 ± 6.0 mT width, power attenuation 10 dB, field modulation
0.100 mT, sweep time 100 s, microwave frequency 9450 MHz.
Computer spectral simulations were carried out by the means of
the software EasySpin 5.0 (Stoll and Schweiger, 2006). UVeVis data
was obtained using a UVevisible spectrophotometer evolution 500
from Thermo Electron Corporation.

2.3. Fenton reaction

Experiments were conducted with H2O2, Fe2þ and DMPO con-
centrations varying from 1 to 100, 0.1 to 10, and 5e100 mM,
respectively. A constant [H2O2]: [Fe2þ] ratio of 10:1 was kept for all
experiments as optimal conditions for Fenton reagent (Tang, 2004).
For this purpose, stock solutions of each reactant were prepared as
follows: 4.5 M H2O2, 0.15 M FeSO4$7H2O and 1 M DMPO. pH of all
the solutions was adjusted to 2.8 ± 0.1 using concentrated sulfuric
acid. Fenton reactions were performed by mixing reagents at the
desired proportions according to the following order: ultra-pure
water (pH 2.8), hydrogen peroxide, DMPO and iron sulfate (total
volume: 2 mL). Samples were kept under agitation at room tem-
perature during experiment. For quenching experiments, desired
amount of either sodium sulfite or catalase was added to the
sample by the same procedure after 10 min of Fenton reaction.
Catalase was initially dissolved in phosphate buffer pH 7.2. When
catalase was added in small amount, pH of the samples naturally
increased to 5e6.

2.4. Kinetic model of DMPO-OH EPR signal

Hydroxyl radicals are generated from so-called Fenton reaction
(reaction 1 (Tang, 2004)), but can also react with Fe2þ and H2O2 as
described in termination reactions 2 and 3. However, when DMPO
is in excess, �OH would quickly attack DMPO (Scheme 1, compound
1) in reaction 4 (Finkelstein et al., 1980) to form the paramagnetic
compound 2-hydroxy-5,5-dimethyl-1-pyrrolidinyloxy (DMPO-OH,
Scheme 1, compound 2), thus limiting side-reactions 2 and 3.

Fe2þ þ H2O2����!ki Fe3þ þ OH� þ �OH ki ¼ 51 M�1 s�1 (1)

Fe2þ þ �OH�����!kt1 Fe3þ þ OH� kt1 ¼ 3 � 108 M�1 s�1 (2)

�OH þ H2O2�����!kt2 � OOH þ H2O kt2 ¼ 2:7 � 107 M�1 s�1

(3)

DMPOþ �OH����!kD DMPO� OH kD ¼ 3:4� 109M�1 s�1 (4)

where:ki: Initiation rate constant of �OH generation.kt1,t2: Termi-
nation rate constants of �OH quenching reaction 2 and 3, respecti-
vely.kD: Formation rate constant of DMPO-OH.

The stability of DMPO depends upon the relative amount of
DMPO and Fenton reagent. In the presence of high concentration in
Fe3þ under acidic conditions, DMPO-OH can lead to the formation
of two diamagnetic intermediates (Makino et al., 1992): 1-hydroxy-
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5,5-dimethyl-1-pyrrolid-2-one (HDMPN, Scheme 1, compound 3)
and its tautomer 2-hydroxy-5,5-dimethyl-1-pyrroline-N-oxide
(HDMPO, Scheme 1, compound 4), as described in reaction 5.

DMPO� OH þ Fe3þ����!kI HDMPN$HDMPO (5)

where kI is the formation rate constants for diamagnetic tau-
tomers HDMPN and HDMPO. If there is an excess of hydroxyl
radicals in the system, these EPR-silent compounds would react
with �OH to form the stable paramagnetic radicals 5,5-dimethyl-2-
oxopyrroline-N-oxyl (DMPOX, Scheme 1, compound 5) and 2-
dihydroxy-5,5-dimethyl-1-pyrrolidinyloxy (HDMPO-OH, Scheme

1, compound 6) (reactions 6 and 7).

HDMPN þ �OH����!kH HDMPO� OH (6)

HDMPOþ �OH����!kX DMPOX (7)

where kH and kX are respectively the formation rate constants
for HDMPO-OH and DMPOX. Therefore, if DMPO is not present in
large excess, additional EPR signals might appear, thus preventing
from a reliable detection of �OH. The critical question to elucidate is
thus at which concentration DMPO could be considered as in
excess. For this purpose, a kinetic model was developed based on
the previous elementary reactions. With the aid of this model,
experiments were designed to answer this critical question by
monitoring DMPO-OH and additional signals by using EPR and
UVevis spectrophotometer. The ratio of H2O2 and Fe2þ was kept at
optimal of 10 (Tang, 2004). The conditions under which DMPO is in
excess, i.e. traps all the �OH in the systemwithout further reactions
6 and 7, can be found starting from reaction 8:

d½ � OH�
dt

¼ ki½H2O2�
h
Fe2þ

i
� kD½DMPO�½�OH� � kt1½�OH�

h
Fe2þ

i

� kt2½�OH�½H2O2� � kH ½HDMPN�½�OH�
� kX ½HDMPO�½�OH�

(8)

At steady state concentration of hydroxyl radicals, the above
equation should equal to zero and the final form can be expressed
as follows:

To accurately quantify DMPO-OH concentration, analytical
conditions must be found and defined so that stable quartet EPR
signal could be monitored over the analytical time, without
further degradation to HDMPO-OH and DMPOX. In terms of
elementary reactions, rate of reactions 6 and 7 should approach
zero as follows:

kH½HDMPN� ¼ 0 (10)

kX ½HDMPO� ¼ 0 (11)

Therefore, the steady state �OH concentration can be simplified
as follows:

½ � OH�SS ¼
ki½H2O2�

�
Fe2þ

�
kD½DMPO� þ kt1

�
Fe2þ

�þ kt2½H2O2�
(12)

Moreover, the reaction rate of DMPO-OH has following
expression:

Scheme 1. General oxidation and degradation pathways of DMPO (1) and DMPO-OH (2). Structures discussed in the text: HDMPN (3), HDMPO (4), DMPOX (5), HDMPO-OH (6), End-
product from decomposition of DMPO-OH by ring-opening mechanism (7).

½ � OH�SS ¼
ki½H2O2�

�
Fe2þ

�
kD½DMPO� þ kt1

�
Fe2þ

�þ kt2½H2O2� þ kH ½HDMPN� þ kX ½HDMPO� (9)
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The generation of a constant quartet EPR signal relies upon two
conditions: the first one is that the rate of reaction (5) approaches
zero. Therefore:

kI½DMPO� OH� ¼ 0 (14)

The second condition is to make sure the change rate of d
[DMPO-OH ]/dt is not function of [DMPO]. The only possible way
to satisfy this condition is that the term, kD[DMPO], is significantly
greater than kt1[Fe2þ] þ kt2[H2O2], so that the latter could be
negligible. Mathematically, the following conditions must be
satisfied:

kD½DMPO�[kt1
h
Fe2þ

i
þ kt2½H2O2� (15)

The above conditions can be divided by kD[H2O2] at both sides,
and the suitable analytical conditions become:

½DMPO�
½H2O2�

[
kt1

�
Fe2þ

�
kD½H2O2�

þ kt2
kD

(16)

The sign of significantly greater means that the right hand ratio
of reaction 16 should be negligible. In other words, the left hand
ratio should be two to three orders greater than the right hand side

ratio so that Equations (15) and (16) can truly hold. For initial H2O2

and Fe2þ concentrations of 1 mM and 0.1 mM, respectively, the
required [DMPO]: [H2O2] ratio should be at minimum 1.68 to 16.8.
As a result, the system should generate a stable quartet EPR signal
without any additional noise. The experiments were designed
based upon these theoretical analyses, and results will help
determine the optimal [DMPO]: [H2O2] ratio more accurately. In
this study, [H2O2]: [Fe2þ] ratio was kept constant; however, the
above model would help predicting optimal concentration of
DMPO for any other concentration of Fenton reagent since initial
conditions are included in Equation (16).

3. Results and discussion

3.1. Impact of Fenton reagent concentration on EPR background
signals

The impact of Fenton reagent concentration was tested with
[DMPO]: [H2O2] ratio varying from 1 to 100. A typical spectrum of
DMPO-OH is presented in Fig. 1a: it is composed by a characteristic
1:2:2:1 quartet with hyperfine couplings aN ¼ abH ¼ 1.50 mT
(computer simulation, Fig. 1b). The amplitude of the DMPO-OH
signal was followed during the time for different concentrations
of Fenton's reagent, and results are presented in Fig. 2. As depicted,
the concentration of Fenton reagent had a significant impact on
both the intensity and the stability of DMPO-OH signal. Indeed,
when H2O2 and Fe2þ concentrations were 1 and 0.1 mM respec-
tively (i.e. [DMPO]: [H2O2] ¼ 100 > 16.8), the peak amplitude of
DMPO-OH signal was statistically stable (p¼ 0.0284 < 0.05), and no
clear down trend appears over the time of experiment (60 min).
Variations from one point to another could be attributed to the
instability of the reaction (no control of pH after the initial
adjustment). Nevertheless, the general trend of the system sug-
gested an appropriate concentration of DMPO compared to the
concentration of Fenton reagent as predicted by the theoretical

Fig. 1. a) typical DMPO-OH signal obtained with 1 mM H2O2, 0.1 mM Fe2þ and 100 mM
DMPO, b) Simulation of DMPO-OH (aN ¼ abH ¼ 1.50 mT).
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d½DMPO� OH�
dt

¼ kD½DMPO�½�OH�SS � kI ½DMPO� OH�
h
Fe3þ

i

d½DMPO� OH�
dt

¼ kD½DMPO�
ki½H2O2�

h
Fe2þ

i

kD½DMPO� þ kt1
h
Fe2þ

i
þ kt2½H2O2�

� kI ½DMPO� OH�
h
Fe3þ

i (13)
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model. The increase in Fenton reagent concentration to 10 mM
H2O2 and 1 mM Fe2þ (i.e. [DMPO]: [H2O2] ¼ 10 > 1.68) led to a
different behavior. The higher intensity measured during the very
early minutes suggested the generation of higher concentration of
�OH, as expected after the increase of Fenton reagent. However, an
important decrease of the DMPO-OH peak amplitude was then
observed during the first 20 min, followed by a slower decrease
until the end of the experiment. The fast decrease measured during
the early stage of the reactionwas unlikely related to the lifetime of
DMPO-OH, generally reported around 30 min (Buettner, 1993;
Makino et al., 1990). Even though the typical DMPO-OH quartet
was the only signal detected in EPR spectra without the apparition
of additional lines, the fast decrease of the signal intensity sug-
gested the possible quenching or degradation of the spin-adduct.
According to the kinetic model developed in Section 2.4, this
observation would also suggest that the left hand ratio of Equation
(16) should be more than 2 orders greater than the right hand ratio
to provide a stable quartet signal. To confirm the possible
quenching of DMPO-OH, H2O2 and Fe2þ concentrations were
increased again to 100 mM and 10 mM, respectively ([DMPO]:
[H2O2] ¼ 1). In this case, the quenching effect of DMPO-OH was
very obvious, with a lower signal amplitude from the beginning of
the reaction and becoming hardly detectable after 10 min, thus
clearly suggesting the oxidation of the spin-adduct due to the
excess of �OH. Moreover, the EPR revealed the apparition of addi-
tional lines consisting in a 1: 1: 1 triplet. The triplet's intensity
increased along with the decrease of DMPO-OH quartet (Fig. 3a).
After 35 min reaction, the peak amplitude of the triplet reached to
its maximum, whereas DMPO-OH had completely disappeared. The
corresponding EPR spectrum is presented in Fig. 3b (aN ¼ 1.51 mT,
simulation depicted in Fig. 3c). The apparition of background EPR
signals in case of too high initial concentration in Fe2þ was already
described in the past (Makino et al., 1992). However, these signals
previously attributed to HDMPO-OH and DMPOX are different than

the triplet observed in this study, thus implying the generation of a
different by-product.

In order to understand the mechanisms leading to the decrease
of DMPO-OH and to the formation of the triplet, similar analysis
were performed by UVevis spectrophotometry. The contribution of
each reagent (H2O2, Fe2þ and DMPO) was first analyzed and, as
shown in Fig. 4a, the peak measured in visible part (lmax ¼ 520 nm)
only appeared in presence of both Fenton reagent and DMPO. Time
series of UVeVis absorbance were then followed, and the corre-
sponding results are presented in Fig. 4b and 4c. With 10 mM H2O2
and 1 mM Fe2þ, EPR and UVeVis signals followed opposite trends.
Indeed, the DMPO-OH EPR signal intensity decreased during the
first 20 min (Fig. 2), whereas the UVeVis signal increased during
the same period of time (Fig. 4b). This result suggests the genera-
tion EPR-silent side products (diamagnetic), which can most likely
be explained with the reaction of DMPO-OH with the generated
Fe3þ to form the tautomers HDMPN and HDMPO (Makino et al.,
1992). This result also confirms that a [DMPO]: [H2O2] ratio of
1.68 is not high enough to provide a stable EPR signal: under these
conditions, reactions 6 and 7 barely took place in the system,
whereas reaction 5 is not negligible. Increasing the concentration of
Fenton reagent to 100mMH2O2 and 10mM Fe2þ led to the increase
of the absorbance in the visible range over the first 20 min (Fig. 4c).
It can reasonably be assumed that the higher concentration in Fe2þ,
and therefore in the generated Fe3þ, enhanced the production of
the two tautomers. However, since these compounds are EPR-
silent, they cannot be directly attributed to the triplet observed.
This paramagnetic compound was only observed under specific
conditions, with initial hydrogen peroxide and ferrous ions con-
centrations higher than 50 mM and 5 mM respectively, i.e. with a
[DMPO]: [H2O2] ratio of 2 (data not shown). In the presence of
excessive �OH, the oxidation of HDMPN and HDMPO can lead to the
formation of HDMPO-OH and DMPOX (Scheme 1). However,
DMPOX generates a 1: 1: 1 triplet (aN ¼ 0.72 mT) of 1: 2: 1 triplet
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(agH ¼ 0.41 mT, 2H) and HDMPO-OH generates a 1: 1: 1 triplet
(aN ¼ 1.53 mT) of 1: 3: 3: 1 quartet (agH ¼ 0.12 mT, 3H) (Makino
et al., 1992; Nakajima et al., 2005; Verstraeten et al., 2009).
Therefore, their presence should be excluded. The computer
simulation of the triplet (aN¼ 1.51mT, Fig. 3b) suggests the absence
of contribution of hydrogen nuclei in b and g positions. The pos-
sibility of degradation of DMPO-OH spin-adduct via CeN bond
cleavage and opening of the pyrroline ring was suggested in the
past and assigned to a similar triplet signal (Bosnjakovic and
Schlick, 2006). However, neither a structure nor a mechanism
was proposed. Such a degradation pathway was also discussed in a
thermodynamic study stating that this mechanism may play a
crucial role in the stability of spin adducts (Villamena et al., 2005).
The detailed mechanism related to the DMPO-OH ring opening
remains unclear; moreover, the degradation product that could be
assigned to the triplet observed (Scheme 1, compound 7) because of
the absence of hydrogen nuclei in a and b positions is thermody-
namically highly unstable and is hence unlikely to generate a stable
signal over the time. Even though the presence of HDMPO-OH and
DMPOX was excluded in this work, UVeVis analysis are in agree-
ment with the generation of HDMPO and HDMPN tautomers
because of the presence of Fe3þ. Therefore, and as it was reported in
the case of 2,5,5-trimethyl-1-pyrroline-N-oxide (M3PO) tautomers
(Barasch et al., 1994), the apparition of the EPR triplet signal could
be explained by the dimerization reaction occurring between

HDMPN and HDMPO, thus leading to the formation of a stable
diamagnetic dimer, as described in the proposed mechanism pre-
sented in Scheme 2. In the presence of excess of hydroxyl radicals
compared to the initial concentration of DMPO, the dimer could be
further oxidized to generate the corresponding paramagnetic
compound 8 associated to the additional triplet. Indeed, compound
8 does not present hydrogen nuclei in b position, and the contri-
bution of hydrogen in g position is highly unlikely due to steric
effect after dimerization. According to the experimental results
described in this section, the theoretical model proposed should be
adjusted as follows: to ensure a reliable detection of �OH, the left
hand ratio of Equation (16) should be 3 orders higher than the right
hand ratio. In other words, in these conditions, [DMPO]: [H2O2]
ratio should be at least 16.8 and [DMPO]: [Fe2þ] ratio should be at
least 168.

3.2. Role of DMPO concentration for a reliable detection of hydroxyl
radicals

The reactions described above suggested that the DMPO con-
centration should be carefully selected according to the Fenton's
reagent concentration and expected magnitude of hydroxyl radical
concentration, as demonstrated through the previous theoretical
kinetic analysis. The condition illustrated by Equation (16) could be
applied to any concentration of Fenton reagent for the
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Scheme 2. Proposed mechanism for the formation of the paramagnetic by-product detected by EPR.
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quantification of �OH concentration by EPR as standard procedure.
In this section, the impact of DMPO concentration on EPR signals
was validated with a constant Fenton reagent concentration. Initial
concentration of H2O2 and Fe2þ was chosen at 5 mM and 0.5 mM,
respectively. These concentrations are commonly used in EAOPs
systems such as electro-Fenton and photoelectron-Fenton (Brillas
and Martínez-Huitle, 2015). DMPO concentration was varied from
5 to 100 mM ([DMPO]: [H2O2] ratio varying from 1 to 20). Time
series signal of DMPO-OH are presented in Fig. 5a. As observed,
DMPO concentration had a significant impact on DMPO-OH signal
intensity. Using DMPO 100 mM ([DMPO]: [H2O2] ¼ 20), the signal
intensity remained reasonably stable until 25 min (apart from the
instability of the system itself). The peak to peak amplitude then
decreased slowly until the end of the experiment, which is
consistent with the lifetime of DMPO-OH. As shown in Fig. 5b, the
corresponding EPR background after 10 min was only consisted of

the DMPO-OH quartet, showing that no other by-product was
formed. Decreasing DMPO concentration from 100 mM to 50 mM
([DMPO]: [H2O2] ¼ 10) also led to a decrease of DMPO-OH signal
intensity, even though the 1: 2: 2: 1 quartet was the only signal
detected (Fig. 5c). Therefore, under these conditions, it can be
assumed that DMPO-OH is partially degraded to HDMPN and
HDMPO, but that hydroxyl radicals are not in excess to generate the
paramagnetic dimer, which is in agreement with the corrected
model explained at the end of Section 3.1. Finally, when DMPO
concentration was lowered to 5 mM (DMPO]: [H2O2] ¼ 1), the EPR
background evolved into a combination of quartet and triplet
(Fig. 5d). It should also be noted that with the most concentrated
system (100 mM H2O2 and 10 mM Fe2þ), increasing DMPO con-
centration from 100 mM to 500 mM (i.e. 1.68 < [DMPO]:
[H2O2]¼ 5 < 16.8) led to a significant increase of the quartet as well
as a decrease of the triplet, as presented in Fig. 6. Indeed, the
spectrum recorded at 5 min with DMPO 500 mM shows a barely
detectable triplet signal. The relative intensity of the triplet
compared to the quartet intensity then increased very slowly along
with the decrease of the quartet (see spectra recorded at 15 and
60 min in Fig. 6). The formation of the paramagnetic by-product is
negligible during the first stage of the reaction; however, the
decrease of DMPO-OH signal intensity during the first 15 min
suggests the degradation of the adduct, which is most likely due to
the formation of the diamagnetic HDMPO and DMPN, as observed
with lower Fenton reagent concentrations and when
1.68 < [DMPO]: [H2O2] < 16.8.

The results presented in Figs. 5 and 6 are consistent with both
the theoretical model and the results presented in Section 3.1: to
obtain a stable DMPO-OH signal, the left hand ratio of Equation (16)
should be at least 3 orders higher than the right hand ratio, in other
words, [DMPO]: [H2O2] > 16.8 (and [DMPO]: [Fe2þ] > 168 in these
conditions). From a more general point of view, this section con-
firms that in order to achieve a reliable detection of �OH, the con-
centration of DMPO should be carefully adapted each system, even
in the absence of additional lines. Indeed, as explained, the absence
of additional lines does not necessarily implies a reliable detection
of hydroxyl radicals, since EPR-silent compounds might be formed.
Therefore, four conclusions can be reached: 1) [DMPO]: [H2O2]:
[Fe2þ] ratio holds the key in terms of oxidation kinetics of DMPO-
OH: at a fixed ratio, the kinetics are similar. 2) The stability of
DMPO-OH depends upon Fe3þ and �OH concentrations relatively to
DMPO concentration: the higher these concentrations, the shorter
the life time of DMPO-OH. 3) To ensure a reliable detection of
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were normalised to highlight the relative intensities evolution of the quartet and
triplet signals).
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hydroxyl radicals, and under conditions used in this study, DMPO
concentration should set so [DMPO]: [H2O2] > 16.8 (and [DMPO]:
[Fe2þ] > 168 in these conditions). 4) The required DMPO concen-
tration will change depending on [H2O2]: [Fe2þ] ratio, but it can be
predicted using the theoretical model developed.

3.3. Compatibility of sodium sulfite and catalase as hydrogen
peroxide quenchers in presence of DMPO

The reliability of �OH detection is also related to the conditions
of experimentation and sensitivity of the equipment. Indeed, in this
study, pH was not controlled after the initial adjustment (pH 2.8)
and no buffer was used. In order to improve the reliability of the
detection for quantification using DMPO as a spin trap, the utili-
zation of a suitable quencher for Fenton reaction must be consid-
ered. One way to efficiently terminate Fenton reaction is to quench

H2O2 residuals. However, the quencher should also be carefully
chosen to avoid any side reaction with DMPO or DMPO-OH. For
example, the impact of sodium sulfite, a commonly used H2O2
quencher (Liu et al., 2003; Trov�o et al., 2015), on EPR signals was
tested. The Fenton system composed of 5 mM H2O2 and 0.5 mM
Fe2þ was quenched after 10 min reaction with 20 mM sodium
sulfite, in the presence of 100 mM DMPO. The corresponding EPR
spectrum is presented in Fig. 7a. The formation of a different
quartet was observed, due to the reaction between Fenton reagent,
sulfite, and DMPO. A similar quartet has been reported in the past,
and attributed to the DMPO-SO3

� adduct after reaction between
DMPO and �SO3

� (Ranguelova and Mason, 2011). However, �SO3
� is

generated from SO3
2� under specific conditions, generally during a

one-electron oxidation enzymatically catalyzed by prostaglandin H
synthase or horseradish peroxidase (HRP), which have not been
used in the present work. Even though the presence of �SO3

� was
highly unlikely, the apparition of the quartet depicted in Fig. 7a
could be attributed to the reaction between SO3

2� itself and DMPO
or DMPO-OH. In the first case, residual DMPO would undergo a
nucleophilic addition of sulfite and the resulting hydroxylamine
would lead to the DMPO-SO3

� adduct after a mild one-electron
oxidation according to the so-called Forrester-Hepburn mecha-
nism (Ranguelova and Mason, 2011). However, as observed in
Fig. 7a, the only signal observed corresponds to the DMPO-SO3

�,
which suggests the consumption of DMPO-OH after the addition of
sodium sulfite. To confirm this hypothesis, Na2SO3 was added to
DMPO, DMPO/H2O2, DMPO/H2O2/Fe2þ respectively. The corre-
sponding recorded spectra are reported in Fig. 7b. As observed,
signals of very low and comparable intensities were recorded when
Na2SO3 was added to DMPO and DMPO/H2O2. This suggests that the
reaction of DMPOwith Na2SO3 to formDMPO-SO3

� cannot be totally
excluded in the conditions studied, even though the contribution of
this reaction is very low. However, Fig. 7a and b also shows that the
addition of Na2SO3 to DMPO/H2O2/Fe2þ (and thus DMPO-OH) leads
to the formation of DMPO-SO3

� signals of much higher intensities,
preventing a reliable detection of DMPO-OH. Therefore, a reaction
between SO3

2� and DMPO-OH can also be envisaged to form DMPO-
SO3

� via a nucleophilic substitution, as proposed in Scheme 3.
Even though sodium sulfite is an efficient quencher for Fenton

reaction, it shouldn't be utilized for the detection of �OHwith DMPO
as a spin trap agent. For this purpose, a different quencher that does
not react with either DMPO or DMPO-OH should be considered.
Similarly to sulfite anion, catalase is known for being an efficient
quencher for H2O2 (Liu et al., 2003). The impact of catalase on EPR
signals was tested in the same conditions. Fenton reaction was
carried out for 10 min in presence of DMPO and then terminated
with the addition of 0.05 mg mol�1 H2O2 of catalase in this case
0.25 mg L�1 of catalase. The EPR spectrum recorded 8 min after the
addition of catalase is given in Fig. 7c. As presented, a typical
DMPO-OH was observed which implies that no reaction take place
between the quencher and hydroxyl radicals spin adduct. In this
study, the residual H2O2 concentration was not measured after
addition of catalase, but from an analytical point of view, EPR
spectra have shown that the addition of catalase was compatible
with the utilization of DMPO as a spin trap agent for the detection
of hydroxyl radicals.

Fig. 7. a) EPR spectrum of Fenton reaction (H2O2 5 mM, Fe2þ 0.5 mM, DMPO 100 mM)
quenched after 10 min with 20 mM Na2SO3, b) EPR spectra recorded for DMPO
100 mM and Na2SO3 20 mM; DMPO 100 mM, H2O2 5 mM and Na2SO3 20 mM; DMPO
100 mM, Na2SO3 20 mM and Fenton reagent (H2O2 5 mM, Fe2þ 0.5 mM), c) EPR
spectrum of Fenton reaction (H2O2 5 mM, Fe2þ 0.5 mM, DMPO 100 mM) quenched
after 10 min with 0.25 mg L�1 catalase (spectrum recorded 8 min after addition of
catalase).

Scheme 3. Formation of DMPO-SO3
� adduct in presence of DMPO-OH and sulfite.
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4. Conclusions

In this study, the impact of DMPO concentration for the detec-
tion of hydroxyl radicals under conditions similar to AOPs/EAOPs
based on Fenton reaction has been investigated. Impact of high
concentrations of Fenton reagents (up to 100 mM H2O2 and 10 mM
Fe2þ with a constant ratio of 10: 1) was studied.

� Experiments were based on a theoretical model developed to
determine the optimal DMPO concentration for a reliable
detection of hydroxyl radicals.

� In our system, for a reliable detection of hydroxyl radicals,
DMPO concentration should be respectively 20 and 200 times
higher than H2O2 and Fe2þconcentrations, which is in agree-
ment with the theoretical model.

� When these conditions were not fulfilled, the typical quartet
associated to DMPO-OH was unstable and an additional triplet
signal was observed by EPR. The formation of a paramagnetic
dimer was proposed based upon the observed EPR signal.

� The impact of two commonly used H2O2 quenchers on EPR
backgrounds was studied. The utilization of sodium sulfite is not
suitable because of the reaction of the generated SO3

2� with
DMPO and DMPO-OH, therefore leading to an undesirable EPR
signal.

� Catalase, also well known for efficiently terminating Fenton
reaction, appeared to be a suitable quenching chemical because
the typical DMPO-OH quartet remained unchanged after
quenching reaction.
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Towards reliable quantification of hydroxyl radicals
in the Fenton reaction using chemical probes†

Burgos Castillo Rutely C., *ac Fontmorin Jean-M.,a Tang Walter Z.,b

Dominguez-Benetton Xochitlcd and Sillanpää Mikaab

Quantification of hydroxyl radical concentration using two chemical probes was assessed through the Fenton

reaction. The probes were 1,2-benzopyrone (coumarin) for fluorescence and 5,5-dimethyl-1-pyrroline-N-

oxide (DMPO) for electron spin resonance (ESR). The corresponding hydroxylated species, namely

7-hydroxycoumarin (7HC) and 2-hydroxy-5,5-dimethyl-1-pyrroline-N-oxide (DMPO-OH adduct), were

monitored by fluorescence and ESR-spin trapping techniques, respectively. The experiments were

designed according to the theoretical conditions determined for stable fluorescence and EPR signals. The

results demonstrate that: the optimal [chemical probe] : [H2O2] ratio predicted by a simplified quasi-steady-

state model was in good agreement with the optimal [chemical probe] : [H2O2] ratio observed

experimentally for [H2O2] : [Fe
2+] ¼ 10, and the proper adjustment of the [chemical probe] : [H2O2] ratio at

a given concentration of the Fenton's reagent improves the detected amount of hydroxyl radicals. Finally,

using DMPO required a higher concentration compared to coumarin to yield the same amount of �OH

detected but resulted in a more reliable probe for detecting �OH under the consideration of this study.

Introduction

Hydroxyl radicals (�OH) are the most reactive oxygen species
(ROS) and hence one of themost powerful oxidizing agents. �OH
are ubiquitous in our environment and biological systems; they
are also found in interstellar space,1 while they see ample
industrial applicability here on Earth. For instance, �OH are
widely recognized as atmospheric cleansers, and they are
essential reaction chain initiators in most oxidation processes
involving organic compounds. They play a key role as quenchers
in futuristic self-propelled catalytic microjets,2 trigger destruc-
tive effects on cellular components, e.g., peroxidation of
biomolecules, and are advantageous as essential components in
advanced oxidation processes (AOPs) for water and wastewater
treatment. Their strong oxidizing potential plays a key role in
the degradation of organic pollutants and refractory
compounds3–7 as well as on the precipitation of recalcitrant
metal ions.8 However, their short lifetime of a few nanoseconds9

makes their direct detection and quantication challenging.

Indirect methods, such as probe-assisted spectroscopic
techniques, are helpful to estimate the concentration of
�OH.10–13 These methods follow the products formed from the
reaction between �OH and the chemical probes, namely salicylic
acid, 4-hydroxybenzoic acid, p-chlorobenzoic acid, phthalhy-
drazine, atrazine, deethylatrazine, p-nitrosodimethylaniline,
n-propanol, coumarin, nitroxide compounds, dimethylsulf-
oxide (DMSO), among others.14,15 Nevertheless, since �OH radi-
cals are non-selective oxidants, a large number of by-products
have been detected when using those probes.14,16,17

Ideally, chemical probes to detect radicals like �OH would
readily react with the targeted radical while remaining signi-
cantly unaffected by subsequent reactions, besides being
innocuous, well-characterized and economical.18,19 Additionally,
they should provide reproducibility and repeatability in the
analysis of �OH.14 In other words, reliable detection and quan-
tication of �OH require identication of conditions where the
chemical probes are sensitive and selective to �OH while the
formation of byproducts is limited, and wherein the reaction
products to be measured do not react signicantly with excess
�OH or other reactive oxygen species (ROS) present in the media.
Thus, providing long-term stability. The use of chemical probes
for �OH detection and quantication should rely on the
understanding of their chemical properties, their kinetic
behaviour and their functionality in the conditions of interest.

The chemical environment in which �OH are generated is of
paramount relevance.2 Its components may have an impact on
the scavenging, decomposition or even on the acceleration of
�OH production. For instance, even throughout a well-
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controlled Fenton's reaction (reaction (1)), wherein ferrous ions
act with hydrogen peroxide to generate �OH, these effects have
been evidenced. Peña et al. discussed the importance of the role
that excess hydrogen peroxide plays as a scavenger of �OH
(reaction (3)), thus decreasing their concentration at a faster
rate than they are generated through the Fenton reaction. In
addition, ferric and ferrous iron ions react with hydrogen
peroxide (reaction (2) and (4)),20 thus having an ultimate impact
on the generation, detection, and quantication of �OH.21

Fe2+ + H2O2 / Fe3+ +
�
OH + OH�, ki ¼ 76 mol L�1 s�1 (1)

Fe2+ +
�
OH / Fe3+ + OH�, kt1 ¼ 3 � 108 mol L�1 s�1 (2)

H2O2 +
�
OH / HO2

�
+ H2O, kt2 ¼ 2.7 � 107 mol L�1 s�1 (3)

Fe3+ + H2O2 / Fe2+ + H+ + HO2
�
,

kt3 ¼ 3.1 � 10�3 mol L�1 s�1 (4)

Ciotti et al. observed an effect of the [Fe2+] : [H2O2] ratio on
the amount of radicals formed. Although they employed
a mathematical model to explain this behaviour, they did not
consider the need of reaching a steady state to ensure the reli-
ability of their method to quantify hydroxyl radicals,22 which
leads to inaccurate results.

On the other hand, the work of Lindsey and Tarr11 pointed
out at the possibility of nding optimal conditions in Fenton
systems to successfully use chemical probes for �OH detection
and quantication. However, since then, only a few works have
attempted to rationalize the use of organic chemical probes in
Fenton-based processes.

Organic chemical probes such as DMPO23,24 and
coumarin10,25 exhibit low toxicity and good sensitivity, but their
conditions of use have not yet rendered high selectivity in
Fenton-based systems, showing variable behaviour from sample
to sample or method to method, which needs to be calibrated
every time.14 In the majority of studies, the probe concentration
appears to be critical;11,13,26 skewed results can occur when
chemical probes are used in concentrations at which the
probability of reaction with the �OH available is either low or
very high.11,15,16,26,27 Abou et al. investigated the use of DMSO in
an electro-Fenton system. They concluded that DMSO would
not be an appropriate probe because of the electrode reactions
of DMSO.15

Furthermore, the sensitivity and reliability of organic
chemical probes in the presence of complex matrices involving
metals, anions, and cations like in AOP conditions, is not
thoroughly assessed; thus, determining the concentration of
radicals is still a challenging issue. Therefore, it is of signicant
value to investigate and predict systematically how, for specic
systems and chemical environments, the key factors such as the
concentrations of the major reactants and the chemical probe
affect the detection of �OH under different operating
conditions.

This study was designed as an approach to analyse and to
establish appropriate relations between key parameters that
inuence the quantication of �OH: the concentrations of the

Fenton's reagent and chemical probe. The detection of �OH was
performed using two well-known chemical probes, namely
coumarin and 5,5-dimethyl-1-pyrroline-N-oxide (DMPO). This
information is useful to further understand in which conditions
�OH detection and quantication can be feasible under ideal
performance of Fenton systems (i.e., pH 3).28–31 Finally, this
study may be immediately extrapolated to systematically
investigate the use of other chemical probes which can reduce
time and resources.

Experimental section
Chemicals

Ferrous sulfate heptahydrate (FeSO4$7H2O) and hydrogen
peroxide (H2O2) were purchased from Merck (Darmstadt, Ger-
many). 4-Hydroxy-2,2,6,6-tetramethylpiperidin-1-oxyl (TEM-
POL), 1,2-benzopyrone (coumarin) and 7-hydroxycoumarin
(umbelliferone) and catalase were purchased from Sigma-
Aldrich (Darmstadt, Germany). 5,5-Dimethyl-1-pyrroline-N-
oxide (DMPO) was provided by Cayman Chemical Company
(Ann Arbor, USA). All reagents were of analytical grade and were
used without further purication. The concentrations of stock
solutions for Fenton reagents were: 4.5 M H2O2, 0.05 M
FeSO4$7H2O, 1 M DMPO and 0.008 M coumarin. The pH of all
stock solutions was adjusted to 3.0 � 0.2 using concentrated
sulfuric acid. All chemical solutions were prepared using ultra-
pure water produced with a Millipore Milli-Q system and stored
in amber asks at laboratory +4 �C.

Sample preparation

Electron Spin Resonance (ESR) experiments were conducted
with H2O2 and Fe2+ concentrations varying from 0.1 mM to
10 mM, and from 0.001 mM to 1 mM, respectively. DMPO was
employed at a xed concentration of 100 mM. Different ratios of
[H2O2] : [Fe

2+], i.e., 10 : 1; 100 : 1; 1000 : 1; 10 000 : 1, and
100 000 : 1, were tested. Fenton reactions were performed by
mixing reagents using a vortex, in the following order: ultra-
pure water (adjusted to pH 3.0 � 0.2 using concentrated
sulfuric acid), H2O2, DMPO, and FeSO4$7H2O (total volume: 2
mL). The mixed reagents were allowed to react in the dark and
samples were taken and analysed at times specied in the
Results and discussion section.

Fluorescence experiments were conducted with H2O2, Fe
2+,

and coumarin concentrations varying from 1 mM to 100 mM,
0.001 mM to 10 mM, and 1 mM to 4 mM, respectively, using
different ratios of [H2O2] : [Fe

2+], i.e., 10 : 1; 100 : 1, and
1000 : 1. The difference in the [H2O2] : [Fe

2+] ratios employed
for detection with DMPO and coumarin is due to the lower
solubility of coumarin compared to DMPO, as well as due to the
difference in sensitivity of the uorescence method, which is
higher for coumarin. Fenton reactions were prepared by mixing
reagents in desired proportions using a vortex, in the following
order: ultra-pure water (adjusted to pH 3.0 � 0.2 using
concentrated sulfuric acid), H2O2, coumarin, and FeSO4$7H2O
(volume: 2.5 mL). Blank experiments were recorded to verify
that both ESR and uorescence signals resulted from the
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reaction between the chemical probe and �OH. The mixed
reagents were allowed to react in the dark and samples were
taken at times presented in the Results and discussion section.
All samples for DMPO-OH adduct were quenched by adding 100
mL of catalase dissolution immediately aer taking the sample
to achieve a nal concentration of 0.2 mg L�1, pH of those
samples increased to 5–6.24 Fluorescence samples were
measured immediately thus no quencher was used as catalase
decreased the signal when used.

Fluorescence and ESR analysis

Fluorescence measurements were performed using a Cary
Eclipse spectrophotometer from Varian Corporation (Palo Alto,
California, USA). The excitation wavelength was set at 340 nm,
and the emission wavelength enveloped at 456 � 2 nm; the
excitation and emission slits were 10 and 5 nm, respectively. A
calibration curve using 7-hydroxycoumarin (7HC) as a standard
was constructed to quantify the 7HC formed as a result of the
hydroxylation reaction between coumarin and �OH (reaction
(5)). All samples were analysed at least in triplicate to build the
calibration curves and the Fenton problem samples described
in Table 2 were analysed at least in duplicate. All plots were
prepared using Origin 2015.

Coumarinþ cOH ���!kC 7HC; kC ¼ 5:6� 109 M�1 s�1 (5)

The concentration of the DMPO-OH adduct, generated from
the reaction between DMPO and �OH (reaction (6)), was
measured with an ESR spectrometer CMS-8400 from ADANI,
Minsk, Belarus. The ESR spectrometer operated at 9.450 GHz
with 0.100 mT magnetic eld modulation. The instrumental
parameters were: center eld 336.5� 6.0 mT, power attenuation
10 dB, sweep time 100 s, and 4096 data points.

DMPOþ cOH ���!kD DMPO�OH; kD ¼ 3:4� 109 M�1 s�1 (6)

To analyse quantitatively the DMPO-OH adduct signal
intensity, TEMPOL was used as the standard. TEMPOL was
selected as an ESR standard due to its relative stability and
solubility in water.32 From ESR spectra, DMPO-OH adduct and
TEMPOL intensities were measured as the peak-to-peak
amplitude. TEMPOL concentrations were varied from 2.5 �
10�6 M to 12.5 � 10�6 M in the same conditions as Fenton
reactions, and both samples and standards were measured
under non-saturating conditions. ESR parameters of the DMPO-
OH adduct and TEMPOL were determined using EasySpin
soware 5.0.33 When required, dilution factors were applied to
the samples. All plots were prepared using Origin 2015 and
MATLAB R2015b soware.

Calibration curves

The concentration of 7HC was quantied from the uorescence
intensity and was used to determine the �OH concentration. The
reaction yield between coumarin and �OH to form 7HC (reaction
(5)) was reported as 4.7% by Newton and Milligan.17 The

fraction of �OH not leading to 7HC generates other hydroxylated
compounds which are not uorescent, and are thus not detec-
ted by the technique used.17,34 Therefore the yield fraction of
4.7% was taken into account for the calculations of radicals
generated during the Fenton experiments. Typical spectra of the
uorescence intensity of 7HC standard and the constructed
calibration curve are described in Fig. S1.†

The ESR signal of the DMPO-OH adduct was expressed
relative to the concentration of the stable radical TEMPOL.35 All
ESR spectra exhibited typical hyperne coupling constants of
the DMPO-OH quartet (abH ¼ aN ¼ 1.47 mT) and the TEMPOL
triplet (aN ¼ 1.68 mT).35,36 The ESR peak-to-peak intensity of
TEMPOL increased with the increasing dosage. ESR spectra
recorded for DMPO-OH adduct and TEMPOL and the built
calibration curve are depicted in Fig. S2 and S3,† respectively.

Equations for the determination of the chemical probe
concentration

To gain insight into the use of chemical probes for measuring
�OH generation, eqn (7) and (8)—derived from a kinetic model
proposed in our earlier work—were used. The agreement
between the theoretical [chemical probe] : [H2O2] ratio against
the experimental one was analysed, in order to obtain a reliable
signal by either uorescence or ESR.24

The model assumed quasi-steady-state concentrations. As
a consequence, some important conditions must be satised in
order to generate stable signals: (i) the rate of change of the
reaction product (i.e., DMPO-OH adduct, 7HC) with respect to
time approaches zero;24 (ii) the rate of change of the reaction
product with respect to time is not a function of the concen-
tration of the chemical probe;24 (iii) the reaction product to be
followed does not degrade signicantly during the time frame
of the analysis; otherwise, the conditions are not favorable for
�OH detection.11,17,23

Eqn (7) and (8) were developed in terms of elementary
reactions for coumarin and DMPO, respectively. The respective
contributions of the reaction rates from side reactions were set
at zero. Thus these equations are simplied to reect the
contribution of the [H2O2] : [Fe

2+] ratio and the chemical probe
concentration to produce a constant signal under quasi-steady-
state conditions, as previously demonstrated.24

½Coumarin�
½H2O2� [

kt1
�
Fe2þ

�
kC½H2O2� þ

kt2

kC
(7)

½DMPO�
½H2O2� [

kt1
�
Fe2þ

�
kD½H2O2� þ

kt2

kD
(8)

where: kt1 (rate constant of reaction (2)), kt2 (rate constant of
reaction (3)), are rate constants of �OH quenching reactions in
the Fenton mechanism;23 kC (5.6 � 109 M�1 s�1), kD (3.4 � 109

M�1 s�1) are formation rate constants of 7HC and DMPO-OH
adduct, respectively.

According to the discussions in our previous work,24 to
obtain stable signals by uorescence and ESR, the le-hand
ratios from eqn (7) and (8) ([chemical probe] : [H2O2]) should
be signicantly greater, i.e., by at least two to three orders of
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magnitude higher than the corresponding right-hand ratios. In
the case of DMPO, this hypothesis was already conrmed with
initial concentrations of 1 mM H2O2 and 0.1 mM Fe2+ (i.e.,
[H2O2] : [Fe

2+] ¼ 10 and right-hand ratio of eqn (8) equals
0.0168). Experiments conrmed that [DMPO] : [H2O2] ratio
should be at minimum 16.8 in order to obtain a stable DMPO-
OH adduct signal.24 However, the susceptibility of the DMPO
signal to change with the probe concentration was not previ-
ously validated, and thus the [chemical probe] : [H2O2] ratios
and that the amount Fenton's reagent can be still optimized.
Besides, this work makes progress beyond the current state of
the art by: (1) providing further analysis to establish the suitable
values of chemical probe which can render a stable analytical
response, and (2) nding optimal concentrations of iron that
can be used as catalyst for Fenton reactions in the conditions
studied.

Table 1 shows the theoretical [chemical probe] : [H2O2]
values predicted, at different Fenton's reagent ratios using
1 mM coumarin. In these calculations, the Fe2+ concentration
was varied at given concentrations of H2O2 (from 10�2 M to 10�4

M). For example, for [H2O2] : [Fe
2+] ¼ 10, the threshold

[coumarin] : [H2O2] ratio is 1.02 (Table 1) which was taken as
two orders of magnitude higher than the value calculated from
eqn (7) (i.e. 0.0102). Thus the experiments were designed and
carried out in order to validate the hypothesis suggested by the
theoretical model and to verify whether this model can also be
applied to coumarin.

Results and discussion
Validation of the equations proposed to determine optimal
chemical probe concentration

To validate the conditions suggested from eqn (7) in Fenton
systems, three different sets of experiments were carried out by
varying the Fenton's reagent ratio and coumarin concentration.
The rst set of experiments measured the concentration of 7HC
with respect to time, by varying coumarin concentration. The
conditions applied in this section are described in Table 2. The
experiments lasted for up to 60 min at a xed [H2O2] : [Fe

2+]
ratio of 10 and varying coumarin concentrations from 0.5 mM
to 4 mM (Fig. 1). According to the theoretical model described
above (eqn (7)), the optimal [coumarin] : [H2O2] ratio was ex-
pected to be at minimum 1 to 10. Experiments were carried out
to validate the values calculated by the model.

In principle, it may be expected that the formation of �OH
would occur at the same rate in all these four systems (A–D),
given that the same concentrations and ratios of Fenton's
reagent were used. However, it has been discussed that changes
in initial probe concentration will result in a shi in probe
response even at constant radical ux.18 Thus, these results
suggest that once the �OH are formed, it is the rate of their
reaction with coumarin which is, in fact different as the
coumarin concentration changes, presumably driven by mass
transfer limitations. Because for every molecule of coumarin
and �OH to react, these must come into intimate contact with
each other. Although good mixing increases the chances of
interaction, the concentration of coumarin molecules implies
a delayed rate for their reaction with �OH when coumarin
appears to be in large excess (i.e., systems C and D). As depicted
in Fig. 1, with condition A, the chemical probe concentration
appeared to be underdosed and resulted in a non-steady state
concentration of 7HC. In this system, the signal decreased fast
aer the rst 20 min of reaction.

Table 1 Theoretical [coumarin] : [H2O2] ratios predicted from eqn (7),
for a set of proposed [H2O2] : [Fe

2+] ratios

Ratio Theoretical ratio

[H2O2] : [Fe
2+] [Coumarin] : [H2O2]

a

10 1.02
100 0.54
1000 0.49

a From right hand side of eqn (7).

Table 2 Fenton's reagent and coumarin concentrations used in this
study

Condition
[H2O2]
(mM)

[Fe2+]
(mM)

[Coumarin]
(mM) [Coumarin] : [H2O2]

Fenton A 1 0.1 0.5 0.5
Fenton B 1 0.1 1 1
Fenton C 1 0.1 2 2
Fenton D 1 0.1 4 4
Fenton E 1 0.1 0.05 0.05
Fenton F 1 0.1 0.1 0.1
Fenton G 0.1 0.01 0.1 1
Fenton H 0.1 0.01 0.5 5
Fenton I 0.1 0.01 1 10
Fenton J 10 0.1 1 0.1
Fenton K 1 0.01 1 1
Fenton L 10 0.01 1 0.1
Fenton M 10 1 1 0.1
Fenton N 100 0.1 1 0.01

Fig. 1 Effect of coumarin concentration on fluorescence intensity
during 60 min for Fenton reaction with 1 mM H2O2 and 0.1 mM Fe2+.
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It is inferred that coumarin is rst hydroxylated into 7HC
during the rst 20 min. Yet, the disappearance of 7HC can be
attributed to the relative excess of homogeneous reactive oxygen
species (mainly �OH, and to a lesser extent H2O2, HO2

�) which
can further attack the p-electron-rich position of the hydroxyl-
ated primary byproducts formed to render different molecules
than 7HC which either may not uoresce or may be easily
degraded to smaller molecules such as carboxylic acids.10,26,37,38

The swi degradation of 7HC is feasible, and the conditions are
here clearly identied. This is a fundamental step to prevent
7HC to react signicantly with �OH for reliable measurements.

The uorescence response of system B ([coumarin] : [H2O2]
ratio of 1), reached a maximum value aer 30 min, then
remained relatively stable until 50 min in contrast to the other
tests. These results may indicate the establishment of a quasi-
steady-state concentration of 7HC, wherein a 1 mM coumarin
concentration would be suitable for the detection of radicals up
to 30 min, where the accumulated concentration of 7HC could
be considered constant and maximum.

From these data, the hypothetical [coumarin] : [H2O2] ratio
calculated from the theoretical model (eqn (7)) appears to be in
good agreement with the experimental one, i.e., for
[H2O2] : [Fe

2+]¼ 10, the right-hand ratio of eqn (7) equals 0.0102
which means that [coumarin] : [H2O2] must be at minimum
1.02 in order to obtain a stable uorescence signal.

In conditions C and D (i.e., [coumarin] : [H2O2] > 1), the
amount of 7HC was lower, thus using a higher coumarin
concentration does not result in more efficient radical detec-
tion. This behaviour has been previously shown.26 However, it
was overlooked by the authors, and hence it remained
unexplored.

In general, as the same concentration and ratio of Fenton's
reagent were kept constant in all systems, the rate-limiting step
of the process is the reaction of �OH with coumarin. If there
would be no other effects, then all cases should give the same
response up to the point where either coumarin or �OH are
exhausted. Moreover, the hypothesis derived from our model
(eqn (7)) suggests that an optimum coumarin concentration to
detect �OH must be established. The effect of coumarin
concentration can be explained as follows. First, when
coumarin concentration is higher as in C and D, part of the 7HC
concentration may react rapidly with �OH and compete with
reaction of �OH with coumarin. �OH can be consumed by
coumarin, coumarin byproducts and scavengers. Thus, the
concentration of �OH, [�OH], can change with time, as the
concentration of organics change. Therefore, the uorescence
response may be poorer—given that it will take a longer time for
coumarin to effectively collide with a �OH molecule; otherwise,
part of the emission energy of the uorophores may decrease by
self-quenching.18,39,40 As a consequence, a decreasing uores-
cence signal resulted when coumarin increased from 2 mM
(system C) to 4 mM (system D). At optimal coumarin concen-
trations, which may be between systems B and C, the quasi-
steady-state is promoted as a stoichiometric ratio of coumarin
is used. Finally, when coumarin concentration is lower, it gets
rapidly exhausted from the reaction system A. Thus the uo-
rescence signal decay was observed, as explained before. From,

these kinetic proles we can conclude the following statements
in which the proles from Fig. 1 seem to exhibit four kinetic
regimes: (i) very fast kinetic effect on the rst two minutes, (ii)
aer the rst two minutes and up to a certain point around
20 min, the prole is specic for each case, (iii) aer the rst
20min, it appears a change in slope to a slower rate as coumarin
concentration increases, which leads to an inection point
(system A), steady state (system B) or to a decrease in rate
(systems C and D), (iv) the slower rate, may be due to a low
concentration of coumarin (aer 20 min) which may promote
the reaction between 7HC and excess radicals. This fact is
evident in the system A.

To further assess the effect of the coumarin concentration
and the role of the initial concentration of Fenton's reagent on
the kinetic prole, a second set of experiments was carried out
using conditions E–I, with [H2O2] : [Fe

2+] kept at a value of 10
(Fig. 2). In those tests, the uorescence signal evolved into
a combination of two opposite trends and was dependent on
both the initial coumarin concentration and the initial
concentration of Fenton's reagent. As it was expected with
conditions E and F (Fig. 2I), the uorescence intensity
decreased, which occurred during the rst 15 min. It conrms
that the underdosed coumarin is rapidly depleted by �OH to
form 7HC, the last being further hydroxylated to non-
uorescent species by �OH that kept forming as described
previously.

When the concentration of Fenton's reagent was reduced by
a factor of ten (i.e., 0.1 mMH2O2 and 0.01 mM Fe2+, Fig. 2II) and
the coumarin concentration used at conditions G–I, corre-
sponded to 0.1 mM, 0.5 mM, and 1 mM, respectively, the uo-
rescence signals showed a tendency to increase through time.
However, these systems did not reach a quasi-steady-state
concentration of 7HC during 60 min of reaction. In addition,
as the coumarin concentration increased from 0.1 mM to 1 mM
(i.e., [coumarin] : [H2O2] > 1), the signal intensity decreased as
depicted in Fig. 2. This can be explained by ineffective collisions
between both Fenton's reagent to render �OH and coumarin to

Fig. 2 Effect of coumarin concentration on fluorescence intensity
over time for Fenton reaction with [H2O2] : [Fe

2+] ¼ 10: (I) 1 mM H2O2

and 0.1 mM Fe2+ and (II) 0.1 mM H2O2 and 0.01 mM Fe2+.

This journal is © The Royal Society of Chemistry 2018 RSC Adv., 2018, 8, 5321–5330 | 5325
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react with �OH, while the reason because the plateau was not
reached is due to excess coumarin with respect to Fenton's
reagent.

From the above discussions, 1 mM coumarin was deter-
mined to be the most suitable concentration to estimate the
concentration of �OH (Fig. 1B) for an initial concentration of
1 mM H2O2 and 0.1 mM Fe2+, which can render suitable kinetic
proles.

Effects of Fenton's reagent ratio and coumarin concentration

The concentration of �OH was determined to investigate the
effect of different Fenton's reagent ratios on the optimal
coumarin concentration to be applied (Fig. 3). The le-hand
ratios of eqn (7), calculated with different Fenton's reagent
ratios, are given in Table 1. Each experiment lasted 60 min. As
the [H2O2] : [Fe

2+] ratio increased (conditions B, J, K, L, M
described in Table 2), the concentration prole through time for
the detection of radicals changed with the [coumarin] : [H2O2]
ratio (Fig. 3).

At [H2O2] : [Fe
2+] ¼ 10 (Fig. 3I), the ratio [coumarin] : [H2O2]

¼ 1 determined experimentally concurred with the
[coumarin] : [H2O2] ratio calculated using eqn (7) (Table 1).
From these experiments, it was noticeable that the system M
exhibited a similar behaviour to conditions E and F.

In these conditions, the trend across time showed a sudden
reduction of the uorescence intensity aer four minutes
of reaction time (Fig. S4†). At a Fenton's ratio of 100,
under conditions J and K (Fig. 3II), corresponding to
[coumarin] : [H2O2] ratios of 0.1 and 1, respectively, the exper-
imental [coumarin] : [H2O2] ratio differed from those calculated
from eqn (7). In those systems, the predicted [coumarin] : [H2-
O2] using eqn (7) should be at least �0.54 (Table 1), suggesting
that using 0.54 ratio as optimum [coumarin] : [H2O2] value may
render a suitable concentration prole. These results also
revealed that the initial amount of �OH detected was around 3.6

times higher with condition J than with condition K around the
rst four minutes. It should be noted that the maximum
amount of �OH in both systems was of the same order of
magnitude (�10�5 M). Thus, the optimal detection of �OH could
be achieved at optimal [coumarin] : [H2O2] ratios keeping [Fe2+]
at its optimal value (�0.1 mM in this work).

At higher Fenton's ratio of 1000, under condition L (Fig. 3III),
the formation of radicals was lower, showing a behaviour
similar to that under condition J. This may be related to a slow
reaction rate between Fenton's reagent, resulting in less
formation of �OH. The second order rate constant for hydrox-
ylation of coumarin (5.6 � 109 M�1 s�1 (ref. 17)) by �OH may
imply that a higher concentration of �OH has to be available to
promote effective collisions with coumarin. In turn, a higher
initial concentration of Fenton's reagent and the adjusted
coumarin concentration are required to obtain suitable proles
for �OH detection and quantication. As a result, systems J
and L, with a higher Fenton's reagent ratio and non-optimized
[coumarin] : [H2O2] ratio, were less efficient at detection radi-
cals over a period of 60 min, without reaching a plateau
(quasi-steady-state) zone. Therefore, the fact that the
[coumarin] : [H2O2] ratio needs to be optimized as the initial
concentration of Fenton's reagent varies may be closely related
to the different mechanisms that control the overall reaction as
the [H2O2] : [Fe

2+] changes.41 For example, at high [H2O2] : [Fe
2+]

ratios the large amount of H2O2 added can act as scavenger for
the generated �OH (reaction (2)), while at low [H2O2] : [Fe

2+]
ratios the catalytic conversion of H2O2 to

�OH may increase but
not the reaction with coumarin because of the promotion of
scavenging reactions (reactions (2) and (3)).42

Analysis of the amount of �OH detected aer one minute of
mixing the reagents conrmed this behaviour (Fig. S5†). At an
initial H2O2 concentration of 1 mM, a higher �OH concentration
(7.7 � 10�6 M) was achieved during the early phase of reaction
(rst minutes) with [H2O2] : [Fe

2+] ¼ 10 corresponding to
condition B, while the amount of �OH detected decreased as the
Fenton's reagent ratio increased from 100 to 1000 (Fig. S5I†), as
observed in Fig. 3. At an initial H2O2 concentration of 10 mM,
the maximum initial formation of radicals was detected under
condition K, and resulted in an analogous magnitude than that
obtained with 1 mM H2O2 (7.7 � 10�6 M, Fig. S5II†). This again
suggests that the coumarin concentration should be optimized
in relation to the initial concentration of Fenton's reagent, to
achieve suitable reaction rates between �OH and coumarin.

It seems that reasonable predictions of the
[coumarin] : [H2O2] ratio can be made using the equations
derived from the simplied quasi-steady-state model proposed.
These results suggest that the optimum [coumarin] : [H2O2]
ratios, initial [H2O2] and iron Fe2+ amount must be adjusted to
achieve suitable concentration proles that allow greater
detection of �OH as predicted by the model proposed (Table 1),
wherein 7HC does not react signicantly with �OH. It should be
noted from these results that:

(i) The ratio of Fenton's reagent ratios to generate and detect
�OH using uorescence (such as [H2O2] : [Fe

2+] ¼ 10, 100 and
1000) appeared to be less signicant than the
[coumarin] : [H2O2] ratio as predicted. Those [H2O2] : [Fe

2+]

Fig. 3 Time-dependent effect of the [H2O2] : [Fe
2+] ratio on molar

�OH detection by 1 mM coumarin concentration for 60min at Fenton's
reagent ratios of (I) 10, (II) 100 and (III) 1000. The size of some error
bars are in the same scale than the symbols used.
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ratios have rendered good level of �OH and are consistent with
those typically employed in water treatment processes.39

(ii) The [coumarin] : [H2O2] ratio needs to be adjusted as the
initial concentration of Fenton's reagent changes; thus, in this
work is suggested that the best level of detection of �OH is
achieved at [coumarin] : [H2O2] ¼ 1, when [H2O2] : [Fe

2+] ¼ 10
and Fe2+ concentration is 0.1 mM.

(iii) Under condition M, the theoretical [coumarin] : [H2O2]
ratio was not applicable. This bias may be closely related to the
fact that: (a) H2O2 was excessive compared to coumarin, thus
leading to excess �OH formation that caused degradation of the
reaction product 7HC into non-uorescent compounds.

(iv) It was also observed that a ferrous iron concentration of
0.1 mM played a signicant role in the amount of �OH detected.
This value is in the order of magnitude that other works have
found as the optimal operative condition to generate �OH in
electro-Fenton systems.20

Response of coumarin and DMPO as probes for the detection
of �OH

To evaluate the response of different chemical probes at
conditions established as suitable from the previous analysis,
two independentmatrices of experiments were performed using
a xed concentration of chemical probes: 1 mM coumarin and
100 mM DMPO for uorescence and ESR, respectively. The
Fenton's reagent ratio of [H2O2] : [Fe

2+] was varied from 1 to 104,
and the equivalent concentration of �OH detected by uores-
cence and ESR are depicted accordingly in Fig. 4 and 5. In our
previous work, the response of DMPO under a xed ratio of
Fenton's reagent was tested.24 In this section, the concentration
of chemical probe is kept constant, and the Fenton's reagent
ratio is different.

The concentration of �OH detected by uorescence using
coumarin as a probe was measured 22.5 min aer mixing

Fenton's reagent with coumarin (Fig. 4). The highest product
yield was approximately 3.0 � 10�5 M and measured with
[H2O2] : [Fe

2+] ¼ 10 (condition B). For [H2O2] : [Fe
2+] ¼ 100, the

highest product yield was around 3.0 � 10�5 M (condition K)
while for [H2O2] : [Fe

2+] ¼ 1000 the concentration of �OH
detected was 3.6 � 10�5 M (condition N). These results also
showed that the detection of radicals involved an initial Fe2+

concentration of around 0.1 mM, which corresponds to a ratio
of 10, 100 and 1000 in respect to H2O2 concentration (Fig. 5, red
zone) as noted previously.

Fig. 5 presents the amount of �OH detected by ESR with
different concentrations of Fenton's reagent and using 100 mM
DMPO as a probe. The [H2O2] : [Fe

2+] ratio was varied from 10 to
104, and the equivalent �OH amount was measured four min
aer mixing Fenton's reagent and DMPO. The highest product
yield at [H2O2] : [Fe

2+] ¼ 10 was 4.2 � 10�5 M. With
[H2O2] : [Fe

2+] ¼ 100, the highest product yield was around
1.3 � 10�5 M while for [H2O2] : [ Fe

2+] ¼ 1000, the yield was
2.7 � 10�6 M. From these results it can be concluded that an
effective �OH detection was rendered at a Fenton's reagent ratio
of 10 (Fig. 5, red zone).

Finally, a comparison between the coumarin and DMPO
results revealed that the magnitude of maximum �OH detected
was of the same order of magnitude as 3.6 � 10�5 M and 4.3 �
10�5 M respectively. This may imply that at a ratio of
[H2O2] : [Fe

2+] ¼ 10 and at [chemical] : [H2O2] ratio of at least
two orders of magnitude higher than the right side of eqn (7)
and (8) would help acquiring a stable analytical signal for
measurements of �OH. However, some differences can be
highlighted: (i) the concentration of chemical probe required
for ESR and uorescence suggests that the ESR method
consumes as much as 100 times or more DMPO concentration
than the needed with coumarin and (ii) the time required to
detect an equivalent molar concentration of �OH is longer for
coumarin than for DMPO, 22.5 min and 4 min respectively.

Fig. 4 Equivalent concentration of �OH formed as a function of the
Fenton's reagent ratio using 1 mM coumarin. All data were measured
22.5 min after mixing the reagents using 7-hydroxycoumarin (7HC) as
a standard. The x-axis and y-axis are presented on logarithmic scales.

Fig. 5 Equivalent concentration of �OH formed as a function of the
Fenton's reagent ratio at constant DMPO adduct probe concentration
(100 mM) using TEMPOL as a standard. All data were measured 4 min
after mixing the reagents. The x-axis and y-axis are presented on
logarithmic scales.
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Those times were determined from the kinetic prole, where
the system appeared to be stable as it reached a stable state
(plateau, Fig. 1B). In addition, the coumarin concentration
needed could limit its application under the conditions
required in Fenton-based systems.

Therefore further analysis using this technique testing
different probes other than non-modied coumarin could be
useful as it involves inexpensive reagents, a wide linear range,
and is user-friendly compared to the ESR technique.

These data showed the impact of [H2O2] : [Fe
2+] ratio on the

amount of �OH detected. The optimal [H2O2] : [Fe
2+] ratio for

detection of �OH in both techniques was between [H2O2] : [Fe
2+]

¼ 10 (Fig. 4 and 5). It is also suggested that the relationship
between the chemical probe concentration needed and the �OH
formed should be between values of initial concentration of
Fenton's reagent that does not promote the further oxidization
of the reaction byproduct to be monitored such as 7HC or
DMPO-OH adduct.

Conclusions

This study investigated the application of both coumarin and
DMPO as probes to measure hydroxyl radicals by uorescence
and ESR respectively. Hydroxyl radicals were produced by Fen-
ton's reactions.

The effect of the Fenton's reagent ratio (up to 103) and the
[chemical probe] : [H2O2] ratio on the quantication of hydroxyl
radical concentrations was experimentally determined. On the
basis of the experimental results, the following conclusions can
be drawn:

� Coumarin is a good chemical probe around 1 mM and
initial concentration of 1 mM H2O2 and 0.1 mM Fe2+ because
excess can promote either collisions between two coumarins or
two uorophores (7HC) which will render a poor uorescence
signal.

� For reliable quantication of �OH, the [coumarin] : [H2O2]
ratio should be two orders greater than the right-hand side of
eqn (7) at [H2O2] : [Fe

2+] ¼ 10.
� Degradation of 7HC in the presence of excess �OH may

involve a further hydroxylation reaction into non-uorescent
derivatives.

� A ferrous iron concentration of 0.1 mM independently of
the chemical probes tested, played a signicant role in the
amount of �OH generated and detected.

� The optimal [H2O2] : [Fe
2+] ratio used in the detection of

�OH in both techniques uorescence and ESR was observed to
be [H2O2] : [Fe

2+] ¼ 10.
� Finally, using DMPO required a higher concentration than

coumarin to yield the same amount of �OH detected but resul-
ted being a more reliable probe for detecting �OH under the
consideration of this study.
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h i g h l i g h t s

� Mineralization of bisphenol A at pH 3.0 increases as: EO-H2O2 < EF < PEF < SPEF.
� Almost total mineralization by PEF and SPEF in sulfate medium and chloride matrices.
� Slower degradation in chloride medium due to formation of chlorinated intermediates.
� Very faster decay of bisphenol A by SPEF due to high �OH production induced by sunlight
� Identification of 8 non-chlorinated and 5 chlorinated primary aromatics and 4 carboxylic acids.
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a b s t r a c t

Electrochemical oxidation with electrogenerated H2O2 (EO- H2O2), electro-Fenton (EF), photoelectro-
Fenton (PEF) and solar PEF (SPEF) have been applied to mineralize bisphenol A solutions in 0.050 M
Na2SO4 or 0.008 M NaCl þ 0.047 M Na2SO4 at pH 3.0. The assays were performed in an undivided cell
with a boron-doped diamond (BDD) anode and an air-diffusion cathode for continuous H2O2 production.
The PEF and SPEF processes yielded almost total mineralization due to the potent synergistic action of
generated hydroxyl radicals and active chlorine, in conjunction with the photolytic action of UV radia-
tion. The higher intensity of UV rays from sunlight explained the superior oxidation ability of SPEF. The
effect of applied current density was studied in all treatments, whereas the role of bisphenol A con-
centration was examined in PEF. Bisphenol A abatement followed a pseudo-first-order kinetics, which
was very quick in SPEF since UV light favored a large production of hydroxyl radicals from Fenton's
reaction. Eight non-chlorinated and six chlorinated aromatics were identified as primary products in the
chloride matrix. Ketomalonic, tartronic, maleic and oxalic acids were detected as final short-chain
aliphatic carboxylic acids. The large stability of Fe(III)-oxalate complexes in EF compared to their fast
photomineralization in PEF and PEF accounted for by the superior oxidation power of the latter
processes.
© 2017 The Authors. Published by Elsevier Ltd. This is an open access article under the CC BY-NC-ND

license (http://creativecommons.org/licenses/by-nc-nd/4.0/).

1. Introduction

Bisphenol A (2,2-bis(4-hydroxyphenyl) propane, C15H16O2,
M ¼ 228.29 g mol�1) is widely used in a large variety of personal
care and industrial products like face lotions/cleaners, shaving
creams, shampoos, body wash/lotions, sunscreen lotions, epoxy

and polycarbonate resins and plastics (Umar et al., 2013; Lane et al.,
2015; Bhatnagar and Anastopoulos, 2017). This chemical is
considered as an endocrine disruptor and has been related to po-
tential metabolic diseases and reproductive effects (Rochester,
2013; Chen et al., 2017; Gassman, 2017; Patel et al., 2017). These
health concerns have led to the appearance of a large number of
works focused on its environmental fate and stability during water
treatment (Lane et al., 2015; Ebele et al., 2017; Rodriguez-Narvaez
et al., 2017). Thanks to its relatively high solubility of 300 mg L�1

at 25 �C in water (Careghini et al., 2015), bisphenol A has been
detected at concentrations up to 22 mg L�1 in surface water,
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370 mg L�1 in effluents fromwastewater treatment plants (WWTPs)
and 1.3 mg L�1 in potable tap water, as well as up to 17 mg L�1 in
landfill leachates, 95 mg kg�1 in sewage sludge, 10.5 mg kg�1 in
sediments and 0.53 mg kg�1 in biosolids (Corrales et al., 2015;
Petrie et al., 2015; Chen et al., 2017).

Several authors have reported the removal of bisphenol A from
water by different methods including adsorption (Bhatnagar and
Anastopoulos, 2017), ozonation (Umar et al., 2013), photo-Fenton
(Molkenthin et al., 2013), electrolysis with Fe(II)-activated perox-
ydisulfate (Yang, 2015), UV photoelectrocatalysis (Yang et al., 2016)
and solar photoelectrocatalysis (Daskalaki et al., 2013; Xiang et al.,
2016). The two latter techniques are electrochemical advanced
oxidation processes (EAOPs) in which organic pollutants are
oxidized with the in situ generated hydroxyl radical (�OH), with
ability to attack most organics up to mineralization (Martínez-
Huitle et al., 2015; Moreira et al., 2017). The degradation of
bisphenol A has been investigated using more potent EAOPs like
electrochemical oxidation (EO) and electro-Fenton (EF). Much
greater oxidation ability of boron-doped diamond (BDD) compared
to Pt, PbO2, RuO2 and glassy carbon anodes has been described
(Murugananthan et al., 2008; Pereira et al., 2012). Total minerali-
zation of 20 mg L�1 bisphenol A solutions with 0.1 M Na2SO4 at pH
6 was achieved by EO with BDD after 12 h of electrolysis at current
density (j) of 35.7 mA cm�2. Phenol, hydroquinone and p-benzo-
quinone were detected as intermediates (Murugananthan et al.,
2008). Similarly, Pereira et al. (2012) reported total mineralization
using EO with BDD when treating solutions with 150 mg L�1

bisphenol A and 0.1 M Na2SO4 at j¼ 30 mA cm�2 for 180 min, being
slightly faster upon addition of 0.026 M NaCl. Li et al. (2016) found
much quicker decay of 0.020 mM bisphenol A in 0.04 M NaCl as
compared to 0.04 M Na2SO4 by EO with a Pt/stainless steel cell at j
between 10 and 40 mA cm�2. However, scarce mineralization and
accumulation of chlorinated derivatives of the target molecule,
phenol and p-benzoquinone were important drawbacks in the
former medium. On the other hand, the EF treatment of O2-satu-
rated solutions containing 0.70 mM bisphenol A, 3.0 mM Fe2þ and
0.01 M HCl using a carbon felt cathode at cathodic potential
of �0.55 V/SCE led to 82% mineralization, with formation of hy-
droxylated derivatives (G€ozmen et al., 2003). More recently,
Chmayssem et al. (2017) reported a 15%mineralization after 90min
of electrolysis of 100mg L�1 bisphenol A in 0.05MNa2SO4 at pH 3.0
using an electrochemical reactor with fixed bed of glassy carbon
pellets at 0.8 A. Worth mentioning, powerful Fenton-based EAOPs
with photo-assisted irradiation such as photoelectro-Fenton (PEF)
and solar PEF (SPEF) have not been tested yet to treat aqueous
solutions of bisphenol A. Such EAOPs could be more viable pro-
cesses for the remediation of real wastewater.

This work aims to compare the mineralization of synthetic
acidic bisphenol A solutions in sulfate and chloride þ sulfate con-
taining Fe2þ as catalyst by EAOPs like EF, PEF and SPEF using a BDD
anode and an air-diffusion cathode for H2O2 generation. Tests
without any catalyst (i.e., EO process with electrogenerated H2O2)
(Sir�es et al., 2014) were also made to clarify the role of generated
hydroxyl radicals. High-performance liquid chromatography
(HPLC) was used to monitor the pollutant content decay and the
evolution of final carboxylic acids. Main aromatic intermediates
were identified by gas chromatography-mass spectrometry (GC-
MS), allowing the proposal of a reaction route for bisphenol A
degradation.

2. Experimental

2.1. Chemicals

Bisphenol A (>99% purity) was purchased from Sigma-Aldrich.

All the other chemicals used of HPLC or analytical grade were
purchased from Fluka, Panreac, Sigma-Aldrich and Acros Organics.
High quality water (Millipore Milli-Q, resistivity > 18 MU cm) was
employed for the preparation of all solutions.

2.2. Electrochemical experiments

Solutions of 150 mL of bisphenol A in 0.050 M Na2SO4 or
0.008 M NaCl þ0.047 M Na2SO4 at pH 3.0, with the same conduc-
tivity of 10 mS cm�1, were treated by the different EAOPs using a
cylindrical, open tank reactor under vigorous stirring. The solution
was kept at 35 �C by recirculation of external thermostated water
through a jacket surrounding the tank reactor. The anode was a
BDD thin-film electrode of 2.0 cm � 1.5 cm (exposed area of 3 cm2)
purchased from NeoCoat (La-Chaux-de-Fonds, Switzerland). The
cathode was a 3 cm2 circular carbon-polytetrafluoroethylene
(PTFE) air-diffusion electrode purchased from Sainergy Fuel Cell
(Chennai, India), mounted as reported elsewhere (Guinea et al.,
2010). It provided H2O2 to the solution from the two-electron O2
reduction via reaction (1) (Brillas et al., 2009; Sir�es et al., 2014)
upon injection of compressed air at 1 L min�1. The distance be-
tween both electrodes was about 1 cm.

O2(g) þ 2Hþ þ 2e� / H2O2 (1)

The assays were conducted at constant j of 33.3e100 mA cm�2

provided by an AMEL 2051 potentiostat-galvanostat. EF, PEF and
SPEF were run with 0.50 mM FeSO4 since this concentration has
been found optimal for analogous treatments of other organics
(Ruiz et al., 2011). Solutions in PEF were exposed to irradiation by a
Philips TL/6W/08 fluorescent (UVA light, lmax ¼ 360 nm) with
power density of 5Wm�2, measured with a Kipp&Zonen CUV 5 UV
radiometer. Direct illumination in SPEF was made during the
summer 2017 in our laboratory of Barcelona (latitude: 41� 230N,
longitude: 2� 100E), with 32.6 Wm�2 of average UV irradiance from
sunlight.

2.3. Analytical procedures

The solution pH was measured on a Crison GLP 22 pH-meter. All
samples were filtered prior to measurements. HPLC analysis were
performed by injecting 10 mL into a Waters system composed of a
600 liquid chromatograph coupled to a 996 photodiode array de-
tector. Bisphenol A decay was monitored by reversed-phase HPLC
using a BDS Hypersil C18, 250 mm � 4.6 mm, column at 25 �C and
the photodiode detector set at l ¼ 254 nm. The mobile phase was
30:70 (v/v) acetonitrile:water (KH2PO4 10 mM, pH 3) eluted at
1.0 mL min�1, appearing the peak of bisphenol A at retention time
(tr) of 3.8 min. Short-linear carboxylic acids were identified by ion-
exclusion HPLC using a Bio-Rad Aminex HPX 87H,
300 mm � 7.8 mm, column at 35 �C, and the photodiode detector
selected at l ¼ 210 nm. A 4 mM H2SO4 solution was eluted at
0.6 mL min�1 as mobile phase. Oxalic (tr ¼ 6.8 min), ketomalonic
(tr ¼ 7.4 min), tartronic (tr ¼ 7.6 min) andmaleic (tr ¼ 8.1 min) were
detected. In EF, PEF and SPEF, acetonitrile (50% in volume) was
added to the samples to stop the degradation process.

Total organic carbon (TOC) was determined by injecting fresh
samples to a Shimadzu VCSN TOC analyzer. From TOC removal
(△(TOC), in mg L�1) at given time (t, in h) of each test at constant
applied current (I, in A), the mineralization current efficiency (MCE,
in %) was calculated from Eq. (2) (Ruiz et al., 2011):
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%MCE ¼ nFVDðTOCÞ
4:32� 107mIt

� 100 (2)

where F (¼ 96,485 C mol�1) is the Faraday constant, V represents
the solution volume (in L), 4.32 � 107 is a conversion factor (¼
3600 s h�1 � 12,000 mg C mol�1) and m (¼ 15) is the number of
carbon atoms of bisphenol A. An n-value of 72 was accounted for
the number of electrons associated with the theoretical total
mineralization as follows:

C15H16O2 þ 28H2O / 15CO2 þ 72Hþ þ 72e� (3)

Average data for replicated kinetic andmineralization assays are
reported below, with small standard errors < 4% within 95% con-
fidence interval in all cases.

Primary aromatic intermediates formed at short electrolysis
time when treating 0.556 mM bisphenol A solutions in both
background electrolytes at j ¼ 100 mA cm�2 were identified by GC-
MS using a NIST05 MS library. The organic components after each
test were extracted with CH2Cl2 (3 � 20 mL) and the resulting so-
lution was dried over anhydrous Na2SO4, filtered and concentrated
up to ca. 1 mL with N2 gas (99.99% purity). The analysis was made
with the equipment and conditions previously reported by us
(Steter et al., 2016), using a non-polar Teknokroma Sapiens-X5 ms
column.

3. Results and discussion

3.1. Mineralization of bisphenol A solutions using 0.050 M Na2SO4

as the electrolyte

First, solutions of 150 mL containing 0.556 mM bisphenol A
(100 mg L�1 TOC) in 0.050 M Na2SO4 at pH 3.0 were treated by EO-
H2O2, EF and PEF at j ¼ 33.3 mA cm�2 for 360 min. The two latter
processes were run in the presence of 0.50 mM Fe2þ. In all cases,
the initial colorless solution became brownish very rapidly, turning
into yellow and being colorless again in less than 1 h. The colorful
solutions at the beginning of these treatments suggest the forma-
tion and fast destruction of complexes of Fe(III) with quinone-based
intermediates (Feng et al., 2013; Sir�es et al., 2014). Final pH values
around 2.8e2.9 informed about the generation of acidic by-
products such as short-linear carboxylic acids (Brillas et al., 2009;
El-Ghenymy et al., 2013).

For the above trials, Fig. 1a highlights a more rapid TOC removal
in the order EO-H2O2 < EF < PEF, with reduction of 50.8%, 57.0% and
98.5% at 360 min. The slow but continuous TOC removal in the
former EAOP can be related to the oxidation of bisphenol A and its
intermediates by physisorbed BDD(�OH) originated at the BDD
surface from water oxidation (Boye et al., 2002; Marselli et al.,
2003; €Ozcan et al., 2008):

BDD þ H2O / BDD(�OH) þ Hþ þ e� (4)

The larger mineralization achieved in EF can be explained by the
additional production of �OH from Fenton's reaction (5) between
added Fe2þ and generated H2O2 (Olvera-Vargas et al., 2014; Oturan
and Aaron, 2014; Sir�es et al., 2014), being propagated thanks to
reaction (6) that involves Fe2þ regeneration from cathodic Fe3þ

reduction.

H2O2 þ Fe2þ / Fe3þ þ �OH þ OH� (5)

Fe3þ þ e� / Fe2þ (6)

It can be noted that TOC removal by EF did not differ much from
that in EO-H2O2 (57.0% vs. 50.8%), which can be due to the forma-
tion of complexes of Fe(III), like Fe(III)-carboxylate species that are
hardly removed by BDD(�OH) and �OH (Sir�es et al., 2014).

The superiority of PEF over EF can be ascribed to the photolytic
action of UVA light. This radiation promotes the formation of
additional amounts of �OH alongwith the regeneration of Fe2þ from
photolysis of Fe(OH)2þ via reaction (7) (Flox et al., 2007; Ruiz et al.,
2011; Thiam et al., 2015b). A more crucial step for enhancing
mineralization is the photodecomposition of Fe(III) complexes with
intermediates, particularly some final carboxylic acids according to
reaction (8) (El-Ghenymy et al., 2013; P�erez et al., 2017; Moreira
et al., 2017).

Fe(OH)2þ þ hn / Fe2þ þ �OH (7)

Fe(OOCR)2þ þ hn / Fe2þ þ CO2 þ R� (8)

The fast photolysis of intermediates like Fe(III)-carboxylate
complexes explains the almost total mineralization of bisphenol A
with 98.5% TOC reduction achieved by PEF. This indicates that the
combined action of BDD(�OH) and �OH, which are the available
oxidants in EF, is strongly enhanced by the photolytic action of UVA
light in PEF.

Moreover, the exponential decay observed in Fig. 1a for TOC
abatements suggests that they agree with a pseudo-first-order ki-
netics and hence, the mineralization of solutions could be
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Fig. 1. Change of (a) TOC and (b) mineralization current efficiency with electrolysis
time during the treatment of 150mL of 0.556mM bisphenol A in 0.050M Na2SO4 at pH
3.0 using a boron-doped diamond (BDD)/air-diffusion cell (3 cm2 electrode area) at
j¼ 33.3mA cm�2 and 35 �C. Method: ( ) Electrochemical oxidation with electro-
generated H2O2 (EO-H2O2), ( ) electro-Fenton (EF) with 0.50mM Fe2þ and ( )
photoelectro-Fenton (PEF) with 0.50mM Fe2þ using a 6W UVA lamp.
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controlled by the generated oxidants. The apparent rate constants
(kTOC) calculated from this analysis are summarized in Table 1, with
their corresponding R2. The kTOC-value obtained in EO-H2O2 was

only 1.15-fold lower than that in EF, but much lower (6.5-fold)
compared to that in PEF. This trend was verified from the MCE
values calculated from Eq. (2). Fig. 1b shows that the EO-H2O2

Table 1
Pseudo-first-order rate constant obtained for TOC removal (kTOC) and the corresponding R-squared, and percentage of TOC removal and mineralization current efficiency at
240min. Trials were made using 150 mL of bisphenol A solutions in different matrices at pH 3.0 and 35 �C with different electrolytes by several EAOPs with a BDD/air-diffusion
cell.

Method [Bisphenol A]0 (mM) j (mA cm�2) kTOC (min�1) R2 % TOC removal % MCE

0.050 M Na2SO4

EO-H2O2 0.556 33.3 2.0 � 10�3 0.985 34.6 13.9
0.556 100 2.8 � 10�3 0.996 46.2 6.2

EFa 0.556 33.3 2.3 � 10�3 0.998 43.0 17.3
0.556 100 4.6 � 10�3 0.995 69.8 9.4

PEFa,b 0.556 33.3 1.3 � 10�2 0.980 96.3 38.7
0.112 100 2.3 � 10�2 0.979 93.2 2.5
0.278 100 2.1 � 10�2 0.994 95.9 6.4
0.417 100 2.0 � 10�2 0.995 96.3 9.7
0.556 100 1.9 � 10�2 0.987 96.6 12.9

SPEFa,c 0.556 100 3.6 � 10�2 0.985 98.2 13.2
0.008 M NaCl þ 0.047M Na2SO4

EO-H2O2 0.556 33.3 1.2 � 10�3 0.986 23.5 9.8
0.556 100 3.1 � 10�3 0.990 49.2 6.6

EFa 0.556 33.3 3.4 � 10�3 0.996 55.2 22.2
0.556 100 6.0 � 10�3 0.985 79.1 10.6

PEFa,b 0.556 33.3 1.0 � 10�2 0.981 89.1 35.8
0.112 100 1.7 � 10�2 0.994 92.0 2.4
0.278 100 1.6 � 10�2 0.983 95.2 6.5
0.417 100 1.5 � 10�2 0.997 96.0 9.6
0.556 100 1.4 � 10�2 0.990 96.1 12.8

SPEFa,c 0.556 100 2.8 � 10�2 0.985 97.4 13.1

a Addition of 0.50 mM Fe2þ.
b Upon 6 W UVA irradiation.
c Upon sunlight irradiation.
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Fig. 2. Time course of (a,c) TOC and (b,d) mineralization current efficiency during the degradation of 150mL of bisphenol A solutions in 0.050M Na2SO4 at pH 3.0 and 35 �C using a
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process achieved 14% of efficiency at times >120 min, which could
be related to a constant conversion of intermediates into CO2. In
contrast, MCE dropped largely in EF and PEF, down to 15.2% and
26.4%, respectively, with maximal of 59.7% at 120 min for the latter
one. This decay in MCE at long electrolysis time can be explained by
the formation of more recalcitrant molecules, along with the
concomitant disappearance of organic matter (Panizza and
Cerisola, 2009; Ridruejo et al., 2017).

The effect of an increase in j up to 100 mA cm�2 on TOC removal
for the treatment of 0.556 mM bisphenol A by the same EAOPs
along with SPEF process is depicted in Fig. 2a. From Table 1, at
240 min, the enhancement of TOC decay in the sequence EO-
H2O2 < EF < PEF < SPEF was found, as also verified for the profiles
obtained along the electrolyses (Fig. 2a). A close look to Table 1
confirms the same tendency from their kTOC-values, which were
1.6-fold, 6.8-fold and 12.8-fold greater in EF, PEF and SPEF,
respectively, as compared to EO-H2O2. Comparison of Figs. 1a and
2a, as well as TOC reductions at 240 min given in Table 1, allows
inferring that the increase of j from 33.3 to 100 mA cm�2 acceler-
ated the mineralization process in all cases. This upgrade can be
ascribed to the concomitant increase in rate of all electrode re-
actions producing larger quantities of BDD(�OH) from reaction (4)
and/or �OH from Fenton's reaction (5) as a result of the higher
H2O2 concentration produced from reaction (1). The greater gen-
eration of such hydroxyl radicals results in a quicker formation of
Fe(III) complexes that can be more rapidly photolyzed by UV light
in PEF and SPEF. The highermineralization power of SPEF compared
to PEF can be explained by the much greater UV power of sunlight
compared to that of the commercial UVA lamp (Salazar et al., 2012;
Garcia-Segura and Brillas, 2014).

Fig. 2b confirms the degradation ability of EAOPs from the
calculated MCE values, which reached 60.4% at 40 min as maximal
in SPEF, further dropping to 13.2%. Table 1 also evidences a decrease
in MCE of all EAOPs when j grew from 33.3 to 100mA cm�2, despite
its greater oxidation ability. This behavior is common in these
processes and can be explained by the increase in rate of parasitic
reactions, thereby diminishing the relative contents of all hydroxyl
radicals (Sir�es et al., 2014; Thiam et al., 2015a, 2015b; P�erez et al.,
2017).

The influence of bisphenol A concentration on the minerali-
zation power of EAOPs was assessed for the PEF process at
100 mA cm�2. Fig. 2c illustrates the rapid TOC removal found
from 0.112 to 0.556 mM, yielding an almost total mineralization,
with increasing TOC reductions from 93.2% to 96.6%, respectively.
A higher bisphenol A content was thus beneficial. The same
behavior can be established from the progressive rise in MCE, as
can be seen in Fig. 2d and Table 1. The maximum MCE value of
31.7% was achieved at 60 min for 0.556 mM and, in all cases, this
parameter decreased dramatically at long time, as stated above.
Nevertheless, the kTOC-values slightly dropped as the initial
concentration was raised (Table 1), because higher amounts of
TOC required longer times to be abated. Since the same j was
always applied, a similar production of BDD(�OH) and �OH is
expected and, consequently, the lower extent to which parasitic
reactions occurred allowed that a higher MCE could be reached at
high bisphenol A content (Ruiz et al., 2011; Thiam et al., 2015a,
2015b; Steter et al., 2016).

3.2. Mineralization of bisphenol A solutions in chloride þ sulfate
medium

Once clarified the degradation behavior of bisphenol A in pure
sulfate medium, the study was extended to a mixed electrolyte in

the presence of NaCl, at pH 3.0. First assays with only 0.070 M NaCl
(with the same conductivity as 0.050 M Na2SO4) showed a strong
inhibition of TOC removal by the EAOPs. For this reason, the effect
of Cl� was studied in 0.008 M NaCl þ 0.047 M Na2SO4, a more
realistic composition since urban and industrial wastewater usually
contains both, Cl� and SO4

2� ions. The changes of color and pH
during all electrolyses were similar to those found in 0.050 M
Na2SO4.

Fig. 3a illustrates a rise in the oxidation ability of EAOPs in the
order EO-H2O2 < EF < PEF using the mixed matrix at 33.3 mA cm�2.
At 240 min, for example, 23.5%, 55.2% and 89.1% TOC decay was
achieved for such treatments. As can be seen in Table 1, TOC
abatement by EO-H2O2 was slower in this medium, explained by
the co-generation of active chlorine, HClO under acidic conditions,
from Cl� oxidation at the BDD anode by reactions (9) and (10) (Sir�es
et al., 2014; Steter et al., 2016):

2Cl� / Cl2(aq) þ 2e� (9)

Cl2(aq) þ H2O / HClO þ Cl� þ Hþ (10)

In EO-H2O2, bisphenol A and its products were then oxidized by
both, BDD(�OH) and HClO, giving rise to recalcitrant chlorinated
species (as confirmed below) that usually are more stable against
radicals, eventually diminishing the oxidation power of this pro-
cess. In contrast, these chlorinated species were rapidly mineral-
ized by �OH in EF, as deduced from the greater mineralization
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Fig. 3. Variation of (a) TOC and (b) mineralization current efficiency with electrolysis
time for the treatment of 150 mL of 0.556 mM bisphenol A in 0.008 M NaCl þ 0.047 M
Na2SO4 at pH 3.0 using a BDD/air-diffusion cell at j¼ 33.3mA cm�2 and 35 �C. Method:
( ) EO-H2O2, ( ) EF and ( ) PEF.
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ability compared to that in sulfate medium (Table 1). In PEF, smaller
TOC removals were attained in the mixed electrolyte (Table 1),
suggesting the photolysis of some chloro-organics. Good linear ln
TOC-time plots were obtained for these assays and the corre-
sponding kTOC-values, collected in Table 1, increased according to
their relative oxidation power. The same tendency can be observed
in Fig. 3b for MCE values, which decreased slightly to 10.1% and
18.9% in EO-H2O2 and EF, respectively, but reached 53.1% at 120min
as maximal in PEF, whereupon it dropped to 35.8% mainly due to
the large loss of organic matter.

Fig. 4a illustrates the same trends at 100 mA cm�2, with a clear
superiority of SPEF as a result of a very positive effect of UV from
sunlight, which rapidly destroys the photoactive intermediates of
bisphenol A. Compared with the same treatments at 33.3 mA cm�2

(Fig. 3a), a notable acceleration of mineralization is evident in all
cases. This enhancement with raising j can also be deduced from
the higher kTOC-values and TOC removals at 240 min (Table 1).
Again, this can be ascribed to the acceleration of all electrode re-
actions, producing larger amounts of BDD(�OH) and/or �OH, as well
as of active chlorine. Despite this, the MCE values (Fig. 4b) were
always much lower than those determined at 33.3 mA cm�2

(Fig. 3b), as also shown in Table 1. This agrees with the concomi-
tant increase in rate of parasitic reactions that cause the partial
destruction of hydroxyl radicals. As expected, Fig. 4b shows a
dramatic drop of MCE in EF, PEF and SPEF. Note that, at
100 mA cm�2 in EO-H2O2 and EF, higher kTOC-values, TOC abate-
ments and MCE values were obtained in the mixed electrolyte as
compared to pure sulfate medium (Table 1). This suggests that the
large generation of BDD(�OH) and/or �OH in the former matrix
favors their attack over chloro-derivatives leading to fast

mineralization. In contrast, the data of Table 1 show a detrimental
effect of Cl� in the case of PEF and SPEF, suggesting that the
photoactivity of chlorinated products was lower than that of non-
chlorinated ones. The SPEF process yielded the fastest minerali-
zation in both media because of the larger synergistic action of
BDD(�OH), �OH, and UV.

The effect of bisphenol A concentration from 0.112 to 0.556 mM
on TOC removal and MCE in the mixed electrolyte at 100 mA cm�2

is depicted in Fig. 4c and d, respectively. Increasing final TOC re-
ductions from 92.0% to 96.1% with raising substrate content were
found (Table 1), meaning that larger amounts of hydroxyl radicals
reacted with the organic molecules rather than being destroyed by
parasitic reactions. The progressively larger amounts of photoactive
species thus produced can be more quickly removed upon UVA
irradiation, ending in a larger mineralization. This is clear from the
greater MCE values obtained at higher bisphenol A content,
becoming maximal at 0.556 mM (Fig. 4d and Table 1). In contrast,
the corresponding kTOC values shown in Table 1 underwent a slight
decrease because of the slower TOC decay as the organic load in
solution was greater.

3.3. Decay of bisphenol A concentration

It has been well established that bisphenol A obeys a pseudo-
first-order decay upon the action of hydroxyl radicals using EO in
0.1 M Na2SO4 (Murugananthan et al., 2008) and EF in 0.01 M HCl
(G€ozmen et al., 2003). To obtain more information about the
reactivity of this compound in simultaneous events with BDD(�OH)
and active chlorine, the concentration decay when treating
0.556 mM bisphenol A in the mixed matrix by EO-H2O2 at
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100mA cm�2 was determined by HPLC. Fig. 5a shows a gradual and
exponential abatement of this compound until it disappeared at
180 min. The inset panel of this figure evidences that a pseudo-
first-order kinetics matched perfectly, with an apparent rate con-
stant k1 ¼ 0.026 min�1 (R2 ¼ 0.995). This is indicative of the gen-
eration in this EAOP of a small, but steady, quantity of BDD(�OH)
and active chlorine to react with bisphenol A. On the other hand,
the reaction of bisphenol Awith �OH in the bulkwas investigated by
applying the SPEF process in both media under the same experi-
mental conditions. Fig. 5b depicts the complete bisphenol A
removal in only 10 min, with analogous profiles in both assays. The
inset panel highlights the excellent linear straights obtained for a
pseudo-first-order reaction with an average k1-value of 0.51 ± 0.02
min�1 (R2 ~ 0.990). The much faster removal of bisphenol A in SPEF
compared to EO-H2O2 is in agreement with the formation of a
steady concentration of �OH from Fenton's reaction (5), which is
largely induced by photolytic reaction (7).

3.4. Identification of intermediates and proposed initial reaction
sequence

The organic intermediates accumulated in 0.556 mM bisphenol

A solutions in 0.050 M Na2SO4 or 0.008 M NaCl þ 0.047 M Na2SO4
treated by EO-H2O2 and PEF at 100 mA cm�2 for times <60 min
were analyzed by GC-MS. In a given medium, similar compounds
were identified regardless of the EAOP tested. Fig. 6 presents a
general initial reaction sequence proposed from the 13 aromatics
detected in mixed electrolyte, which could be reduced to a path
with 8 non-chlorinated aromatics in 0.050 M Na2SO4. The main
oxidizing species are assumed to be generated hydroxyl radicals,
simplified as �OH, and active chlorine (HClO).

The pathway is initiated by the chlorination of bisphenol A (1) to
yield 4,40-isopropylidene-bis(2-chlorophenol) (2), along with the
oxidation with cleavage of its isopropylidene group to form phenol
(3), 4-isopropylphenol (4) and 4-t-butylphenol (5). Compound 3
could be further hydroxylated in C-1 and C-4 to yield catechol (6)
and hydroquinone (7), respectively, or chlorinated in the same C-
positions to give 2-chlorophenol (8) and 4-chlorophenol (9). Sub-
sequent chlorination of 7 leads to chlorohydroquinone (10),
whereas that of 8 or 9 yields 2,4-dichlorophenol (11). On the other
hand, compound 4 was successively oxidized/hydroxylated to 4-
isopropenylphenol (12), 40-hydroxyacetophenone (13) and 20,40-
dihydroxyacetophenone (14). The formation of chloro-organics in
the mixed electrolyte is then responsible for the slower minerali-
zation in EO-H2O2, PEF and SPEF.

The pathway of Fig. 6 cannot explain the outstanding syner-
gistic effect of UV radiation observed in PEF and SPEF, which is
crucial in the mineralization processes. To clarify this, the
0.556 mM bisphenol A solution in 0.050 M Na2SO4 treated by EF or
PEF at 100 mA cm�2 was analyzed by ion-exclusion HPLC and 4
finals carboxylic acids, namely oxalic, ketomalonic, tartronic and
maleic, were detected. In the Fenton-based EAOPs checked, these
acids form Fe(III) complexes to a large extent (Ruiz et al., 2011; El-
Ghenymy et al., 2013). It was found that the three latter acids al-
ways disappeared in less than 60 min, meaning that the Fe(III)
species were rapidly destroyed by BDD(�OH) and �OH. In contrast,
the Fe(III)-oxalate complexes were rapidly and completely
photolyzed in PEF according to reaction (8), but they were stable in
EF due to their slow destruction by BDD(�OH) and �OH, with
23.5 mg L�1 oxalic acid at 240 min. This represents 6.3 mg L�1 TOC,
accounting for 20.8% of the 30.2 mg L�1 TOC of the final solution
(Table 1). Therefore, UVA irradiation is so potent that not only
photolyzes quickly Fe(III)-oxalate complexes, but also other pho-
toactive intermediates to yield an almost total mineralization in
PEF (Table 1).

4. Conclusions

PEF and SPEF treatments with a BDD/air-diffusion cell allow an
almost total mineralization of bisphenol A solutions in 0.050 M
Na2SO4 and 0.008MNaClþ 0.047MNa2SO4 at pH 3.0. This is due to
the synergistic action of generated oxidizing agents (BDD(�OH), �OH
and/or active chlorine) along with the photolytic action of UV ra-
diation. The most powerful EAOP was SPEF, as result of the higher
UV power provided by sunlight. The increase of j accelerated the
mineralization, but with lower MCE, whereas the rise of bisphenol
A concentration yielded greater mineralization andMCE in PEF. The
bisphenol A decay always obeyed a pseudo-first-order kinetics. GC-
MS analysis of treated solutions revealed the generation of 8 non-
chlorinated and 5 chlorinated primary aromatics in the mixed
electrolyte, demonstrating the simultaneous attack of hydroxyl
radicals and chlorine active over bisphenol A and its products.
Ketomalonic, tartronic, maleic and oxalic acids were detected as
final short-chain aliphatic intermediates.
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• First application of electro-Fenton (EF)
process as urban sludge washing tech-
nique

• Acidification and conventional Fenton
treatment allowed the leaching of Cd,
Cu and Zn.

• Total removal of Cu and Zn using EF
with boron-doped diamond or RuO2-
based anode.

• P recovery of about 74%–79% in the solid
phase achieved by all Fenton-based
treatments

• •OH and active chlorine oxidative action
on metal-organic complexes promotes
leaching.
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To our knowledge, this work presents the first application of electro-Fenton (EF) process to sludge washing. Sus-
pensions of anaerobically digested sludge (0.50 wt%) from amunicipal wastewater treatment facility were electro-
lyzed with addition of Na2SO4 and Fe2+ at pH 3.0, using a stirred tank reactor with a boron-doped diamond (BDD)
or RuO2-based anode and an air-diffusion cathode that produced H2O2. The effect of the sludge content in suspen-
sions and applied current density (j) was examined. High quantities of Cr, Pb, Cd, Zn, Fe and P were leached at
pH 3.0, whereas Cu showed the opposite trend. Aeration only enhanced Pb and Zn leaching, whereas the use of
Fenton's reagent with 15 mM H2O2 solubilized 16.0% Cr, 23.0% P, 42.6% Fe and 56.0% Pb, with total leaching of
Cd, Cu and Zn. EFwith BDD anode at high j caused total precipitation of Cr, Pb and Fe, 40% Cd leaching and total sol-
ubilization of Cu and Zn. The RuO2-based anode enhanced the entrapment of Cr, Fe and P in the solid fraction of the
sludge, but promoted a high transport of Cd, Cu and Zn to the liquid phase. P recovery was about 74%–79% in all EF
treatments. The soluble organic carbon increased in most cases except for EF with BDD, where it decreased mark-
edly, in agreementwith the high oxidation power of this anode. The sludge dewaterability was largely improved in
all treatments, attaining up to 97%, consistent with the scission of many extracellular polymeric components.

© 2019 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
(http://creativecommons.org/licenses/by-nc-nd/4.0/).
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1. Introduction

Municipal wastewater treatment facilities (WWTFs) produce large
amounts of anaerobically digested sludge frommixed urban and indus-
trial effluents, needing proper management or valorization before dis-
posal (Zhu et al., 2013; Krüger and Adam, 2015). Management of a
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large portion of the produced sludge is based on incineration or
landfilling, but the real challenge is to ensure conditioning to serve as
raw material for fertilizers, thus giving added value to its high content
in nutrients like nitrogen and phosphorus (Ito et al., 2013; Zhang
et al., 2017). However, anaerobically digested sludge contains hazard-
ousmaterials such as pharmaceuticals, endocrine disruptors andmetals
as a result of ineffective wastewater treatment, thereby requiring some
additional step to minimize their content before agricultural usage (Ito
et al., 2013; Fontmorin and Sillanpää, 2017). In the case of metals, it
has been shown that their removal depends on the chemical structure
of the substances contained in the solid fraction of the sludge as well

as on the nature of its matrix (Tyagi et al., 1997; Fuentes et al., 2004;
Krüger and Adam, 2015; Fang et al., 2016).

Different methods have been utilized to wash urban anaerobically
digested sludge regarding metal content. They include acidification
(Yoshizaki and Tomida, 2000; Stylianou et al., 2007; Deng et al., 2009;
Kuan et al., 2010; Ottosen et al., 2013), chemical treatment (Ren et al.,
2015; Wu et al., 2015), hydrolysis (Suárez-Iglesias et al., 2017), wet ox-
idation (Suárez-Iglesias et al., 2017), bioleaching (Yoshizaki and
Tomida, 2000; Zhu et al., 2013), electrodialysis (Ebbers et al., 2015)
and electrokinetics (Tang et al., 2017, 2018). Furthermore, advanced ox-
idation processes (AOPs) such as chemical Fenton-based processes have

1µm

b

a

Fig. 1. (a) SEM image (300×) and (b) EDX analysis of the dry sludge sample S1.

Table 1
Total solid (g of dry sludge per kg of raw sludge) and selected elements concentrations (mg per kg of dry sludge (TS)) obtained for the samples tested in this work.

Sample TS Cr Pb Cd Cu Zn Fe P C

(g kg−1) (mg (kg TS)−1)

S1 38.1 ± 2.3 41 ± 1 18 ± 1 1.4 ± 0.1 313 ± 10 417 ± 12 25,628 ± 373 32,661 ± 247 13,992 ± 195
S2 32.2 ± 0.2 103 ± 4 48 ± 3 1.9 ± 0.1 517 ± 19 561 ± 17 67,533 ± 790 41,010 ± 352 11,782 ± 160
S3 31.5 ± 0.5 104 ± 2 56 ± 2 1.4 ± 0.1 513 ± 13 616 ± 16 71,120 ± 860 36,836 ± 326 9455 ± 120

174 R. Burgos-Castillo et al. / Science of the Total Environment 644 (2018) 173–182



also been applied to improve metal leaching from sludge (Neyens and
Baeyens, 2003; Neyens et al., 2004; Ito et al., 2013; Fontmorin and
Sillanpää, 2017; Xiong et al., 2018). Fenton's reagent, a mixture of Fe2+

and H2O2, is added to the sludge to produce the strong oxidant hydroxyl
radical (•OH) via the well-known Fenton's reaction (1) (Tyagi et al.,
1997; Schaum et al., 2008; Brillas et al., 2009):

Fe2þ þ H2O2→Fe3þ þ •OHþ OH− ð1Þ

The optimum pH for reaction (1) is 2.8. Its rate depends on various
factors, mainly the Fe2+ and H2O2 concentrations and ratio. In the pres-
ence of organic matter, iron ions can form complexes that react very
slowly with •OH. The main action of •OH is the disintegration of extra-
cellular polymeric substances (EPS) contained in the solid fraction of
the sludge, with the subsequent release ofmetals and other compounds
(Yoshizaki and Tomida, 2000; Du et al., 2015; Fontmorin and Sillanpää,
2017). Table S1 in SupplementaryMaterial summarizes the best perfor-
mances for the solubilization of elements by selected sludge washing
techniques. As can be seen, the best resultswere obtained using conven-
tional Fenton treatment. Fontmorin and Sillanpää (2017) detailed that,
after 1 h of this treatment with 36 mM Fe2+ and 360 mM H2O2, large
amounts of Cd, Cu, Pb and Zn were removed from anaerobically
digested sludge at pH 3.0 (see Table S1), with a high increase of
dewaterability, consistent with the loss of EPS. Ito et al. (2013) de-
scribed that the oxidation of insoluble metallic substances of a sludge
at pH 2.5 by Fenton-like process using up to 1 g L−1 Fe3+ and 10 g L−1

H2O2 (with low •OH production from small Fe2+ generation) favored
Cu leaching as compared to the action of H2O2 alone. Moreover, Fe

and P were recovered as FePO4 retained in the sludge, potentially serv-
ing as a slow-release fertilizer. However, the treatment of anaerobically
digested sludge by Fenton-based electrochemical processes like electro-
Fenton (EF) has not been reported so far.

EF consists in the continuous production of H2O2 fromO2 reduction at
a suitable cathode by reaction (2), which allows working with small
amounts of added Fe2+ catalyst to reach high efficiency for reaction (1)
at optimum pH ~ 3 (Brillas et al., 2009; Sirés et al., 2014; Martínez-
Huitle et al., 2015; Moreira et al., 2017). Typical devices to conduct
reaction (2) are equipped with carbonaceous substrates modified with
metal oxides (Assumpção et al., 2013), carbon nanotubes (Khataee
et al., 2013, 2014), boron-doped diamond (BDD) (Cruz-González et al.,
2010, 2012), activated carbon fiber (Wang et al., 2008), carbon felt
(Dirany et al., 2012; El-Ghenymy et al., 2014; Yahya et al., 2014) and
carbon-polytetrafluoroethylene (PTFE) O2– or air-diffusion electrodes
(Thiam et al., 2015; Galia et al., 2016; Steter et al., 2016).

O2 gð Þ þ 2 Hþ þ 2e−→H2O2 ð2Þ

The homogeneous •OH formed from Fenton's reaction (1) acts in
the whole solution volume. In addition, when an undivided electro-
chemical cell is utilized, heterogeneous hydroxyl radical (M(•OH))
is originated at the surface of anode M from water discharge at
high current or voltage via reaction (3) (Boye et al., 2002; Panizza
and Cerisola, 2009):

MþH2O→M •OHð Þ þHþ þ e− ð3Þ

a b

140.8

Fig. 2. Elements concentration (in liquid phase) after 20min of continuous stirring at 700 rpm and 30 °C for 150 mL of a 0.50 wt% anaerobically digested sludge suspension with 0.050M
Na2SO4 and 0.50 mM Fe2+. (a) Natural pH 7.9, as an average for samples S1 and S3, and (b) adjusted to pH 3.0 with H2SO4, as an average for samples S1 and S2.
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The reactivity ofM(•OH) depends on the nature of the anodematerial.
The use of a non-active thin-film boron-doped diamond (BDD) electrode
yields great quantities of such radical, as a result of its large O2-evolution
overpotential and its lower BDD-•OH interaction. It has been demon-
strated that EF with BDD anode typically causes a faster oxidation of or-
ganic molecules (Vasudevan and Oturan, 2014; Martínez-Huitle et al.,
2015;Moreira et al., 2017). Conversely, active dimensionally stable anodes
(DSA®) like those based on RuO2 generate low amounts of M(•OH), but
they are able to accumulate a high concentration of other strong oxidants
like active chlorine (Cl2/HClO) in acidicmatrices from the anodic oxidation
of Cl− ion via reactions (4) and (5) (Randazzo et al., 2011; Sirés et al.,
2014; Galia et al., 2016; Steter et al., 2016). The action of active chlorine
enhances the removal of organics, but with production of chloro-
derivatives that are usually more recalcitrant than the parent molecules
(Galia et al., 2016; Steter et al., 2016; Ridruejo et al., 2018).

2Cl−→Cl2 aqð Þ þ 2e− ð4Þ

Cl2 aqð Þ þ H2O→HClOþ Cl− þHþ ð5Þ

Thiswork aims to examine the removal ofmetals from anaerobically
digested sludge, alongwith the possible P recovery. Sludge suspensions
in water were treated by EF using a cell equipped with a BDD or RuO2-
based anode and an air-diffusion cathode. Chemical treatments like
acidification, aeration and Fenton's reagent were also studied to better
explain the performance of the EF process.

2. Materials and methods

2.1. Reagents

Concentrated sulfuric, hydrochloric and nitric acids were of analyti-
cal grade, purchased from Panreac and Acros Organics. Sodium sulfate
and Fe(II) sulfate heptahydrate were of analytical grade, supplied by
Fluka. Analytical grade hydrogen peroxide 30% (w/w) was purchased
from Sigma-Aldrich. All the solutions were prepared with ultrapure
water from a Merck Millipore Milli-Q system with resistivity N18.2
MΩ cm. Chemicals used for analysis were of analytical grade from
Fluka and Acros Organics.

2.2. Collection and pre-treatment of sludge samples

Three anaerobically digested sludge samples (S1, S2 and S3) were
collected from an urban WWTF located in Gavà (Barcelona, Spain)
and stored at +4 °C in a refrigerator before use. Suspensions of
150 mL containing 0.10 or 0.50 wt% of the sludge were prepared
with addition of 0.050MNa2SO4 as background electrolyte. The mix-
ture was then introduced into the cell and acidified to pH 3.0 with
sulfuric acid. After that, 0.50 mM Fe2+ was added as catalyst and
the suspension was stabilized for 20 min under vigorous stirring
with a magnetic PTFE bar at 700 rpm, keeping the temperature at
30 °C.

Fig. 3. Change of elements concentration after 60 min of aeration with compressed air bubbled at flow rate of 0.75 L min−1 for 150 mL of a 0.50 wt% anaerobically digested sludge
suspension of sample S1, with 0.050 M Na2SO4 and 0.50 mM Fe2+. The suspensions were previously conditioned at pH 3.0 and 30 °C for 20 min.
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2.3. Chemical and electrochemical systems

An open, undivided, double-jacketed cylindrical glass cell
thermostated at 30 °C with recirculating external water was employed
for all the chemical and electrochemical trials. A scheme of the setup for
the latter kind of experiments is shown in Supplementary Material
(Fig. S1). The magnetic stirring of the suspension in the cell was always
maintained at 700 rpm during the 60 min of each treatment. In EF,
3 cm2 electrodes separated 1 cm were introduced in the cell. The anodes
were a BDD thin film on a Si wafer (3 cm × 1 cm) or a DSA®-Cl2 (RuO2-
based, 3 cm × 1 cm) coating on a Ti plate, supplied by NeoCoat and
NMT Electrodes, respectively. The cathode was a carbon-PTFE air-
diffusion electrode (circle of ca. 1 cm diameter) supplied by Sainergy
Fuel Cell, placed at the bottom of a propylene cylindrical tube, as reported
elsewhere (Thiam et al., 2015; Steter et al., 2016). Compressed air was
injected at a flow rate of 1 L min−1 through its inner dry side, in order
to achieve continuous H2O2 production at its wet side. An AMEL 2051
potentiostat-galvanostat was used as power source to provide a constant
j for electrolysis, with connection to a Demestres 601BR digital
multimeter as voltmeter formonitoring the cell voltage. Before the exper-
iments, the surface of the BDD and RuO2-based anodes was cleaned and
the air-diffusion cathode was activated in 0.050 M Na2SO4 at j =
100mA cm−2 for 180min. All treatmentsweremade in duplicate and av-
erage results are reported with the corresponding standard deviations.

2.4. Analytical procedures

To determine the composition of the collected sludge, about 5 g of
each sample were freeze-dried on a VirTis lyophilizer at−58.7 ± 2.0 °C

and 17 mTorr for seven days. Once determined the dry sludge mass, the
total solid concentration (TS, in g kg−1) was obtained as the dry mass/
total mass ratio. The content of C was determined by elemental analysis
of the dry sludge samples. Cd, Cu, Cr, Pb, Zn, Fe and P contained in each
sample were quantified after digestion of 0.5 g of dry sludge in 8 mL of
a HCl/HNO3 (3:1, v/v) mixture on a microwave digester (Milestone,
Ethos Plus), programmed to rise its temperature up to 200 °C in
~10min and hold for 15min. The resulting solutionwas dilutedwhen re-
quired to avoid the interference of othermetals (method ISO 11466). The
concentration of the above elements was determined by inductively
coupled plasma-optical emission spectrometry (ICP-OES) using a Perkin
Elmer Optima 3200 L spectrometer and ICP-mass spectrometry (ICP-
MS) using a Perkin Elmer Elan 6000 ICP. Both techniques were also
employed to measure the concentration of the same elements present
in the liquid phase of the initial and treated suspensions. Prior to the
ICP-EOS and ICP-MS analyses, all the suspensions were filtered with
0.45 μm syringe filters and the resulting clear mixed with 1% (v/v) of
HNO3.

The soluble Fe2+ was determined by mixing 1 mL of suspension, fil-
tered with 0.45 μm cellulose syringe filters, with 1 mL of 0.2% (v/v)
1,10-phenanthroline and 1 mL of 0.1 M sodium acetate/0.1 M acetic acid
buffer (pH ~ 4), followed by dilution to 10 mL with Milli-Q water. The
same steps were made to obtain the total dissolved iron ions, but adding
0.5mL of 1% (v/v) hydroxylamine hydrochloride before dilution to 10mL.
In each case, the Fe2+ concentration was measured from the absorbance
of its complex with 1,10-phenantroline at λ=510 nm using a Shimadzu
1800 UV–Vis spectrophotometer at 25 °C (method ASTM E394).

Cr, Pb, Cd, Cu, Zn, Fe and P concentrations in the liquid phase are
expressed as mg per kg of TS. The total organic carbon (TOC, in mg C

509.3208.5

524.4 613.7

1.438

Fig. 4. Elements concentration at 20 and 60 min for conventional Fenton treatment of 150 mL of a 0.50 wt% anaerobically digested sludge suspension of sample S3, with 0.050 M Na2SO4

and 0.50 mM Fe2+ at pH 3.0, under stirring at 700 rpm and at 30 °C. Trials were made in the presence of 15 mM H2O2, as added reagent to the initial suspension.

177R. Burgos-Castillo et al. / Science of the Total Environment 644 (2018) 173–182



L−1) of the liquid phase was determined by injecting 50 μL of filtered al-
iquots (with 0.45 μm cellulose syringe filters) into a Shimadzu VCNS
TOC system, with ±1% reproducibility. The capillary suction time
(CST) of the sludge for dewaterability determination was measured
with a 304 M CST from Triton Electronics Ltd., using standard CST filter
papers. Cl− concentration was determined as previously reported
(Thiam et al., 2015).

The morphological and surface composition characterization of dry
sludge was made by scanning electron microscopy (SEM) and energy-
dispersive X-ray analysis (EDX) using a Microscope-JEOL JSM-7100F
coupled with an Inca 250 detector from Oxford Instruments. The SEM
images were obtained at a voltage of 20 kV. To carry out these analyses,
the lyophilized sludge was sputtered with gold and supported on car-
bon substrates the day before.

3. Results and discussion

3.1. Characteristics of the anaerobically digested sludge samples

Table 1 summarizes the composition analysis of the three collected
sludge samples. Higher TS concentration of ca. 38 g (kg raw sludge)−1

can be observed in sample S1, as compared to samples S2 and S3,
which contain about 32 g (kg raw sludge)−1. The larger amount of dry
residue (i.e., solid fraction) in sample S1 was also in agreement with
the greater C content and hence, EPS components. Metals and P concen-
trations tended to be higher in samples S2 and S3, although with analo-
gous relative contents in all cases. Cd was the less abundant metal,
ranging between 1.4 and 1.9 mg (kg TS)−1, followed by Pb from 18 to

56 mg (kg TS)−1 and Cr from 41 to 104mg (kg TS)−1. A higher content
was found for Cu, attaining up to 513 mg (kg TS)−1, whereas it was
slightly superior for Zn with up to 616 mg (kg TS)−1. Fe clearly was
the most abundant metal in all samples. Similarly, high contents of P
from 32.6 to 41.0 g (kg TS)−1 were determined, showing the potential
interest of the sludge as a fertilizer source for use in agriculture.

Fig. 1a shows an SEM micrograph of the dry sludge obtained from
sample S1. A rough surface with laminar protuberances can be seen,
suggesting the existence of crystalline compounds. Analogous features
were observed by SEM for the samples S2 and S3 (not shown). The
EDXanalysis shown in Fig. 1b informs about the presence of compounds
with major elements like Mg, Ca, P, C and Fe linked to the solid surface.
The highO content is indicative of the pre-eminent formofmetals and P
as oxides and hydroxides. No peaks related to Cr, Pb, Cd, Cu and Znwere
detected by this technique due to their very low concentration in the
sludge (see Table 1).

3.2. Chemical treatment of anaerobically digested sludge

To study the effectiveness of different treatments for sludge wash-
ing, suspensions of 150 mL containing 0.50 wt% of the raw sludge and
0.050MNa2SO4were prepared. The natural pHwas 7.9 and the concen-
tration of elements detected in the liquid phase after 20 min of contin-
uous stirring is shown in Fig. 2a, as an average for samples S1 and S3. As
can be seen, Zn and P were not released from the solid fraction of the
sludge, whereas small amounts of Cr, Pb, Cd and Cu could be dissolved.
Fe was the most soluble metal, reaching near 2.7 × 104 mg (kg TS)−1.
The Fe2+ concentration in the liquid phase of the 0.50 wt% suspension

308.6

415.8160.3

Fig. 5.Change of elements concentration after 60minof electro-Fenton (EF) treatment of 150mL of a 0.10wt% anaerobically digested sludge suspension of sample S3,with 0.050MNa2SO4

and 0.50 mM Fe2+ at pH 3.0, under stirring at 700 rpm and at 30 °C. The cell was equippedwith a 3 cm2 boron-doped diamond (BDD) anode and a 3 cm2 air-diffusion cathode. A current
density (j) of 33.3 mA cm−2 was applied to the suspension previously stabilized for 20 min.
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of sample S1 determined spectrophotometrically with 1,10-
phenantrolinewas near 1.89 × 104mg (kg TS)−1. Note that a small frac-
tion is due to the addition of 5.2 × 103 mg (kg TS)−1 Fe2+ (0.50 mM)
employed to mimic the conditions that will be described below to pro-
mote Fenton's reaction (1) (Sirés et al., 2014; Thiam et al., 2015; Steter
et al., 2016; Ridruejo et al., 2018). Total soluble iron analysis yielded 2.18
× 104 mg (kg TS)−1, meaning that only a minor proportion of 2.9
× 103 mg (kg TS)−1 (13.3%) was related to Fe3+. The great total Fe con-
tent leached to the liquid phase can be related to the existence of some
complexes between iron ions and soluble organic matter. Additionally,
the liquid phase contained a high Cl− concentration of 375.9 ±
22.7mg L−1, which is a significant parameter envisaging the application
of Fenton-based electrochemical treatments since the production of ac-
tive chlorine species can play a relevant role.

A first chemical treatment of the above suspension consisted in a
simple acidification to pH 3.0 with sulfuric acid, i.e., mimicking the opti-
mumpH conditions to perform the Fenton-based processes. Fig. 2b pre-
sents the concentration of the elements at such pH in the liquid phase,
as an average of samples S1 and S2 in the presence of 0.50 mM Fe2+

and after stirring for 20min.Note that leaching of Pb andCd to the liquid
phase was very poor. Comparison of Fig. 2a and b allows establishing
that for most of the elements, acidification enhanced their solubiliza-
tion, especially for Zn and P that were insoluble at circumneutral pH.
This can be related to the leaching of: (i) free ions from insoluble oxides
or hydroxides (for example, Zn2+ from neutralization of insoluble Zn
(OH)2), or (ii) soluble metal and P complexes upon protonation or scis-
sion of hydrolyzed EPS in acidic medium (Stylianou et al., 2007; Deng
et al., 2009; Kuan et al., 2010). Worth noting, acidification at pH 3.0
was only detrimental for Cu, whose concentration in the liquid dimin-
ished by about 50%, suggesting that Cu2+ rather forms insoluble com-
plexes with organics under acidic conditions.

Later, the effect of direct aeration of the prepared 0.50 wt% suspen-
sions with 0.050 M Na2SO4 and 0.50 mM Fe2+ at pH 3.0 was investi-
gated. The change of elements concentration after 60 min of bubbling
compressed air at a flow rate of 0.75 L min−1 through a suspension of
the sludge sample S1 is illustrated in Fig. 3. Under such mild oxidation
conditions, only Pb and Zn contents rose 4.25- and 1.74-fold as com-
pared to their initial values, without any substantial modification for
the other metals and P. This suggests that the saturated O2 in the liquid
phase is able to promote the oxidation of some insoluble Zn- and Pb-
organic complexes, releasing soluble Zn2+ and Pb2+ ions.

The last chemical method examined was the conventional Fenton
process, which was used for the treatment of analogous suspensions
with 0.50 wt% sludge and 0.50 mM Fe2+, using 15 mM H2O2. Fig. 4 ex-
emplifies the variation of elements concentration for the sample S3 at
20 and 60 min, although similar tendencies were obtained for the
other samples. As a first remarkable finding, Cu leaching was substan-
tially enhanced, up to 22.4-fold at 20min as compared to the initial con-
centration shown in Fig. 2b after conditioning. Sludgewashingwas also
good for Cd (6.5-fold increase in the liquid phase), Pb (5.1-fold) and Zn
(3.7-fold). In contrast, the soluble Fe only rose 1.4-fold, whereas the Cr
and P content in the liquid was strongly reduced, close to 62% and
65%, respectively. At 60 min, Fig. 4 depicts that further leaching was
only noticeable for Cu and Zn, with a slight insolubilization of Pb. At
the end of the treatment with the chemical Fenton's reagent, and
based on the data of Table 1, the percentage of solubilization was 16.0%
for Cr, 23.0% for P, 42.6% for Fe (which includes the 0.50 mM Fe2+

used as catalyst), 56.0% for Pb and about 100% for Cd, Cu and Zn.
The almost total solubilization of the three latter metals has also been
reported in earlier work using a mixture of 36 mM Fe2+ and 360 mM
H2O2 for the treatment of a non-diluted anaerobically digested sludge
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Fig. 6. Elements concentration quantified at 0 and 60 min of electrolysis for the EF
treatment of 150 mL of 0.50 wt% anaerobically digested sludge suspensions under the
same conditions of Fig. 5 with a BDD/air-diffusion cell. Applied j: (a) 33.3 mA cm−2

using sample S1, (b) 100mAcm−2 using sample S3 and (c) 150mA cm−2 using sample S1.
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(Fontmorin and Sillanpää, 2017). It is also noticeable the large P recov-
ery in the solid fraction, related to the precipitation of insoluble phos-
phate salts, in agreement with Ito et al. (2013).

Apart from added H2O2 and produced •OH from Fenton's reaction
(1), other weak oxidants can contribute to the solubilization/insolubili-
zation mechanisms of metals and P during Fenton's treatment. For ex-
ample, since Cl− is present in the liquid phase of the suspension, as
pointed out above, radical chlorine (Cl•) can be produced as follows
(Liao et al., 2001; Bruguera-Casamada et al., 2017):

Cl− þ •OH→Cl•þ OH− ð15Þ

The role of oxidants during the change in elements concentrations
can be explained via different routes. The significant leaching ofmetallic
ions like Cd2+, Cu2+ and Zn2+ can bemainly explained by the oxidative
scission of organic metal-complexes, which are linked to the solid frac-
tion sludge before the treatment. In addition, the formation of soluble
complexes of suchmetalswith humic and fulvic acids that remain stable
in the liquid phase cannot be disregarded (Town et al., 2012). On the
other hand, the oxidation of initially solublemetallic ions to superior va-
lence states that promote their insolubilization is feasible. This can ex-
plain the reduction of soluble Pb content during the Fenton's reagent
treatment, which can be ascribed to the partial conversion of Pb2+

into insoluble forms like PbO2 and PbSO4. The loss of P in the liquid
phase can be associated with the release of PO4

3− from the oxidation
of soluble P-complexes,which can precipitate as salts of Fe3+ or alkaline
ions (e.g., Ca2+), as previously proposed (Ito et al., 2013; Ottosen et al.,
2013; Ebbers et al., 2015).

The TOC of the liquid phase of the suspension increased from 180.7
± 6.2 to 196.0 ± 5.6 mg C L−1 upon Fenton's treatment. This rise in
8.5% of organics confirms the release of soluble humic and fulvic acids
due to the oxidation of the organicmatter adsorbed on the solid fraction
of the sludge. Such acids can complex several metallic ions, enhancing
their solubilization. On the other hand, the CST of the sludge was re-
duced by about 91%, from an initial value of 156.2 ± 5.4 s to a final
one of 14.2 ± 0.2 s. This is directly correlated with a large improvement
of its dewaterability, in agreement with previous reports for conven-
tional Fenton's treatment of this kind of urban sludge (Fontmorin and
Sillanpää, 2017).

3.3. Electro-Fenton treatment of anaerobically digested sludge

The EF treatment was performed with 150 mL of stirred sludge sus-
pensions in the presence of 0.050 M NasSO4 and 0.50 mM Fe2+, at con-
stant j. The experiments were ran after immersing the anode and the
air-diffusion cathode, with the air stream injected at a flow rate of
1 Lmin−1. This prevented thepercolation of the liquid through the cath-
ode, although some of the air formed bubbles upon contact with the liq-
uid. Once the power supply was switched on and the current circulated,
the cathode producedH2O2 continuously fromO2 reduction via reaction
(2). The effect of the percentage of TS in suspension, applied j and anode
nature (active vs. non-active) on the concentration of the selected ele-
ments leached into the liquid phasewas examined. An unexpected phe-
nomenon was observed during all the EF treatments. After about
25–40 min of electrolysis, depending on the experimental conditions,
the suspension became clearly biphasic due to the accumulation of

146.2

295.4

Fig. 7. Elements concentration at 0 and 60 min of electrolysis for the same suspension of sample S1 shown in Fig. 6 operating under similar EF conditions, but using a 3 cm2 RuO2-based
anode at j = 33.3 mA cm−2.
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dark foam on top of the liquid, which remained clear and transparent.
This surprising fact, which is not typical during the EF treatment of
wastewater, can be related to the following consecutive circumstances:
(i) the long chains of the EPS aggregates present in the solid fraction of
the sludge were progressively oxidized to shorter molecules upon ac-
tion of generated oxidants, namely M(•OH) from reaction (3), •OH
from reaction (1) and active chlorine from reactions (4) and (5), and
(ii) the smaller molecules formed were adhered to the surface of the
fine gas bubbles emitted by the electrodes (O2 from the anode and the
excess of air flowing through the cathode), thus being transported and
maintained over the liquid phase. This is something similar to an
electroflotation process (Brillas et al., 2009; Sirés et al., 2014). Note
that this evident solid-liquid phase separation was not observed during
the chemical treatments studied. Aeration did not oxidize the long EPS
aggregates and hence, organic matter could not be adhered to the gas
bubbles, whereas the Fenton's reagent was able to oxidize such aggre-
gates to smaller molecules but there was no continuous gas evolution
to favor their transport to the surface. In fact, the oxidation of EPS pro-
ducing amore porous and less dense solid phase is sustained by the im-
provement of its dewaterability after conventional Fenton treatment, as
stated above, since absorbed water is more easily released from the
resulting less-compact sludge.

Fig. 5 shows the change of concentration of selected elements after
60 min of EF treatment of a suspension with 0.10 wt% of sample S3
using a BDD anode at j = 33.3 mA cm−2. The conductivity of this sus-
pension was 8.1 ± 0.5 mS cm−1, a value lower than 9.1 ±
0.2mS cm−1 found for 0.50wt%, as expected from thehigh salts content
of the sample. This figure evidences that the amount of Pb was unaf-
fected by the process, whereas the Cr, Fe and P concentrations de-
creased by 39.6%, 91.7% and 84.2%, respectively. This can be explained
by the precipitation of Cr(III)- and Fe(III)-organic complexes, or the in-
soluble salts of these metals. Their precipitation as hydroxides is less
feasible, since at the final pH of 2.5 determined in this trial the corre-
sponding metal ions would be completely soluble. In the case of P, the
oxidation from its soluble organic complexes to produce insoluble phos-
phates like FePO4 is expected, as stated above (Ito et al., 2013). In con-
trast, as in the case of Fenton's reagent, Cd, Cu and Zn increased about
2.6–2.9-fold, accounting for 69.0%, 60.2% and 67.5% of their total content
in the sludge at the end of EF. These elements, leaching from the oxida-
tion of their complexes with EPS, can form soluble Cd2+, Cu2+ and Zn2+

ions or complexes with soluble organics like humic and fulvic acids
(Town et al., 2012). The soluble TOC increased by 4.6% during the pro-
cess, from 57.6 ± 4.3 to 60.1 ± 9.5 mg C L−1, whereas the CST decayed
by 63.3%, from 23.2 ± 1.3 to 8.6 ± 0.4 s.

It is interesting to compare the data of Fig. 5 with those of Fig. 6a, in
which a 0.50wt% suspension of sample S1was treated under analogous
EF conditions. The same trends can be observed for all the elements in
both assays, except for Pb. Its content increased 2.07-fold as compared
with its initial value, although the final value accumulated in the liquid
only represented about 10% of its total content in the sludge. This is in-
dicative of the oxidation of insoluble Pb(II)-EPS complexes, thus being
possible to form soluble Pb(II) complexes with the organics present in
the liquid phase. Larger Cr (90.4%) and smaller Fe (88.0%) and P
(62.1%) insolubilization can be observed in Fig. 6a. This occurred in con-
comitance with 59.1-fold, 29.0-fold and 2.3-fold solubilization of Cd, Cu
and Zn, corresponding to 29.5%, 99.2% and 83.6% of their total content.
The variation in elements concentration of Fig. 5 and Fig. 6a can be
due to different contents of metal-organic complexes. In particular,
the recovery of P was much greater in the case of 0.10 wt%, which can
be ascribed to the lower quantity of complexes of P to be oxidized
with release of PO4

3−. Also, Cdwas also less solubilized, but the leaching
of Cu and Zn was greater probably due to the presence of a larger
amount of soluble organics to complex them. Iron analysis of the final
liquid revealed that it contained a low amount of Fe2+, i.e., 293.2 mg
(kg TS)−1, and a greater quantity of 438.0 mg (kg TS)−1 as Fe3+, al-
though the major part of the soluble total iron detected by ICP (about

7530 mg (kg TS)−1) corresponded to soluble complexes of iron ions
with organics.

Fig. 6a–c depicts the change of the elements concentration by EF
with a BDD anode at increasing j from 33.3 to 150mA cm−2. It is notice-
able that Cr and Fe contents were gradually reduced in the liquid phase,
totally disappearing at the highest j. Precipitation of these metals com-
plexed with organics is expected. Pb was not observed at the highest j,
suggesting that the high amounts of oxidants formed are able to trans-
form it into PbO2. The maximum Cd leaching was 40%, whereas similar
recovery of P up to about 74% of its total content was obtained regard-
less of the j value applied. In contrast, Cu and Zn became 100% soluble
at j= 150 mA cm−2. In these assays, TOC in the liquid phase was grad-
ually reduced by 12% to 19%, whereas the dewaterability rose from 86%
to 97%. The application of j values of 33.3, 100 and 150 mA cm−2

corresponded to increasing specific charges of 0.67, 2.01 and
3.01 Ah L−1, yielding energy consumptions of 4.4, 30.2 and
51.7 kWh m−3. Therefore, it is preferable to operate at low j values.

The EF studywas comparativelymadewith a 0.50wt% suspension of
sample S1 using an active RuO2-based anode at j=33.3 mA cm−2, and
the results obtained are depicted in Fig. 7. The main difference between
this anode and the non-active BDD is the proportion of M(•OH) and ac-
tive chlorine generated as oxidants. While a RuO2-based anode favors
the production of active chlorine with low amounts of RuO2(•OH) spe-
cies, the opposite occurs for BDD, which promotes the formation of
the strong oxidant BDD(•OH) over active chlorine (Thiam et al., 2015;
Steter et al., 2016; Ridruejo et al., 2018). Compared to Fig. 6a for BDD,
after 60 min of electrolysis, Fig. 7 shows a significant larger decay of
Cr, Fe and P concentrations, a similar solubilization of Pb, and a smaller
concentration of soluble Cd, Cu and Zn. This means that active chlorine
species destroy to larger extent the soluble organic complexes of the
three former elements, whereas they attack more slowly the insoluble
organics linked to the three latter metals. In the case of P, for example,
near 77% was recovered in the solid fraction using the Fenton's reagent
where •OH is the pre-eminent oxidant (see Fig. 4), whereas it
underwent a slightly higher precipitation up to 79.0% in EF when active
chlorine was predominant from the RuO2-based anode (see Fig. 7). This
significant amount of P recovered as FePO4 can act as a slow-release fer-
tilizer. Note that no active chlorinewas detected in the liquid phase dur-
ing the EF assays from N,N-diethyl-p-phenylenediamine colorimetric
analysis (Steter et al., 2016), indicating its fast consumption by reaction
with H2O2 and organics. Data of Fig. 4 for the conventional Fenton treat-
ment also corroborate the very positive action of •OH to solubilize pre-
eminently Cu and Zn, as found for EF regardless of the anode used al-
though with better results for BDD.

It should be mentioned that at the end of EF with a RuO2-based
anode, dewaterabilitywas enhanced to attain 94%, similar to that deter-
mined using BDD. In contrast, the TOC of the liquid phase increased by
13%, in contrast to the gradual abatement found with BDD. This can be
accounted for by the expected greater oxidation power of the latter
anode to mineralize the organic matter.

4. Conclusions

Acidification of a 0.50 wt% urban anaerobically digested sludge sus-
pension to pH 3.0 promoted the leaching of P and selected metals, ex-
cept Cu that remained partially precipitated in the solid fraction.
Aeration only favored the solubilization of Pb and Zn. The use of
Fenton's reagent allowed the oxidation of organic metal-complexes by
•OH, leading to the insolubilization of Cr and P, with total leaching of
Cd, Cu and Zn. EF with a non-active anode like BDD at high j was very
effective as sludge washing technique to totally remove the latter two
metals. This Fenton-based electrochemical treatment also allowed the
total precipitation of Cr, Pb and Fe. Comparative use of a RuO2-based
anode led to greater production of active chlorine species. This favored
a larger decay of Cr, Fe and P concentrations in the liquid phase, but a
smaller enhancement of Cd, Cu and Zn solubilization. The P recovery
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in the solid phase was about 74%–79% by conventional Fenton and EF
treatments, being slightly superior with the RuO2-based anode. An ir-
regular evolution of the soluble TOC was found, increasing in most
cases except for EF with a BDD anode, where it decreased due to the
higher mineralization power of BDD(•OH). The CST measurements of
the sludge showed a great improvement of its dewaterability because
of the scission of EPS, yielding a less-compact sludge.
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