
  

 

 

 

 

 

 

Mika Martikainen 

Adsorption of phosphorous and arsenic oxyanions to metal 

hydroxide and oxide surfaces 

 

 

Licentiate Thesis 

Lappeenranta-Lahti University of Technology LUT, Finland 

LUT School of Engineering Sciences 

 

 

 

 

 

 

 

 

 

 

 

 

  



Supervisor Doc. D.Sc Sami Vironen 

LUT School of Engineering Science 

Lappeenranta-Lahti University of Technology LUT 

Finland 

 

Reviewers Docent Sari Tuomikoski 

Research unit of sustainable chemistry 

University of Oulu 

Finland 

 

Head of Division Lena Johansson Westholm  

School of Business Society and Engineering 

University of Mälardalen 

Sweden 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 
URN: NBN: fi-fe2021091546228 

 

 

Lappeenranta-Lahti University of Technology LUT 

 

  



Abstract 

Mika Martikainen  

 

Adsorption of phosphorous and arsenic oxyanions to metal hydroxide and oxide 

surfaces 

 

Licentiate Thesis 2021 

239 pages 

 

Lappeenranta-Lahti University of Technology LUT 

LUT School of Engineering Sciences 

Finland 

 

This study focuses on two quite distinct elements, phosphorous and arsenic, and their 

removal from aqueous solutions by adsorption. On the surface, one could assume there is 

not much common with these two elements. Phosphorous is a vital macronutrient that 

forms the scaffolding of our DNA, cell membranes, and skeletons. Arsenic is toxic to us 

even at trace concentrations. Even though the biological and even the geochemical 

behaviour is different, the chemical behaviour of phosphorus and arsenic in aqueous 

systems is similar, and both elements form analogous species such as oxyanions like 

phosphate and arsenate. An additional similarity is their polluting effect on the 

environment. Both are dramatic pollutants; trace concentration of phosphorous causes 

paradoxically deterioration of water quality and aquatic life in rivers, lakes, and oceans 

through eutrophication while trace concentration of arsenic is directly toxic to most 

lifeforms. In addition to arsenic and phosphorous species, many other oxyanions like 

chromate, selenate, vanadate, and nitrate pose ever-increasing health and ecological 

problems. Understanding the behaviour of arsenate and phosphate oxyanions in aqueous 

solutions gives the background to address these oxyanions as well. 

The target of the work was to study real granular porous adsorbent materials, both 

commercial adsorbents and novel adsorbents, explicitly developed in this work. Granular 

adsorbents produced during this study were based on either solid industrial waste 

materials or solid precipitates made from virgin materials. All materials were produced 

on a semi-production scale, not in the laboratory, so any of the tested materials could be 

readily implemented in real water treatment applications. The main focus was on seven 

different iron-based adsorbents. Two of the iron-based materials (mixture of Goethite and 

Hydroniumjarosite) were explicitly produced for this thesis work in a semi-production 

scale process. For comparison, three gypsum-based, two Al2O3 -based and two TiO2 

based adsorbents were also tested. Three of these comparison adsorbent materials were 

produced for this thesis work from industrial waste. 

The results show that novel Goethite-Hydroniumjarosite adsorbent granules have a high 

potential as adsorbents for phosphorous removal from waste waters. Also, the phosphate 

recovery process was developed for these adsorbent granules. It was shown that these 

adsorbents could be regenerated at least six times with alkali solution, and the adsorbed 

phosphorous can be recovered as calcium phosphate. It was also showed that the tested 



low-cost adsorbents produced by granulating industrial waste are highly efficient for 

phosphorous removal and due to low cost are an interesting alternative to commercial 

materials produced from virgin raw materials. 

Developed Goethite-Hydroniumjarosite adsorbents were tested intensively in arsenic 

remediation, and these materials showed high efficiency for arsenic removal. When tested 

according to NSF 53 standard, it was proven that these granular materials could remove 

As(V) below the drinking water limit of 10 µg As/L with a high capacity and productivity. 

It was also proven that these materials could remove both As(III) and As(V) species from 

drinking water. A statistical model for fixed-bed adsorption was developed for Goethite-

Hydroniumjarosite granules. 

Keywords: adsorption, arsenic, chemical precipitation, drinking water, metal hydroxide, 

metal oxide, phosphorous, wastewater 



Acknowledgements 

This licentiate thesis work was accomplished in the School of Engineering Sciences at 

the department of Green Chemistry, Lappeenranta-Lahti University of Technology LUT. 

First of all, I am grateful to Sami Virolainen for providing his support, comments, and 

suggestions during the development of the structure and finalization of this thesis work. 

The first draft of this thesis work was actually written more than ten years ago while I 

was working at the company Kemira. A lot has changed, and now seeing this version 

completed, only a few things remained from that first draft. Most of the material is 

rewritten based on recent developments in research and as my understanding has evolved. 

So maybe it was right to let this work mature a bit and finalize the work now when its 

content is even more relevant today than it was ten years ago. 

I am grateful to Kemira for the support for this work and many, many great memories 

over the years. There would be so many names to mention that one page of 

acknowledgements would not be enough. Thank you. 

I would like to thank also Metso-Outotec’s Industrial Water Treatment team and 

especially Pekka Natri and Tuomas van der Meer for the years of fellowship and great 

memories. I was privileged to be part of M-O's breakthrough work on solving arsenic, 

selenium and sulphate problems in the mining industry. 

This work would not have been possible to complete without the support and 

understanding of my current employer Cimcorp, to give me time to do something 

completely different from the world of robots and software. 

Companies and jobs have changed, but my interest in metal oxides and hydroxides, clean 

water and minimizing the human impact on nature has remained. 

 

 

Mika Martikainen 

November 2021 

Pori, Finland 

 





 

 

 

 

 

 

 

 

 

 

 

 

To my family, loved ones and my brothers 

Erik, Jarko and Petri 

 

 
 

 





Contents 

Abstract 

Acknowledgements 

Contents 

Nomenclature 13 

1 Introduction 15 
1.1 Description of adsorption and its mechanisms ........................................ 15 
1.2 About adsorbents ..................................................................................... 19 
1.3 The behaviour of metal oxides and hydroxides in the aqueous systems . 22 

1.3.1 Metal oxide and hydroxide surfaces ........................................... 22 
1.3.2 Adsorption and surface complex formation ................................ 25 
1.3.3 Surface charge of metal oxides and hydroxides and the 

adsorption edge ........................................................................... 28 
1.4 Adsorption isotherms .............................................................................. 30 

1.4.1 Adsorption isotherms on homogenous surfaces .......................... 30 
1.4.2 Adsorption isotherms on heterogeneous surfaces ....................... 31 

1.5 Adsorption kinetics .................................................................................. 33 

1.5.1 The pseudo-first-order kinetic model .......................................... 34 
1.5.2 The pseudo-second-order kinetic model ..................................... 35 

1.5.3 Elovich equation ......................................................................... 35 
1.5.4 Intraparticle diffusion rate – Weber-Morris ................................ 36 

2 Phosphorous in nature 39 
2.1 Phosphorous speciation in waters ............................................................ 39 
2.2 Sources of phosphorous pollution to nature ............................................ 40 
2.3 The effect of phosphorous pollution on nature ....................................... 41 

2.4 Future scarcity of phosphorous ............................................................... 44 

3 Phosphorous removal methods 51 
3.1 Phosphate removal by chemical precipitation ......................................... 52 

3.1.1 Chemical precipitation with calcium .......................................... 53 
3.1.2 Chemical precipitation with aluminium ...................................... 54 

3.1.3 Chemical precipitation with iron ................................................. 56 
3.2 Phosphate removal by adsorption – Phosphate adsorption on iron 

hydroxide or iron oxide surface ............................................................... 61 

4 Arsenic in aqueous systems 69 
4.1 Arsenic’s chemistry in water and its natural sources .............................. 69 
4.2 Arsenic originating to the mining industry .............................................. 72 
4.3 Arsenic from other industrial sources ..................................................... 74 

4.4 Arsenic in the drinking water .................................................................. 75 
4.5 Health effects of arsenic .......................................................................... 77 



4.5.1 Arsenic – toxic history ................................................................ 77 
4.5.2 Health effects of arsenic obtained from drinking water .............. 78 

4.6 Occurrence of arsenic in drinking and irrigation waters ......................... 80 

5 Arsenic removal methods 87 
5.1 Oxidation of As(III) to As(V) ................................................................. 88 

5.2 Arsenic removal by chemical precipitation ............................................. 89 
5.3 Arsenic removal by ion-exchange ........................................................... 94 
5.4 Arsenic removal by membrane techniques ............................................. 95 
5.5 Arsenic removal by electrocoagulation ................................................... 97 
5.6 Arsenic removal by adsorption .............................................................. 100 

6 Materials and methods 107 
6.1 Chemicals .............................................................................................. 107 

6.2 Analysis methods .................................................................................. 107 
6.3 Characterization of adsorbents used in the experiments ....................... 108 

7 Phosphate removal - Equilibrium studies 115 
7.1 Introduction ........................................................................................... 115 

7.2 Experimental set-up ............................................................................... 115 
7.3 Results ................................................................................................... 115 
7.4 Langmuir isotherm ................................................................................ 118 

7.5 Freundlich isotherm ............................................................................... 120 
7.6 Dubinin–Radushkevich isotherm .......................................................... 122 

7.7 Desorption of phosphates from spent adsorbents .................................. 126 
7.7.1 Experimental set-up .................................................................. 126 
7.7.2 Results ....................................................................................... 126 

8 Phosphate removal - Adsorption kinetics 129 
8.1 Experimental set-up ............................................................................... 129 
8.2 Kinetic studies ....................................................................................... 131 

8.2.1 Pseudo-first-order kinetic model ............................................... 131 

8.2.2 Pseudo-second-order kinetic model .......................................... 133 
8.2.3 Elovich equation ....................................................................... 137 

8.3 Study of the diffusion mechanism ......................................................... 140 

9 Phosphate removal – Continuous fixed-bed adsorption 145 
9.1 Experiments with very low influent phosphate concentrations – Phosphate 

polishing application ............................................................................. 145 
9.2 Experiments with medium influent phosphate concentration ............... 146 

9.3 Experiments with high influent phosphate concentration ..................... 148 

10 Phosphate recovery from the adsorbent 151 
10.1 Introduction ........................................................................................... 151 
10.2 Regeneration of spent adsorbent with NaOH ........................................ 151 
10.3 Effect of NaOH regeneration on the adsorption capacity of the regenerated 

adsorbent ............................................................................................... 153 



10.4 Phosphorous recovery from the NaOH solution used for adsorbent 

regeneration ........................................................................................... 154 
10.5 Complete adsorption – phosphate recovery process ............................. 155 
10.6 Cost of the adsorption – phosphate recovery process ........................... 157 

11 Arsenic removal - Equilibrium studies 161 
11.1 Isotherms ............................................................................................... 161 

11.1.1 Experimental set-up .................................................................. 161 
11.1.2 Results ....................................................................................... 161 
11.1.3 Langmuir isotherm .................................................................... 163 
11.1.4 Freundlich isotherm .................................................................. 165 

11.1.5 Dubinin–Radushkevich isotherm .............................................. 167 
11.2 Arsenic removal – Effect of pH on arsenic adsorption ......................... 169 

11.2.1 Experimental set-up .................................................................. 169 
11.2.2 Results ....................................................................................... 169 

11.3 Arsenic removal - Effect of arsenic speciation on adsorption ............... 171 
11.3.1 Experimental set-up .................................................................. 171 

11.3.2 Results ....................................................................................... 171 
11.4 Arsenic removal - effect of silica and vanadium ................................... 172 

11.4.1 Experimental set-up .................................................................. 172 

11.4.2 Results ....................................................................................... 173 

12 Arsenic removal - Adsorption kinetics 175 
12.1 Experimental set-up ............................................................................... 175 
12.2 Kinetic studies ....................................................................................... 175 

12.2.1 Pseudo-second-order kinetic model .......................................... 178 

12.2.2 Elovich kinetic model ............................................................... 179 

12.3 Study of the diffusion mechanism ......................................................... 180 

13 Arsenic removal - Continuous filtration studies 183 
13.1 Experimental set-up ............................................................................... 183 

13.2 Effect of influent pH .............................................................................. 184 
13.3 Effect of Empty Bed Contact Time (EBCT) ......................................... 186 

13.4 Effect of adsorbent particle size ............................................................ 189 
13.5 Thomas plot ........................................................................................... 191 

14 Statistical model for arsenic removal by fixed bed adsorption 197 
14.1 Introduction ........................................................................................... 197 
14.2 Results ................................................................................................... 198 

15 Summary and concluding remarks 203 

References 205 

Appendix A: XRD analyses 219 

Appendix B: Scanning Electron Microscopy (SEM) pictures 233 





13 

Nomenclature 

ae  Initial adsorption rate (Elovich equation) mmol/g min 

a  Constant (Weber-Morris equation)  - 

AT Temkin isotherm constant   L/g 

b  Constant (Elovich equation)  g/mmol 

bt Isotherm constant (Temkin equation)  J/mol 

bL Adsorption coefficient (Langmuir equation) L/mg 

Ce Equilibrium concentration    mg/L 

C  Concentration in solution    mg/L 

Co Initial concentration    mg/L 

Ct Concentration at time t    mg/L 

Cw Constant (Weber-Morris equation)  µg/mg 

k Dubinin–Radushkevich constant  mol2/kJ2 

Kf  Freundlich adsorption coefficient  - 

k1 Pseudo-first-order rate constant  1/min 

k2 Pseudo-second-order rate constant  mg/µg*min 

Kid  Intraparticle diffusion rate constant   1/min 

n Freundlich exponent   - 

qe Adsorption capacity at equilibrium   µg/mg 

q0 Maximum capacity at monolayer coverage  µg/mg 

qt Adsorption capacity at time t  µg/mg 

q  Amount adsorbed per amount of adsorbent  µg/mg 

qm  Maximum adsorption capacity  µg/mg 

R Gas constant 8.314 J/mol K 

t  Adsorption time   min 

T Temperature    K 

ε  Dubinin–Radushkevich isotherm constant - 
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1 Introduction 

Oxyanions are negatively charged ions formed from oxygen and metals or metalloids. 

The general formula of oxyanions is AxOy
z−. For example, one often finds oxyanions of 

W, Mo, Cr, V, Se and As as trace contaminants in various waste streams. However, 

typically more common oxyanions like nitrates, phosphates and sulphates are found in 

higher concentrations (Kailasam & Rosenberg, 2012). 

Most of the oxyanions are toxic. As they are highly mobile in aqueous solutions, this 

makes this property even worse. Several methods are developed for treating oxyanions, 

but the adsorption process is an increasingly popular treatment method. 

1.1 Description of adsorption and its mechanisms 

Adsorption is a separation process where the substances in liquid or gas (the adsorptive 

substance) bind to the surfaces of a solid material (the adsorbent). The adsorptive 

substance in its adsorbed state is called the adsorbate (Figure 1.1). The separation process, 

adsorption, is based on thermodynamic or kinetic selectivity between the solid surface, 

adsorbent, and the dissolved component, adsorbate (Crini, et al., 2018).  

 
Figure 1.1: Basic terms of adsorption (Worch, 2012). 

In general form, adsorption is about the mass transfer from the gas or liquid phase to the 

surface of the adsorbent. In this literature review, the focus is on the liquid-solid 

adsorption systems. In this context, adsorption involves the mass transfer of a soluble 

species (adsorbate) from the solution to the solid surface (adsorbent). When the adsorbent 

is a porous media, the adsorption process of adsorbate to adsorbent has the following 

basic steps. 
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1) Transport and Diffusion  

 Bulk diffusion – First, the adsorbate transfers from the bulk solution to the 

adsorbent's boundary layer.  

 Film diffusion – Then, the adsorbate passes through the hydrodynamic boundary 

layer to the adsorbent surface. 

 Pore diffusion – Before the actual adsorption process occurs, the adsorbate 

transports ether through pore diffusion or surface diffusion. 

In the Figure 1.2 below is presented the bulk, film and pore diffusion steps in the typical 

adsorption process of a porous adsorbent, according to Wang et al. (2020). 

 
Figure 1.2: Schematic presentation of the typical adsorption processes (Wang, et al., 2020). 

2) Surface reaction  

The surface reaction is usually very rapid. The diffusion steps, therefore, control the 

overall mass transfer rate. (Aragon & Thompson, 2002). Based on the bond between the 

adsorbate and the adsorbent, adsorption is considered either a) physisorption or b) 

chemisorption. 

a) The bonding in physisorption is done through weak van der Waal’s - forces. Thus, 

there is no chemical bond formed. In physisorption, the equilibrium between the 

adsorbent surface and the adsorbed molecules is obtained quickly, and due to the small 

energy requirement, it is easily reversible. Multilayer formation is also possible in 

physisorption (Ruthven, 2001).  
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b) In chemisorption, a chemical bond is formed between the adsorbate and adsorbent. 

The bond is either ionic, metallic or covalent. The interaction between adsorbate and 

surface is stronger and more specific than in the case of physisorption. Unlike in 

physisorption, only a monolayer is formed in chemisorption (Ruthven, 2001). 

Table 1.1: Summary of the differences between physical adsorption (physisorption) and 

chemical adsorption (chemisorption) (Nix, 2021). 

Characteristics Physisorption Chemisorption 

Material Specificity  Slight dependence upon 

substrate composition 

Substantial variation between 

materials 

Crystallographic 

specificity 

It is independent of the  

surface atomic geometry 

Marked variation between 

crystal planes 

Adsorption Enthalpy 
Related to factors like 

molecular mass and polarity 

- typically 5-40 kJ/mol  

Related to the strength of  the 

chemical bond - typically 40 - 

800 kJ/mol 

Binding force 
The physical force of 

attraction  (van der Waal’s 

adsorption) 

Chemical forces (the process 

is also called activated 

adsorption) 

Saturation uptake Multilayer phenomena Monolayer phenomena 

Kinetics of adsorption Fast - non-activated process Very variable - an often 

activated process 

Activation Energy No activation energy 

involved 
May be involved 

Nature of sorbate 
The amount of adsorbate 

removed depends more on 

adsorbate than on adsorbent 

It depends on both adsorbent 

and adsorbate 

Reversibility of 

adsorption 

Non-dissociative - 

Reversible 

Often dissociative - May be 

irreversible 

An additional process that needs to be considered when discussing adsorption processes 

is desorption. The desorption process is the opposite of adsorption. In case the 

concentration of the substance in the bulk phase decreases, some of the adsorbate transfers 

back to the bulk state. Mechanism of desorption, i.e. the release of an adsorbed substance 

from the adsorbent surface, occurs in a reverse manner compared to adsorption. The 

process starts with desorption from the adsorbent surface and ends with the transport to 

the solution phase from the boundary layer surrounding the adsorbent. 

In the adsorption process, many different interactions are possible, and more than one 

interaction may co-occur. Crini et al. (2018) summarized the interaction mechanisms into 

four main mechanisms; physisorption, chemisorption, ion-exchange, and surface 
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precipitation. However, some authors consider the ion-exchange process a chemisorption 

mechanism (see Figure 1.3) (Crini, et al., 2018).  

 
Figure 1.3: Classification of pollutant adsorption mechanisms according to Crini et al. (2018). 

Adsorption mechanism is present in many natural, physical, biological and chemical 

systems, and many industrial applications are based on it. According to Dabrowski 

(2001), the typical industrial applications of adsorption are: 

 Separation of  liquids and gases  

 Drying gases 

 Cleaning liquids and gases from contaminants 

 Recovery of chemicals 

 processing and treatment of different water streams 

In the most general sense, adsorption happens either in the gas or liquid phase. This work 

focuses on adsorption mechanisms in aqueous solutions and, more specifically, in 

drinking water and wastewater. Adsorption technology has been an integral part of the 

developments in water treatment, especially in the removal of toxic elements, 

highlighting the importance of this technique over the century. For example, drinking 

water treatment processes have used activated carbon as an adsorbent for over a hundred 

years (Kyzas & Mitropoulos, 2019). 

Various water treatment processes, like biological, chemical precipitation, 

electrocoagulation, ion-exchange, flocculation/coagulation, advanced oxidative 

processes, and membrane filtration have been successfully developed and applied over 
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decades to improve the quality of different types of waters. However, all these processes 

have their technical and economic limits. Among these techniques, adsorption processes 

are commonly used to treat wastewaters, industrial effluents, and drinking water 

(especially groundwater). Adsorption based processes offer several advantages over 

traditional water treatment processes, including flexibility, versatile design, low-energy 

requirements, high effectiveness. These benefits are seen even when the target is to 

remove very low contaminant concentrations. Additional benefits are simplicity of the 

process, low initial investment cost, ease of operation, effectiveness towards a wide range 

of pollutants, utilizing little or no chemicals, and no generation of secondary sludge or 

intermediate products (Kumari, et al., 2019).  

1.2 About adsorbents 

Solid materials utilized as adsorbents vary widely in chemical composition, surface 

properties, and geometrical surface structures. Since adsorption is a surface process, the 

internal and external surface areas are critical parameters for adsorbents. The reason for 

the importance of the surface area in adsorption processes is due to the fact that the surface 

area has a strong influence on the mass transfer rate in the adsorption process 

mass transfer  

= mass transfer coefficient * area available for mass transfer * driving force 

 

(1.1) 

 

As adsorbent materials are typically porous materials, one must consider both external 

and internal surface area. Internal surface area is typically significantly larger than the 

external surface area resulting in almost all adsorption capacity. Hence, the adsorbent’s 

internal surface area is essential for the adsorption process (Worch, 2012). Other critical 

physical parameters that define the usability of adsorbents in the real-life adsorption 

process include particle size, pore size and pore size distribution, apparent density and 

bulk density. 

When evaluating the adsorbent’s properties, one typically starts with a characterization 

of the chemical and physical properties of the adsorbent, followed by isotherm and kinetic 

studies. The last phase of the adsorbent assessment is continuous fixed bed filtration tests 

needed for scaling up the adsorption process. Adsorbent evaluation in this thesis work 

followed steps presented in Table 1.2. 
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Table 1.2: Common parameters in assessment of adsorbent. 

Adsorbent assessment 

Chemical and Physical 

Characterization 

Isotherms Kinetics Continuous 

filtration tests with 

fixed bed filter 

 

For example 

- surface area 

- particle size 

- chemical composition 

- crystallinity 

For example 

- Langmuir 

Isotherm 

- Freundlich 

isotherm 

For example 

- Pseudo-First 

order 

- Pseudo-second 

order 

For example 

- capacity analyses 

- scalability to full-

scale process 

In a very simplified manner, the adsorbents can be classified into three main adsorbent 

categories; carbon-based, mineral-based, and others (Crini, et al., 2018). Typical 

industrial adsorbents are presented in Table 1.3. 

Table 1.3: Basic types of industrial adsorbents (Crini, et al., 2018). 

Carbon adsorbents Mineral adsorbents Other adsorbents 

Activated carbons Silica gels Synthetic polymers 

Activated carbon fibres Activated alumina Composite adsorbents 

(mineral-carbons) 

Molecular carbon sieves Metal oxides Mixed adsorbents 

Fullerenes Metal hydroxides  

Carbonaceous materials Zeolites  

 Clay minerals  

 Pillared clays  

 Inorganic nanomaterials  

The terms “metal oxide” or “metal hydroxide” adsorbent refers to adsorbents in the form 

of solid hydroxides, oxyhydroxides, and oxides. The general production process starts 

with the precipitation of metal hydroxides from metal salt solution with alkali. The next 

step is partial dehydration at elevated temperatures. Continuation of the heating results in 

the transformation to stable metal oxides. As the temperature in the heat treatment 

increases, the specific surface area of the metal oxide decreases. The dehydration process 
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of a trivalent metal (Me) hydroxide in a simple manner is presented in equations 1.2 and 

1.3. 

Me(OH)3 → MeO(OH) + H2O 
(1.2) 

 

2 MeO(OH) → Me2O3 + H2O 

 

(1.3) 

 

Metal oxide adsorbents typically have several surface OH groups. These surface OH 

groups strongly influence the adsorption properties of metal oxide (or hydroxide). The 

surface properties make these adsorbents ideal for removing ionic compounds, such as 

phosphate, arsenate, fluoride, or heavy metal species from different waters (Worch, 

2012). 

Commercial metal oxides and hydroxides are commonly used as adsorbents in water 

treatment (wastewater and drinking water). Also, adsorbents based on natural metal oxide 

and hydroxide minerals and industrial waste materials containing metal oxides and metal 

hydroxides have been used for water treatment. In commercial metal-based adsorbents, 

aluminium and iron-based adsorbents are the most important ones.  (Gai & Deng, 2021).   

Aluminium oxide 

Aluminium oxide, i.e. the activated aluminas, are porous high surface area (about 200 

m2/g) solids made by thermally treating aluminium hydroxide. Activated aluminas have 

been used for a long time in water treatment, for example, to remove arsenic, phosphate, 

chloride and fluoride (Ruthven, 2001). 

Iron oxides and hydroxides 

In most of the iron oxides, iron exists in the three valent form Fe(III). Iron is in the divalent 

form only in two compounds, namely FeO and Fe(OH)2. Mixed Fe(II)–Fe(III) is found 

in Green rusts and Magnetite minerals. Two common iron oxy-hydroxide and oxide 

utilized in adsorption processes, namely FeOOH and Fe2O3, have several polymorphs; 

FeOOH has five and Fe2O3 has four. Nearly all iron oxides are crystalline, except for 

Ferrihydrite and Schwermannite, which are poorly crystalline (Haleemat Iyabode, et al., 

2013). 

Their low cost and environmental friendliness characterize iron oxide and hydroxide 

materials. Iron oxides, oxyhydroxides, and hydroxides like amorphous hydrous ferric 

oxide (FeOOH), Goethite (α-FeOOH), Akaganéite (β-FeOOH), and hematite (α-Fe2O3) 

are effective adsorbents for different inorganic impurities. Iron-based adsorbents are used 

for both anionic and cationic impurities and have been utilized in water treatment at a 

commercial scale. They have a high affinity towards oxyanions, which makes them 

suitable for arsenic and phosphorous removal. Granular ferric hydroxide GFH (mixture 

of Fe(OH)3 and β-FeOOH)) is an efficient adsorbent for arsenic removal, and it has been 

developed especially for drinking water treatment (Naeem, 2007).  
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Titanium dioxide 

Titanium dioxide particles are typically aggregates of nanoparticles having a size from 1 

to 100 nm.  These nanoparticles consist primarily of surface atoms and therefore have a 

high adsorption capacity to adsorb metal ions (Pirilä, 2015). Titanium dioxide-based 

adsorbents have been studied to remove a wide range of organic (for example, dyes and 

pharmaceutical residues) and inorganic impurities like sulphates, arsenic, trace metals, 

and radionuclides from waters.  

1.3 The behaviour of metal oxides and hydroxides in the aqueous 

systems 

1.3.1 Metal oxide and hydroxide surfaces 

Single-crystal surfaces have a wide variety of defects like step, kink, terrace and vacancy 

defects. A simple block model shown in Figure 1.4 shows that a real surface will have 

one-dimensional defects in the form of steps, but besides this simplistic view, the surface 

can have various two and zero-dimensional defects. It is essential to understand that metal 

oxide or hydroxide surfaces are not homogenous but quite heterogeneous on many levels. 

These surface defects are essential to the overall reactivity of metal oxide surfaces and 

partially result in how metal oxide behaves in different environments (Brown Jr., et al., 

1999). 

 
Figure 1.4: Simple block model of defects on a single-crystal surface (Brown Jr., et al., 1999). 

In the presence of water, the surfaces of metal oxides, hydroxides, and oxy-hydroxides 

are covered with surface OH-groups. Figure 1.5 is a schematic presentation of the cross-

section of the metal oxide surface layer. In dry oxide (Figure 1.5a), the surface layer’s 

metal ions have a reduced coordination number. The surface metal ions may first tend to 

coordinate H2O molecules in the presence of water (see Figure 1.5b). Then, due to the 

charge of the formed surface site, another water molecule will adsorb to it, which 

consequently results in a multilayer of water molecules that do not behave exactly like 

the water molecules in solution but are affected by the surface (Figure 1.5 d) (Smith, 

1999). Water molecules' dissociative chemisorption is energetically favoured for most 

metal oxides and leads to a hydroxylated surface. These surface hydroxyls are not 
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structurally and chemically completely homogenous but are still considered one kind of 

surface hydroxyl group S-OH, where the S marks the oxide surface (Stumm, 1992). 

 
Figure 1.5: Schematic representation of the cross-section of the surface layer of a metal oxide: 

metal atoms ●, oxide atoms O.  (a) Unhydrated surface.  (b)  Surface metal atoms coordinated 

with H2O molecules. (c)  The hydroxylated surface formed from the dissociation of protons from 

adsorbed H2O molecules. (d) Water sorption on the hydroxylated surface (Smith, 1999). 

In addition to water, ions and molecules (i.e. ligands) in the solution can be adsorbed to 

the surface and form surface complexes. The loss of one or more hydration waters 

happens when the adsorbate reacts directly with the metal oxide surface. In this process, 

called specific adsorption or chemisorption, a relatively solid chemical bond(s) forms 

between adsorbate and adsorbent (Hiemstra & Van Riemsdijk, 1996). The adsorbed 

species are called an inner-sphere complex and are relatively immobile and unlike desorb 

from metal oxide surfaces as solution conditions like ionic strength or pH changes (Brown 

Jr., et al., 1999). 

Inner-sphere complexes are classified according to the number of surface sites that the 

ligand is bound to. The complex is mononuclear when the ligand coordinates to only one 

surface site. Ligands can be bound in either a monodentate or a bidentate fashion in 

mononuclear complexes. The surface complex is binuclear when the ligand coordinates 

with two surface sites, and the ligand is usually bound in a bidentate-bridging 

configuration. Ligands that coordinate in a bidentate fashion may lead to more stable 

complexes due to the chelate effect (Hiemstra & Van Riemsdijk, 1996).  

A weaker interaction occurs when one or more water molecules exists between the ligand 

and the surface metal, and the adsorbate is not directly bonded to the oxide surface. This 

type of adsorption based on electrostatic forces and hydrogen bonding is called non-

specific. The adsorbed species in non-specific adsorption are called outer-sphere 

adsorption complexes and are more likely to desorb as solution conditions change (Brown 

Jr., et al., 1999).  
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Figure 1.6: Schematic model of the electrical double layer at the metal oxide-aqueous solution 

interface, showing elements of the Gouy-Chapman-Stern model, specifically adsorbed anions and 

non-specifically adsorbed solvated cations. The metal oxide is defined by the location of surface 

sites that may be protonated or deprotonated. The centres of specifically adsorbed anions and 

cations define the inner Helmholz plane. The outer Helmholz plane corresponds to the beginning 

of the diffuse layer of counterions. Estimates of the dielectric constant, ε, of water are indicated 

for the first and second water layers nearest the interface and bulk water (Brown Jr., et al., 1999). 

These two types of interactions, specific and non-specific adsorption, result in very 

different behaviours in the adsorption process: 

Specific adsorption 

 The surface charge does not influence sorption 

 The ionic strength does not influence sorption 

Non-specific adsorption 

 Sorption happens only on surfaces of opposite charge. 

 Sorption density decreases with increasing ionic strength. 
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1.3.2 Adsorption and surface complex formation 

Hydroxylated metal hydroxide and oxide surfaces have several surface complex 

formation equilibria that can exist in the adsorption process. Stumm (1992) has proposed 

that the following four are the most critical adsorption equilibria; Acid-base equilibria, 

metal binding (complex formation), ligand exchange, and ternary surface complex 

formation. 

Acid-base equilibria: 

The ion-exchange reaction on the metal oxide surface results from the combined 

adsorption of cations or anions from aqueous solutions while the surface simultaneously 

releases protons or hydroxide ions. The two surface hydroxyl groups (acid and base) are 

formed by donating protons from the adsorbed water to oxide ions. These surface 

hydroxyl groups then act as the anion and cation exchange sites. Thus, metal oxides' ion-

exchange capacities and property depend on the surface hydroxyl groups (Hiroki, et al., 

2001). 

As described, the surface hydroxyl groups have a protolytic behaviour. A hydroxylated 

oxide surface adsorbs both protons H+ and hydroxide ions OH- which can be described as 

protonation or deprotonation of the hydroxyl groups (Stumm, 1992). 

  2OHSHOHS  (1.4) 

 
  HOSOHS  (1.5) 

 
In these equations, the symbol S stands for the surface of the metal oxide. Based on 

equations 1.4 and 1.5, the surface is positively charged at low pH values and negatively 

charged at high pH values. When pH changes from low to high pH, there is a point of 

zero surface charge called pHpzc, where the net surface charge is zero. This pHpzc is one 

of the critical parameters in the adsorption process as it defines the adsorption of charged 

species and how the pH influences the adsorption process. In the Table 1.4 is listed pHpzc 

for selected metal hydroxides, oxyhydroxides, and hydroxides (Worch, 2012).  
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Table 1.4: Point of zero charge for selected oxides, oxyhydroxides, and hydroxides (Stumm, 

1992), (Worch, 2012) & (Smith, 1999). 

Oxide material pHpzc 

α-Al2O3 9.1 

α-Al(OH)3 9.1 

γ-AlOOH 8.2 

α-FeOOH 7.8 

α-Fe2O3 8.5 

amorphous Fe(OH)3 8.5 

SiO2 2.0 

Fe3O4 6.5 

TiO2 5.1 

Metal-binding (cation adsorption): 

Surface hydroxyl groups have ligand properties. Adsorption of metal ions (cations) can 

be described as complex formation with deprotonated surface hydroxyl groups. In this 

reaction, the adsorbed cations replace the protons of the surface OH -group. The adsorbate 

ions are directly bound to the oxide surface site by ligand exchange. Several species may 

be formed in these reactions simultaneously, as shown in equations 1.6 to 1.8.  

  HOMSMOHS zz )1(
 (1.6) 

 
  HMOSMOHS zz 2)(2 )2(

2  (1.7) 

 
  HOMOHSOHMOHS zz 2)2(

2  (1.8) 

 

 
Figure 1.7: Example of inner-sphere complex formations (Worch, 2012). 
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Ligand exchange (anion adsorption): 

Specifically, adsorbed anions may replace surface hydroxyl groups. For example, fluoride 

and oxyanions react according to this complex formation. In Figure 1.8 is presented an 

example of oxyanion adsorption to the metal oxide surface through ligand exchange. 

  OHLSLOHS  (1.9) 

 
  OHLSLOHS 22 2  (1.10) 

 

 

Figure 1.8: Example of inner-sphere ligand exchange (Worch, 2012). 

Ternary surface complex formation: 

A dissolved metal ion may coordinate with both deprotonated surface hydroxyls and 

dissolved ligands forming ternary surface complexes. However, the complexes formed 

may have different structures. 

  OHMLSMLOHS zz
 (1.11) 

 
  HLOMSMLOHS zz )2(

 (1.12) 

 
The formation of ternary surface complexes is essential in the adsorption processes of 

oxyanions, as oxyanions and metal cations often co-exist in the aqueous systems. Many 

studies confirm the formation of ternary surface complexes on metal oxide and hydroxide 

surfaces when phosphate and arsenate are present. Studies show that the oxyanion can 

enhance the adsorption of metal cations on (hydro)oxide surfaces, but the metal cation 

may not enhance the adsorption of oxyanion. For example, Wang & Xing (2004) 

concluded that the presence of phosphate oxyanion greatly enhanced Cd2+ adsorption on 

Goethite. Study of co-adsorption of phosphate and zinc on the surface of Ferrihydrite by 

Liu et al. (2016) proposed that oxyanion-bridged ternary complexes can be formed on the 

surface of Ferrihydrite, and therefore heavy metal cations with low affinity to 

Ferrichydrite may be significantly adsorbed when they were co-adsorbed with oxyanions. 

A study by Mendez and Hiemstra (2020) with binary Me2+-PO4 systems concluded that 

the adsorption of Ca2+ and Mg2+ ions to the Ferrihydrite surface is enhanced by adsorbed 

phosphate and vice versa. This synergistic effect is due to enhanced electrostatic 

interaction and the formation of ternary surface complexes (Mendez & Hiemstra, 2020). 
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Jiang et al. (2013) concluded that arsenate could enhance Cd2+ adsorption in the region 

dominated by adsorption through the ternary complex formation and the region 

dominated by precipitation due to arsenic-cadmium co-precipitation. However, cadmium 

could increase As(V) adsorption only by co-precipitation in the high initial concentrations 

where the As-Cd co-precipitates form (Jiang, et al., 2013). 

Studies show that the adsorption of oxyanions and metal cations can also be inhibited by 

each other. For example, the competition for coordination sites at the metal oxide surface 

can negatively affect oxyanion adsorption. Alternatively, forming a stable non-adsorbing 

cation–oxyanion complex in the solution can prevent the oxyanion adsorption (Liu, et al., 

2016). 

1.3.3 Surface charge of metal oxides and hydroxides and the adsorption edge 

The metal oxide and hydroxide surfaces in contact with water develop a surface charge 

for several reasons: protonation-deprotonation reactions mentioned earlier or permanent 

structural charge or adsorption of other ions that affect the adsorbent’s surface potential. 

Due to surface charge, there is a potential difference (imbalance) that influences the 

distribution of neighbouring ions. The charged surface attracts oppositely charged ions 

and repels ions with a similar charge (Stumm, 1992).  

Smith (1999) has identified two critical mechanisms for the origin of the surface charge; 

Variable surface charge and Constant surface charge. In the constant surface mechanism, 

the charge is independent of the surrounding solution composition. The constant surface 

charge mechanism is primarily applicable to layered clay minerals. Clay minerals have a 

negative charge deficiency. Adsorption of cations between layers compensates for this 

deficiency. Due to this fact, the term “cation exchange” is commonly used instead of 

adsorption in the case of constant surface charge (Smith, 1999). 

Many metal oxides and hydroxides contain ionisable functional groups on their surfaces. 

In the variable surface charge mechanism, the charge can develop due to the dissociation 

of these functional groups. For example, the electric charge of hydrous oxide is mainly 

formed via the acid-base behaviour of the surface hydroxyl groups. In the case of variable 

surface charge, the surface charge depends on the surrounding water's pH (see Figure 

1.9). In neutral or alkaline pH, the surface is generally negatively charged (Smith, 1999).  
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Figure 1.9: The effect of pH on surface charge, examples of metal oxides and minerals (Stumm, 

1992). 

Solution pH is a significant variable for surface-binding reactions on oxide surfaces. 

Typically, cation adsorption increases, and anion adsorption decreases with increasing 

pH. This phenomenon, where adsorption capacity increases from nearly 0% to nearly 

100%, happens in a narrow pH range of 1 to 2 pH units. This pH region is called the 

“adsorption edge”. The position of the adsorption edge is characteristic of adsorbate and 

less to the particular adsorbent and the concentrations of surface binding sites. Thus, 

increasing the amount of adsorbent in the system will move the adsorption edge towards 

lower pH for cations and higher pH for anions. When the concentration of a cationic 

adsorbate increase while the quantity of adsorbent remains the same, the adsorption edge 

moves to higher pH values. This phenomenon is termed the “loading effect” (Smith, 

1999).  

 
Figure 1.10: Generalized adsorption edge for cation (solid curve) and anion (dashed curve) 

adsorption on a metal-oxide surface. For a given solute concentration, the adsorption edge will 

shift in the direction of the arrows with increasing adsorbent content (Smith, 1999). 
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1.4 Adsorption isotherms 

Adsorption phenomena are typically described with isotherms, which describe the ratio 

of adsorbate concentration and the amount adsorbed to the adsorbent surface at constant 

temperature (Ruthven, 2001). The shape of the isotherm also gives an indication of the 

intensity of the adsorption and the attraction between the adsorbate and adsorbent.  

1.4.1 Adsorption isotherms on homogenous surfaces 

Dabrowski & Tertykh (1995) presented the following classification that summarises the 

most frequently considered adsorption models for homogenous surfaces: 

Table 1.5: Summary of the differences between physical adsorption (physisorption) and 

chemical adsorption (chemisorption) (Dabrowski & Tertykh, 1995). 

Monolayer adsorption 

Localized 
without lateral interactions (Langmuir) 

with lateral interactions (Fowler-Guggenheim) 

Mobile 
without lateral interactions (Volmer) 

with lateral interactions (Hill-de Boer) 

Multilayer adsorption 

All layers localized 

First n layers localized, top layers mobile (Broekhoff – van Dongen) 

All layers mobile 

The Langmuir isotherm model from 1918 (equation 1.10) is the simplest theoretical 

model utilized in adsorption studies. The Langmuir model describes the equilibrium 

distribution of ions between the solid and liquid phases based on monolayer sorption onto 

a homogenous surface (Ruthven, 2001). The Langmuir equation is the most widely 

employed two-parameter equation. The basic assumptions of this equation are; adsorbent 

with a structurally homogeneous surface, all adsorption sites are energetically identical, 

and each site can hold one adsorbate molecule (Hsieh & Hsisheng, 2000).  

The linearised form of the Langmuir equation is: 

eLe Cqbqq
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(1.13) 
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where 

qe = the adsorption density at equilibrium [µg/mg] 

q0 = maximum capacity at monolayer coverage [µg/mg] 

Ce = the liquid phase equilibrium concentration [mg/L] 

bL = Langmuir adsorption coefficient  

When 1/qe is plotted as a function of 1/Ceq, one can calculate constants 1/q0 from intercept 

and b from the slope. 

The Langmuir isotherm constant bL indicates the affinity, i.e. the capacity of adsorbent 

toward the ions to be adsorbed. Thus, the high value of b indicates a strong adsorption 

affinity. 

1.4.2 Adsorption isotherms on heterogeneous surfaces 

The following three equilibrium adsorption isotherms are the most practical on actual 

heterogeneous adsorbent surfaces: the Temkin isotherm, the Freundlich isotherm, and the 

Dubini-Radushkevich isotherm (Dabrowski & Tertykh, 1995). 

Temkin isotherm 

Temkin and Pyzhev first proposed the Temkin isotherm model in 1940 (Ayawei, et al., 

2017).  

 eT

t

e CA
b
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 ln  

(1.14) 

where 

q  = Amount of adsorbate in the adsorbent at equilibrium [mg/g] 

R = Gas constant (8.314 J/mol K) 

T = Temperature [K] 

bt = Temkin isotherm constant related to heat of adsorption [J/mol] 

AT = Temkin isotherm equilibrium binding constant [L/g] 

Ce = Adsorbate equilibrium concentration [mg/L] 

by linearization 

eTe CBABq lnln   (1.15) 
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where 

tb

TR
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(1.16) 

Plotting qe versus ln Ce can be used to determine the isotherm constants AT and bt. 

Freundlich isotherm 

The Freundlich equation is the most common equation used to describe multilayer 

adsorption characteristics for the heterogeneous surface. Freundlich’s adsorption 

coefficients n and K are solved from the linear equation. 

n

ef CKq   (1.17) 

where: 

Kf  = Freundlich adsorption coefficient estimates the adsorption capacity 

n = Freundlich exponent represents the adsorption intensity and surface 

heterogeneity 

q  = amount adsorbed per amount of adsorbent [mg/g] 

Ce  = equilibrium concentration [mg/L] 

 

Taking the logarithm of the linear equation and rearranging:  

ef CnKq logloglog   (1.18) 

The plot of  log q as a function of log Ce results in a straight line, and from the intercept, 

one can calculate Kf and from slope the value for n. These values indicate how favourable 

the adsorption processes are. With the value of n=0.1-0.5, adsorption is considered to be 

favourable. If n=0.5-1.0, the adsorption is somewhat difficult, and if n>1, adsorption is 

difficult. If the Freundlich adsorption model fits well to the measured data, it indicates 

the adsorption mechanism through strongly heterogeneous surface sites. 

Dubinin-Radushkevich isotherm 

Dubinin–Radushkevich (D-R) isotherm is typically utilized to describe the multilayer 

adsorption mechanism on a heterogeneous surface (Dada, et al., 2012). The Dubinin–

Radushkevich (D-R) isotherm is commonly utilized to differentiate between physical 

adsorption and chemical adsorption and evaluate the characteristic porosity and the 

apparent free energy of adsorption (Dabrowski & Tertykh, 1995).  
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where 

q  = Amount of adsorbate in the adsorbent at equilibrium [µg/mg] 

qm  = Maximum adsorption capacity [µg/mg] 

k = Dubinin–Radushkevich constant [mol2/kJ2] 

ε = Dubinin–Radushkevich isotherm constant 

R = Gas constant (8.314 J/mol K) 

T = Temperature [K] 

Ce = Adsorbate equilibrium concentration [mg/L]  

By linearization  

2lnln  kqq m  

 

(1.21) 

Plotting ln q as a function of ε2 should result in a straight line, and from the intercept one 

can calculate maximum adsorption capacity qm and from slope the value for k. Free 

energy of adsorption can be calculated from the k value by the equation: 

k
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(1.22) 

If the free energy of adsorption is less than 8 kJ/mol, the adsorption process is dominated 

by physisorption. On the other hand, when the free energy values are between 8 to 16 

kJ/mol, the adsorption process is controlled by an ion-exchange mechanism and when the 

free energy is greater than 16 kJ/mol by chemical reaction (Gunay, 2007). 

1.5 Adsorption kinetics 

Kinetics describes the rate at which the adsorption system reaches equilibrium. Both the 

adsorption process and the reverse process, desorption, continue until the equilibrium is 

reached. Besides the rate of adsorption, kinetic models can give qualitative information 

on the adsorption mechanism. Understanding the kinetics behind the adsorption 
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phenomena is also important data when the full-scale adsorption processes are developed 

(Bonelli, et al., 2020). 

As described earlier, the adsorption process consists of bulk diffusion, external diffusion, 

intraparticle diffusion and the actual surface reaction steps. The overall rate of the 

adsorption is controlled by the slowest of these steps. However, the first step (bulk 

diffusion) and the last step (interaction with the adsorbent surface) is fast compared to the 

second and the third steps. 

1.5.1 The pseudo-first-order kinetic model 

Lagergren developed the pseudo-first-order kinetic model in 1898, and it is a popular 

model to describe the rates of adsorption processes (Ho & McKay, 1999). 

 te
t qqk

dt
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 1  

(1.23) 

where 

qe = amount adsorbed at equilibrium [µg/mg] 

qt = amount adsorbed at time t [µg/mg] 

t = time [min] 

k1 = the pseudo-first order rate constant [1/min] 

 

By linearization 
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(1.24) 

The rate constant k1 can be calculated from the plot log (qe−qt) versus time from the 

linearised form. 

The first-order equation has some limitations. For example, Ho & McKay (1998) 

analysed several adsorption kinetic studies presented in literature and concluded that in 

most cases in the literature, the pseudo-first-order equation and experimental data does 

not correlate well within the whole contact time range. Therefore, the first-order kinetic 

model is often applicable only for the first 20–30 min of the adsorption process and not 

for the whole range of contact times (Ho & McKay, 1998). 
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1.5.2 The pseudo-second-order kinetic model 

Ho & McKay (2000) proposed the pseudo-second-order kinetic model. According to 

them, the pseudo-second-order model describes the adsorption process if the rate-limiting 

step is chemisorption. The parameter that influences the kinetics based on the pseudo-

second-order model is the adsorption equilibrium capacity qe (Ho & McKay, 2000). The 

pseudo-second-order model is shown in equation 1.25 below.  

 22
t  
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(1.25) 

After integration and linearization equation can be represented in the form 
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where 

qt  = capacity at adsorption time t [µg/mg] 

qe  = equilibrium capacity [µg/mg] 

t  = adsorption time [min] 

k2  = rate constant (mg/µg*min) 

If pseudo-second-order kinetics is valid, the plot of t/qt vs t is linear. From this line, the 

slope determines the qe, and the intercept determines the k value. The pseudo-second-

order kinetic model is widely used since it represents the experimental data quite well 

over the whole range of adsorption (Ho & McKay, 1999). 

1.5.3 Elovich equation 

When adsorption to a solid surface happens without desorption, the rate decreases as the 

surface coverage increases as the adsorption process progresses. The Elovich equation 

describes this kind of ‘activated’ chemisorption (Tsenga, et al., 2003). The Elovich 

equation has general application to chemisorption kinetics in gas-solid systems. However, 

even though the Elovich equation is well known in the chemisorption of gas molecules, 

the equation has been applied satisfactorily also in liquid-solid systems, and its 

applicability in wastewater processes has been proven meaningful (Cheung, et al., 2001). 
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(1.27) 
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After integration and linearization, the equation can be presented as 
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(1.28) 

where 

qt  = adsorption capacity [µg/mg] 

t  = time [min] 

ae  = initial adsorption rate (mmol/g min) 

b  = parameter related to extent of surface coverage and activation energy for 

 chemisorption (g/mmol) 
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(1.29) 

By plotting qt as a function of ln(t+ t0) measured data should fall in a straight line having 

1/b as slope and ln(ab)/b as intercept.  

1.5.4 Intraparticle diffusion rate – Weber-Morris 

Webber and Morris (Weber, et al., 1963) showed that the functional relationship common 

to most treatments of intraparticle diffusion is that the uptake of adsorbate varies almost 

proportionately with the square root of time. The Weber-Morris intraparticle diffusion 

model is extensively used for analysing adsorption mechanisms.  

In the Weber-Morris plot, qt as a function of t1/2, should be a straight line with a slope kid 

and intercept C, when the adsorption mechanism follows the intraparticle diffusion 

processes.   

qt = kid * t1/2 + Cw 

 

(1.30) 

where 

qt = adsorption capacity [µg/g] 

kid  = rate constant [µg/g*min0.5] 

t = time [min] 

Cw = constant related to the thickness of the boundary layer [µg/mg] 

If the straight line passes through the origin, intraparticle diffusion does not control the 

adsorption process. A typical example is when synthetic resins with large particle sizes 

and uniform pores are used as adsorbents. However, on many occasions, the plot does not 

pass through the origin. In this case, intercept C is proportional to the thickness of the 

boundary layer. This means that the larger the intercept, the more significant the boundary 
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layer effect. Also, the plot can show multiple linear sections (multi-linearity). Previous 

studies have shown that the intraparticle diffusion plot may have multi-linearity. These 

different linear regions could represent the external mass transfer and intraparticle 

diffusion in macro, meso, and micropore (Wang & Li, 2007). In two-stage plots, the 

sharper first-stage portion is the external surface adsorption stage. The second portion 

represents the intraparticle diffusion-limited adsorption mechanism (Karaca, et al., 2004). 
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2 Phosphorous in nature 

2.1 Phosphorous speciation in waters 

The speciation of phosphorous in aqueous systems is quite complex and strongly 

dependent on the solution pH. In water, phosphoric acid is subject to a sequential 

dissociation per the equations presented in Table 2. As shown in Figure 2.1, dihydrogen 

phosphate and hydrogen phosphate are mainly present at a pH range between 4 and 11. 

When the solution’s pH exceeds pH12, PO4
3− is the dominant species (Schaum, 2018).  

Table 2.1 Sequential dissociation of phosphoric acid (Schaum, 2018). 

Reaction pKa constant 

H3PO4  ⇆  H+ + H2PO4
− 2.12 

H2PO4
− ⇆ H+ + HPO4

2− 7.21 

HPO4
2− ⇆ H+ + PO4

3− 12.70 

 
Figure 2.1: Speciation of phosphoric acid as a function of pH (Schaum, 2018). 
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2.2 Sources of phosphorous pollution to nature 

In natural water bodies, in aerobic conditions, the typical phosphorous concentration is 

low (<0.05 mgP/L). Phosphorous has low solubility because it is typically bound to low 

aluminium, calcium, and iron minerals existing in nature. In soil, or actually in the water 

in the soil, the equilibrium concentration of phosphate present is also typically low, below 

5 µmol. This phosphorous dissolved in soil solution is the primary source of phosphorous 

taken up by the plants and microorganisms (Jorgensen & Fath, 2014). Almost always, the 

concentrations above 0.05 mgP/L in natural water bodies originate from human activities. 

Each phosphate mineral has its unique solubility in different pH conditions. Some 

examples are shown in Figure 2.2. As pH increases, one can see that more phosphorus is 

released from sediments. This is because the increasing pH increases the competition 

between hydroxide and phosphate anions for adsorption sites (Liu, et al., 2008).  

 
Figure 2.2: The solubility of phosphorus from different phosphate minerals in the soil 

solution (i.e. in the water in the soil) as a function of pH. The thick line indicates the 

minimum boundary of the solubility of phosphorus given a certain pH. (Liu, et al., 2008). 

Due to the low solubility and low mobility of natural phosphorous sources, a big part of 

the phosphorous found in aqueous environments is actually due to human activities 

related to domestic waters, agricultural runoffs, and industrial wastewaters. Phosphorous 

in domestic waters comes mostly from urine, faeces, and washing chemicals which 

accumulates to 1.5 to 4.5 g phosphorous per day per person (Water Environment 

Federation, 2018). Total phosphorous concentrations in municipal waste waters are 

typically in the range of 5 to 20 mgP/L. 
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In agriculture, the phosphorous sources are fertilizers and cattle. For example, the typical 

manure in livestock farms contains 0.29 to 0.50% phosphorus in a dry matter (Schaum, 

2018).  

Industrial sources for phosphorous-containing waste waters include food processing, 

dairies, and metal processing industries. The mining industry also has problems with 

phosphorous as the effluent waters typically contain phosphorous originated either from 

explosives or reagents used in leaching, flotation, and solvent extraction. Mining sites are 

located in remote areas where centralized waste water treatment is not available. In 

addition, the mining industry effluent waters lack organic matter needed in biological 

phosphate removal, and therefore biological processes are not practical for phosphate 

removal. When these more conventional phosphorous removal processes are unavailable, 

this generates additional challenges for effluent treatment for the mining industry. 

2.3 The effect of phosphorous pollution on nature 

Both urban and agricultural environments can release phosphorus into natural water 

bodies. The most typical entryway for phosphorous to surface-water bodies is from urban 

and agricultural runoffs. However, phosphorus can also transfer to surface waters with 

groundwater as it often discharges into surface water. Therefore, even the phosphorus 

concentrations in groundwater can affect the water quality of surface water.  

Phosphorous is an essential nutrient for the development of plants, animals and humans. 

In addition, Phosphorous is often the limiting factor for the primary growth of 

phytoplankton in natural waters. Therefore, even the trace concentration of dissolved 

phosphorous in lakes, rivers, and coastal waters is often responsible for a phenomenon 

called eutrophication. In simple generalized definition, eutrophication is the process 

where essential plant nutrients, nitrogen and phosphorous, are enriched to the surface 

water stimulating algae growth. Its most drastic effects are algae blooms (United Nations 

Environment program, 1995). 

In lakes and coastal waters suffering from eutrophication, the dominant phytoplankton 

species shift to blue-green algae. This type of algae generates toxic cyanotoxins that are 

lethal or damaging to other organisms and even harmful to humans. These bloom 

biomasses negatively affect aquatic life by forming floating layers that can kill the 

submerged aquatic life because it blocks the sunlight and causes oxygen shortage. 

Overall, eutrophication can result in a drastic decrease in biomass, thus endangering 

biodiversity (Liu, et al., 2018).  

The Baltic Sea is the only inland sea in Europe. It has a relatively small water body, and 

it has only limited water exchange from the Skagerrak and the North Sea. The catchment 

area of the Baltic Sea is more than 1,700,000 km2, with a population of approximately 85 

million. Combining a large catchment area with associated heavy human activities makes 

the Baltic Sea sensitive to the accumulation of nutrients and resulting eutrophication 

(HELCOM, 2009). 
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The eutrophication of the Baltic Sea is the result of decades of phosphorus loading. For 

example, in Finland, the most significant single cause of eutrophication is agriculture, 

which accounts for a significant share of eutrophication that ends up in the sea. In 2010–

2019, an average of 3,400 tonnes of phosphorus and 81,000 tonnes of nitrogen ended up 

in the Baltic Sea from Finland. Most of these nutrients come from human activities 

(Saavalainen, 2021). However, Finland is by no means the most significant phosphorous 

releaser to the Baltic Sea. In the Figure 2.3 is presented the phosphorous loadings to the 

Baltic Sea by country (tP/year). 

 
Figure 2.3: The phosphorus loading (t P/Year) to Baltic Sea from different countries (SYKE, 

2013). 

Chorus & Bartram (1999) studied the correlation between algae bloom and total 

phosphorous in the water. According to their findings, the target phosphorus 

concentrations in the water body should be as low as 30-50 μg P/L. Thus, a substantial 

reduction of cyanobacterial and algal population density can be expected in many water 

bodies at these concentrations. However, significantly lower total phosphorus 

concentrations (<10 μg P/L) may be required, particularly in deep lakes, to prevent 

blooms in the long term (Chorus & Bartram, 1999). 

Figure 2.4 presents the average phosphorous concentrations in European rivers over 

1992–2012 for different regions of Europe. During this period, the average concentrations 

were more than halved. Figure 2.5 presents the phosphorous concentration in lakes. One 

can see that the decline has been 0.0004 mg P/l or 0.8% per year. This decline is almost 

entirely due to improved wastewater treatment and control of detergents. However, 

agricultural sources are now starting to dominate, and actions for agricultural releases are 

needed if further improvements are to be made (Schaum, 2018). 
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Figure 2.4: Changing concentrations of total phosphate in rivers in four regions of Europe from 

1992 to 2012 (Schaum, 2018). 

 

Figure 2.5: Changing concentrations of total phosphate in lakes in three regions of Europe from 

1992 to 2012 (Schaum, 2018). 

Phosphorus pollution remains a significant issue in developed countries, in the EU, USA 

and Japan. Although control measures (focusing on environmental objectives and 

emission controls) have been put into place, these are not always adequately 

implemented, or policies are not sufficiently comprehensive. One of the first steps is the 

regulation of phosphorous discharge. As an example of the phosphorous discharge limits, 

the 91/271/EE European Union directive limits the phosphorus discharge into receiving 

water bodies to 1−2 mgP/L for wastewater treatment plants. The United States 

Environmental Protection Agency recommends  <0.025 mgP/L phosphorous limits for 

lake or reservoir discharge, <0.05 mgP/L phosphorous for streams discharging into lakes 

or reservoirs, and <0.10 mgP/L for streams not discharging into reservoirs and lakes 

(Kobya, et al., 2021). 
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Eutrophication is regarded as one of the most critical environmental problems caused by 

phosphorus released into natural waters. Removal of excess phosphate to trace 

concentrations from waters released to the environment is thus imperative. 

Besides eutrophication, other environmental impacts related to phosphorous are due to 

the production of fertilizers from rock phosphate. Besides carbon emissions, the 

production of phosphate fertilizer generates toxic by-products. The processing of tonne 

of phosphate from phosphate rock generates five tonnes of a by-product called 

phosphogypsum. At the global level, this toxic waste is growing by over 110 million 

tonnes each year. To make things worse, phosphate rock naturally contains radionuclides 

of Uranium and Thorium, most of which end up in the phosphogypsum. Therefore, these 

by-products could potentially contaminate the limited drinking water sources (Cordell, et 

al., 2009).  

2.4 Future scarcity of phosphorous 

Phosphorous is a strange element as, at the same time, it is a question about scarcity and 

pollution. Phosphorus is one of the essential elements for humans because it depends on 

our ability to produce food. Science fiction author and chemist Isaac Asimov said in 1974 

that “We may be able to substitute nuclear power for coal, and plastics for wood, and 

yeast for meat, and friendliness for isolation–but for phosphorus, there is neither 

substitute nor replacement.” (Larsen, et al., 2013). To highlight the importance of 

phosphorous to humans, Jorgensen & Fath (2014) estimated that the average weight 

(global average) is 45 kg, and in this mass, 470g is phosphorous. Thus, the average daily 

need for phosphorous is 1500 mg/person/day. With a current population of 7.9 billion, 

the daily global need for phosphorous is 11850 mt/day or 4.3 Mt/year. 

The German chemist Justus von Liebig, the father of the fertilizer industry, discovered in 

1840 that nitrogen (N), phosphorus (P), and potassium (K) are essential to plant growth. 

After his discovery, mineral fertilizers replaced organic-based fertilizers (International 

Fertilizer Development Center, 2014). After World War II, phosphorus became one of 

three (N-P-K) essential nutrients in commercial fertilizers. From 1950 to 2000, the usage 

of fertilizers increased six-fold (IFA, 2021). As a result of these developments, global 

food production uses about 90% of the worldwide demand for rock phosphate. Figure 2.6 

presents a broad outline of the evolution of phosphorus fertilizer use for food production 

from 1800 to 2000. 
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Figure 2.6: Historical sources of phosphorus for use as fertilizers, including manure, human 

excreta, guano and phosphate rock (1800–2000) (Reliability of data sources vary, hence data 

points for human excreta, guano and manure should be interpreted as indicative rather than precise 

(Cordell, et al., 2009). 

Phosphorous is lost through un-treated waste waters to lakes and oceans, or in the case of 

conventional phosphorous treatment, it is bound to sludge, and it is no longer readily 

available for plants. In the past few decades, the severe consequences of releasing excess 

nutrients like nitrogen and phosphorous into the environment became apparent. For 

example, phosphorous lost in global agriculture due to runoffs is estimated at 10.5M 

metric tons of phosphorus each year, nearly one-half of the phosphorus extracted yearly 

(Liu, et al., 2008). Since the 1950s, we have converted and lost almost 900 million tonnes 

of phosphorus from non-renewable phosphate rock, most of which has ended up in rivers, 

lakes and eventually to ocean sediments where it cannot be recovered  (Larsen, et al., 

2013). Figure 2.7 shows the global phosphorous cycle presented by Liu et al. (2008). 
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Figure 2.7: The human-intensified global phosphorus cycles (Liu, et al., 2008). 

Modern agriculture depends on phosphate fertilizers derived from mined phosphate rock 

to replenish the phosphorus removed from the soil by growing and harvesting crops. 

Phosphorous shortage is a massive threat for humanity as most of the food production 

depends on phosphorous, and there is no replacement for it. Table 2.2 summarizes the 

data published by International Fertilizer Association (IFA, 2021) for phosphorous usage 

in different crops at the global level. 



 47 

Table 2.2: Estimates of P2O5 use as a nutrient by crop at the global level (IFA, 2021). 

  2010  2014  

  Mt of P2O5  Mt of P2O5  

Wheat  6,5  6,7  

Rice  5,2  5,8  

Maize  6,4  6,4  

Other cereals  1,6  1,6  

 CEREALS TOTAL 19,70 49 % 20,50 45 % 

Soybean  3,2  4,5  

Oil palm  0,4  0,9  

Other oilseeds 2,3  2,1  

 OILSEEDS TOTAL 5,9 15 % 7,5 16 % 

Fibre crops  1,7  1,7  

Sugar crops  1,4  1,7  

Roots & Tubers 1,3  1,1  

Fruits  2,2  4,1  

Vegetables  3,8  4,5  

 FRUITS & 

VEGETABLES 

TOTAL 

10,40 26 % 13,10 29 % 

Grassland  0  1,8 4 % 

Residual  4,5 11 % 3,1 7 % 

TOTAL  40,5 100 % 45,9 100 % 

Besides the use of phosphorous for the crop, it is critical for cattle as well. Phosphorous 

usage for livestock for meat production goes through crop residues and grass used as 

animal feed. The cattle also need phosphorous-based feed additives. The animal feed 

additives alone consume roughly 6% of the world’s phosphorous production. The current 

estimation of global phosphorous consumption by livestock aimed for meat production is 

6 Mt P/ Year or 13 Mt of P2O5 (Jorgensen & Fath, 2014). 

When evaluating the available phosphorous in relation to global food security, one must 

understand that it is not possible to utilize all known phosphorous, for example, due to 

technical and physical limitations. There are readily available known high-grade 

phosphorous deposits of 16 000 Mt, low-grade deposits of 25 000 Mt, and ultra-low grade 

deposits of 50 000 Mt (Ragnarsdottir, et al., 2011). The distribution of available 

phosphorous reserves in different countries is shown in Figure 2.8 (Larsen, et al., 2013). 

From the figure, one can see that a handful of countries, including China, the US, and 

Morocco, controls the world’s remaining phosphate rock reserves. From a geopolitical 

perspective, it is interesting to notice that Moroccan and Western Saharan reserves 

represent more than a third of the world’s supply of high-quality phosphate rock. The 
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USA has been the world’s largest producer and consumer of phosphate rock and 

phosphate fertilizers. It is estimated that the USA has approximately 25 years left of 

domestic reserves (Cordell, et al., 2009). 

 
Figure 2.8: World phosphate rock reserves by country (Larsen, et al., 2013). 

Larsen et al. (2013) presented one estimate for global phosphorous resources indicating 

that there will be a shortage of phosphorous in the near future. According to Larsen et al., 

the current estimate for phosphorous resources varies from 100 to 250 years.  

 
Figure 2.9: Peak phosphorus: global annual production of current phosphate rock reserves is 

estimated to peak by 2033 at 29 Mt P/Year while the demand will continue to increase (Larsen, 

et al., 2013). 

Cordell & White (2011) collected phosphate rock reserves data from different sources, 

and their summary is presented in Table 2.3. One can see that the shortest estimation of 



 49 

the depletion of phosphorous reserves is as short as within 30 years. The broad range of 

estimations when the phosphorous reserved are consumed varies between 30 to 390 years. 

Even the longest estimate of 390 years is short compared to human history on earth. 

 
Table 2.3: Estimates of the lifetime of current world phosphate rock reserves by different authors 

collected by Cordell & White (2011). 

The estimated lifetime of 

reserves 

[years] 

Estimated year of depletion by author 

61 2050 Tweeten 

88 2083 Runge-Metzger 

60-130 2058-2128 Steen 

80 2080 Smil 

93 2102 Fixen 

69-100 2078-2109 Smit 

90 2099 Vaccari 

300-400 2310-2410 Van Kauwenbergh 

 





51 

3 Phosphorous removal methods 

Methods for removing phosphorus from different types of waters have been studied 

extensively during the past several decades. In general, phosphorous removal methods 

can be classified as biological, chemical and physical. Conventional removal methods for 

the high phosphorus concentration are biological treatment processes such as the 

conventional activated-sludge process, chemical processes such as precipitation with 

aluminium, iron or calcium chemicals, or a combination of both biological and chemical 

treatments (Bunce, et al., 2018).  

Most of these conventional methods have their drawbacks. Biological phosphate removal 

based on, for example, conventional activated sludge treatment needs strict operational 

control to remove phosphate efficiently as even minor changes in parameters or 

composition of the influent wastewater can result in high variability on phosphate 

removal efficiency. Typically, biological processes can remove around 97% of phosphate 

from water (Almasri, et al., 2019). An additional drawback is that the biological processes 

are unsuitable for removing phosphate to trace levels because the microbial metabolism 

would be reduced simultaneously, making it impossible to reach low enough residual 

phosphate levels. Chemical precipitation with aluminium, iron or calcium chemicals is 

quite reliable, but in most cases, it requires effluent neutralization after phosphate 

removal. Also, a significant overdose of chemicals is needed to reach trace levels of 

residual phosphate.  Moreover, both chemical and biological treatments generate large 

amounts of sludge requiring proper disposal. 

Physical separation techniques, such as reverse osmosis or electrodialysis, are expensive 

and ineffective for phosphate removal. Conventional ion-exchange processes can remove 

anions like phosphate. However, in phosphate removal, there is a big obstacle; sulphates. 

The anion exchange resins have a preference for sulphates over phosphates. Sulphates 

occur in higher concentrations in wastewater than phosphate, therefore compromising 

their efficiency for phosphate removal (Clark, et al., 1997). 

There are some throwbacks when treating trace phosphate concentrations that exist in 

stormwater runoff or mine effluents. Chemical precipitation is not necessarily an option 

as chemical precipitation processes have limitations due to the solubility of precipitated 

phosphate species. In biological phosphate treatment, the lack of organic matter in mine 

effluents restrict the use of biological phosphate removal processes. In literature, fixed-

bed adsorption processes are recommended as effective removal processes for low 

concentrations instead of conventional methods (Shin & Han, 2004) & (Zhao & Sengupta, 

1998). Fixed-bed adsorption processes are effective removal processes for low phosphate 

concentrations, but higher phosphate concentrations could still require combination with 

conventional methods. 

However, there are some studies also done for the treatment of higher phosphate 

concentrations with adsorption processes. Cleaning of industrial wastewaters has been 

proposed with different adsorption materials. Company Virotec has commercialized 
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Bauxsol (i.e. red mud) based adsorbent for treating waste waters. Virotec’s adsorption 

process was approved in 2006 by UK authorities for wastewater treatment. 

Gypsum treatment of runoff waters in cultivated fields has proven effective in pilot 

studies to reduce the eutrophication of the Baltic Sea caused by agriculture. In particular, 

it could improve the state of the Finnish Archipelago Sea. Scientists, therefore, 

recommend gypsum for widespread use for phosphate stabilization. Gypsum binds the 

phosphorus in the ground to the cultivated field so that excess nutrients are not leached 

through rivers to eutrophicate the sea (Saavalainen, 2021). 

In this literature review, the focus is on chemical precipitation methods and adsorption 

methods. 

3.1 Phosphate removal by chemical precipitation 

Chemical phosphorus removal is done by adding salts of multivalent metal ions to form 

sparingly soluble phosphate precipitates. The commonly used chemicals are aluminium 

(Al(III)) and ferric iron (Fe(III)) added as chlorides or sulphates, and calcium (Ca(II)) 

added as lime. When the phosphate is precipitated, conventional methods like settling and 

filtering can be used to remove the precipitated solids. Therefore the chemical phosphate 

removal is generally described as a physico-chemical process. 

Ferric salts are the most popular because they are the most effective from a cost 

perspective. Aluminium sulphate (Alum) creates a lighter floc than ferric salts, settling 

more slowly, causing issues in the solid separation phase. Lime has the disadvantage of 

increasing pH significantly. This causes additional process issues. Lime precipitation also 

generates a higher volume of sludge (Russel, 2019). 

The phosphorus precipitation with Fe or Al salts is a complex process. This is because 

depending on the dose ratio of metal to phosphorous, the formation of various species 

like metal phosphate precipitates, metal phosphorus complexes and metal hydroxides 

occurs.  Additional complexity is brought by the fact that there also happens phosphorus 

adsorption onto these formed precipitates. Therefore, especially when higher dosages of 

Al- or Fe –salt are used, a more complex adsorption/precipitation process takes place 

besides simple precipitation of sparingly soluble metal phosphate. 

The solubility of metal phosphate precipitate depends on metal salt dose ratio and pH, 

and therefore these parameters determine the lowest residual phosphorus level that can 

be obtained. For example, at around pH7, the lowest residual soluble phosphorus 

concentration observed is 0.01 to 0.02 mgP/L when Al -salt is used as precipitating 

chemical and 0.04 to 0.05 mgP/L for Fe- salt (Gillberg, et al., 2003). However, it is 

possible to reach lower residual phosphorus levels than the solubility of metal phosphate 

precipitate due to phosphorus adsorption onto the precipitated metal hydroxide. 
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The usage of chemical precipitation on phosphorus removal has much flexibility. 

Chemical dosing can be done at different stages of wastewater treatment. First, the 

precipitation chemical can be dosed before primary sedimentation, and phosphorus is 

removed with the primary sludge. This option is called primary precipitation. The second 

dosing option is so-called secondary precipitation, where the chemical is dosed directly 

to the aeration tank of an activated sludge process, and phosphate is removed with the 

secondary sludge. Finally, in the tertiary treatment, the dosing of chemicals is done after 

the secondary treatment. This dosing option generates a high-quality effluent. However, 

this option is not typically used due to high chemical costs and the creation of an 

additional chemical sludge that needs to be separated (Morse, et al., 1998). 

3.1.1 Chemical precipitation with calcium 

To understand the behaviour of calcium in phosphate precipitation, one must consider the 

water's alkalinity. Alkalinity is the buffer capacity of water to resist change in pH, i.e. 

acid-neutralizing capacity. The ions present in naturally occurring waters, industrially or 

domestic effluent wastewater that generally contributes most of the alkalinity is carbonate 

(CO3
2-), bicarbonate (HCO3

-), and hydroxyl (OH-) ions. Total alkalinity is the sum of all 

these (WEF, 2013) : 

A = HCO3
- + CO3

2- + OH− − H+ (3.1) 

Where A = alkalinity, eq/L. 

Calcium is usually added to the wastewater as lime, Ca(OH)2, which reacts with alkalinity 

forming calcium carbonate. 

Ca(HCO3)2 + Ca(OH)2 ↔ 2CaCO3 ↓+ 2H2O (3.2) 

Precipitation of the phosphate with calcium is strongly dependent on the precipitation 

conditions. Labgairi et. al. studied phosphate precipitation with lime as a function of the 

precipitation pH. Based on their analyses, several different calcium-phosphate species are 

precipitated as the pH increases due to lime dosing. Their results show that two significant 

steps can be identified: forming dicalcium phosphate dihydrate and hydroxyapatite 

followed by transforming calcium phosphate dihydrate into Hydroxyapatite (Labgairi, et 

al., 2020). 



3 Phosphorous removal methods 54 

Table 3.1: pH precipitation ranges of some calcium phosphates (Labgairi, et al., 2020). 

 
The chemical formula of the 

precipitates 
Ca/P Precipitation pH 

 

Mono calcium phosphate 

monohydrate 
Ca(H2PO4)2. H2O 0.5 0-2 

Dicalcium phosphate 

dihydrate 
CaHPO4. 2H2O 1 2-4 

Hydroxyapatite Ca10(PO4)6(OH)2 1.67 9.5 - 12 

 

Phosphorus precipitation is effective if the lime dosage increases the pH of the wastewater 

to pH 9.5-10.0 as the excess calcium ions will react with the phosphate to precipitate in 

hydroxyapatite: 

10 Ca2+ + 6 PO4
3- + 2 OH- ↔ Ca10(PO4)*6(OH)2 ↓ (3.3) 

The reaction between the lime and the alkalinity of the wastewater influences the lime 

dosage. The lime dose required can be approximated at 1.5 times the alkalinity as CaCO3 

(Lenntech, 2021). Therefore, neutralization after phosphate removal is required to reduce 

pH before the next treatment steps or if the treated water is disposed after phosphate 

removal.  

3.1.2 Chemical precipitation with aluminium  

Aluminium salts, such as AlCl3, Al2(SO4)3 (alum) and polyaluminium chloride (PAC), 

are commonly used in precipitating phosphates.  

The basic reactions are: 

Al3+ + PO4
3- ↔ AlPO4 (3.4) 

3Al3+ + 2PO4
3- +3H2O ↔ (AlOH)3(PO4)2 + 3H+  

 

(3.5) 

Al3+ + 3H2O ↔ Al(OH)3 + 3H+ (3.6) 

These simple basic reactions are just the surface, and a complex set of reactions can occur 

depending on other components in the waste water and its pH, resulting in a wide range 

of complex precipitating species.  

Schaum (2018) presented that the optimum pH for phosphorus removal using aluminium 

coagulants is within the range of pH5.5 to pH6.0 (see Figure 3.1 below). Deviations found 

to this optimum range are due to differences in alkalinity, trace elements, and other 

constituents of natural wastewater. In practical waste water treatment operations preferred 

range is pH6 to pH8 (Gillberg, et al., 2003) due to enhanced solid removal. Theoretically, 

phosphate precipitation requires an equal mole amount of aluminium as there is phosphate 

in the waste water. Due to different precipitating aluminium species, the typical dosage 
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in practice is 1-1.5 times the stoichiometric requirement. Different aluminium chemicals 

also behave somewhat differently, and the needed excess can be even higher.  

Without pH correction, increasing aluminium coagulant dosages will decrease the pH of 

the treated wastewater, and the higher dosages would reduce the residual phosphorus 

concentrations. With proper pH control, and if the aluminium dosage is higher than the 

stoichiometric requirement, there will be an increased formation of mixed metal-

hydroxide-phosphate complexes. The acceptability of higher pH values for optimal 

phosphorus removal suggests a shift in the predominant removal mechanisms, and an 

increasing influence of adsorption of soluble phosphate to the hydroxide and 

oxyhydroxides complexes (Schaum, 2018).  

 
Figure 3.1: Optimum pH and the molar ratio of Al/P removed for oxidation pond effluent 

(Schaum, 2018). The temperature conditions of the experiments were not published. 
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Aluminium coagulants can have a negative effect on the microbial population in activated 

sludge at dosage rates higher than 150 mg/l (Lenntech, 2021). Therefore, this negative 

effect on the microbial population must be considered if phosphate removal is done with 

an aluminium salt. 

3.1.3 Chemical precipitation with iron  

Ferric chlorides (FeCl3) or sulphates (Fe2(SO4)3), as well as ferrous sulphate (FeSO4), are 

all commonly used for phosphorous removal., Different reaction products, including 

complexes, precipitates, and co-precipitates, form when ferric salts are used for phosphate 

removal. 

The basic reactions are: 

3Fe3+ + 2PO4
3- + 3H2O ↔ (FeOH)3(PO4)2 + 3H+ 

 

(3.7) 

Fe3+ + 2PO4
3- ↔ FePO4 

 

(3.8) 

Fe3+ + 3H2O ↔ Fe(OH)3 + 3H+ 

 

(3.9) 

According to Gillberg et al., Fe3+ salts effectively precipitate orthophosphates and 

polyphosphates in the pH4 – pH8 range. However, the best result was found in the pH5 

– pH6 range, where the hydroxide precipitation was most effective. Precipitation of 

phosphates requires a 1.0 - 1.5 molar ratio of Fe3+/P, so the behaviour in this sense is quite 

similar as seen with aluminium chemicals (Gillberg, et al., 2003). 

In over stoichiometric dosages of a ferric salt, precipitation combined with adsorption 

becomes a more determinant process as ferric hydroxides, and oxyhydroxides are formed 

beside the phosphate species (WEFTEC, 2006). For phosphorous-containing species 

following has been proposed. At Fe:P = 1:1 molar ratio, the precipitating phase is FePO4, 

and at Fe:P > 1:1 molar ratios, the precipitating phosphate phase is Fe2.5PO4(OH)4.5. 

(Fytianos, et al., 1998). 

Figure 3.2 and Figure 3.3 shows the phosphate removal efficiency when using ferric 

chloride. A very high overdosage of Fe(III) is required for low residual phosphate levels, 

resulting in an ever-increasing amount of chemical sludge. 
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Figure 3.2: Effect of excess FeCl3 on phosphate removal efficiency (Fytianos, et al., 1998).  

 
Figure 3.3: Dependence of phosphate removal efficiency on initial phosphate concentration 

(Fytianos, et al., 1998).  

Martikainen & Penttinen (2012) studied the chemical precipitation of phosphates from 

synthetic waste water and real mine process water with commercial ferric chemicals. The 

total phosphorous content of the synthetic waste water was 1500 µg/L, and the mine 

process water was 7210 µm/L. Three different commercial ferric salt products were 

tested; Ferric sulphate Fe2(SO4)3 solution having 11.3% Fe, Basic ferric sulphate 
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FeOHx(SO4)1.5-x/2 solution having 11.4% Fe and Ferric chloride FeCl3 solution having 

13.7% Fe. 

Based on the synthetic waste water tests results, it was evident that phosphate removal 

goes through two separate steps (see Figure 3.4). First, close to stoichiometric dosages, 

phosphate is removed mainly due to ferric phosphate precipitation. However, this is not 

efficient alone, but considerably higher dosages are needed at pH6. Second, when over 

stoichiometric dosages of ferric salts are used, other forms of precipitates like ferric 

hydroxides and oxyhydroxides are formed. Therefore, phosphate removal is enhanced by 

adsorption processes in this range (2nd stage).  

 
Figure 3.4: Residual total P as a function ferric salt dosage (indicated as Fe : P –molar ratio) when 

precipitation is done at pH6. Synthetic phosphate-containing waste water (Martikainen & 

Penttinen, 2012). 

Figure 3.5 is shown the residual phosphorous as a function of ferric salt dosage when 

precipitation is done at neutral pH of pH7. It is clear that at neutral pH, an overdose of 

ferric salt is needed to reach low levels of residual phosphorous. In principle, the selected 

ferric salt type does not cause a difference in phosphorous removal between the tested 

three chemicals; both ferric sulphates and the ferric chloride work quite the same way 

when synthetic test water was used. 

pH6, Fe2(SO4)3
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Figure 3.5: Residual total P as a function ferric salt dosage (indicated as Fe : P –molar ratio) when 

precipitation is done at pH7. Synthetic test water (Martikainen & Penttinen, 2012). 

Figure 3.6 is shown the residual phosphorous as a function of ferric salt dosage at pH 4. 

It is clear that the lowering of the precipitation pH significantly enhances the precipitation 

of FePO4, and lower dosages are needed compared to experiments at pH7. This has a 

positive effect on residual waste since when less ferric salt is used in precipitation, less 

solid waste is generated. 

 
Figure 3.6: Residual total P as a function ferric salt dosage (indicated as Fe : P –molar ratio) when 

precipitation is done at pH4. Synthetic test water. (Martikainen & Penttinen, 2012). 
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Residual phosphorous as a function of pH is presented in Figure 3.4. Again, only minor 

benefits are gained if pH is decreased from pH5 to pH4. 

 
Figure 3.7: Residual total P as a function of treatment pH. Ferric salt dosages are indicated as 

Fe:P –molar ratios. Synthetic waste water (Martikainen & Penttinen, 2012). 

Phosphorous-containing mine process water, with the phosphorous concentration of 7210 

µg/L, was first tested as it is without pH control. All tested ferric salts worked quite well 

also in this high phosphorous loading water. However, more than two times the 

stoichiometric dosage is required to reach low enough residual phosphorous levels. 

 
Figure 3.8: Residual total P as a function ferric salt dosage (indicated as Fe : P –molar ratio) when 

precipitation is done without pH control at pH8.5. Real mine process water (Martikainen & 

Penttinen, 2012). 
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When phosphate precipitation from mine process water was done at pH4, it is again seen 

that the performance of ferric salts is improved, and significantly lower dosages are 

needed. 

 
Figure 3.9: Residual total P as a function ferric salt dosage (indicated as Fe : P –molar ratio) when 

precipitation is done at pH4.0. Real process water (Martikainen & Penttinen, 2012). 

It was shown that both ferric sulphate and ferric chloride are efficient reagents for 

phosphorous precipitation with the proper dosage. 

3.2 Phosphate removal by adsorption – Phosphate adsorption on iron 

hydroxide or iron oxide surface 

Phosphate adsorption to metal oxide and hydroxide surfaces can be described with 

different mechanisms. The most common mechanisms used to explain the adsorption 

phenomena are electrostatic interaction, ligand exchange, hydrogen bonds and surface 

precipitation. 

Electrostatic attraction 

As described earlier, the pHpzc of the metal oxide or hydroxide is essential to the 

adsorption process, and it is true also for the phosphate adsorption. As the phosphate ion 

is negatively charged, the adsorbent's surface charge greatly influences the electrostatic 

interactions. If the pH of the solution is higher than the pHpzc, the surface of the adsorbent 

is negatively charged. This negative surface charge causes repulsion for phosphate 

anions. Also, as the pH increases, the competitive effect of OH−ions for the active sites 

on the adsorbent increases, decreasing the possibility for phosphate anion adsorption. 

Conversely, when the pH is lower than the point of zero charge, the sorbent surface is 
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positively charged and, therefore, would enhance attraction for phosphate anions (Liu, et 

al., 2018). 

 
Figure 3.10: Phosphate sorption mechanisms of metal oxides and hydroxides. The pHpzc is the 

pH for the point of zero charge (Li, et al., 2016).  

Metal oxides and metal hydroxides have a point of zero charge at pH values 3.2–11.0 and 

2.3–9.5, respectively. Due to this difference, the metal oxides have a more comprehensive 

optimum pH range for phosphate adsorption than metal hydroxides. High pH reduces 

phosphorous adsorption but will favour the precipitation of calcium phosphates. 

Therefore, the more comprehensive optimal pH range for metal oxides for phosphate 

removal can partly contribute to the surface precipitation mechanism in the alkaline 

solution (Li, et al., 2016). 

Parfitt et al. (1975) has studied phosphate adsorption at pH3.5 for several iron oxides and 

(oxy)hydroxides. Amorphous hydrous iron oxide was found to have the highest capacity 

for phosphate adsorption. Table 3.2 are shown adsorption capacities for different iron 

products. 
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Table 3.2: Phosphate adsorption capacities for different iron hydroxides and oxides (Parfitt, et 

al., 1975). 

Material Capacity [mg P / g adsorbent] 

Amorphous hydrous iron oxide, FeOOH 29.5 

Akagenite, β-FeOOH 26.7 

Lepidocrocite, γ-FeOOH 16.7 

Goethite, α-FeOOH 6.7 

Hematite, Fe2O3 5.3 

Phosphate oxyanion is strongly adsorbed at neutral pH by Goethite (FeOOH) and other 

iron (III) oxides as their surface is positively charged at neutral pH. However, with pure 

goethite as an adsorbent, one has noticed that the adsorption of phosphates decreases with 

increasing pH but is still substantial above pH8.0, approaching the point-of-zero charge 

of goethite at pH9.4.  

Phosphate adsorption through ligand exchange 

The OH groups in metal oxide and hydroxide surfaces makes phosphate–OH ion-

exchange, a ligand exchange, possible. For example, α-FeOOH’s (Goethite) strong 

adsorption capability for phosphate is due to ligand exchange reaction. On Goethite's 

surface, phosphate adsorption of monovalent (H2PO4
-) and divalent phosphate (HPO4

2) 

occurs by phosphate oxygen replacing hydroxyl oxygen on the goethite surface as 

described in equations 3.10 and 3.11. (Li & Stanforth, 2000): 

Fe-OH + H2PO4
-        Fe – H2PO4 + OH- (mononuclear) 

 

(3.10) 

(Fe-OH)2 + HPO4
2-   (Fe -)2HPO4 + 2OH-  (binuclear) 

 

(3.11) 

According to Zhong et al. (2007), the surface speciation of phosphate over goethite 

surface is shown to change with pH values and phosphate surface coverage. As the 

phosphate coverage in the surface increases, the OH− release increases, indicating 

different binding mechanisms at different phosphate surface loadings. As surface 

phosphate coverage increases, the surface binding changes from monodentate complex to 

bidentate complex. The bidentate complex is the dominant phosphate surface species in 

the pH range of pH3.5 - pH8.0. The concentration of monodentate complex increases 

with increasing pH values and decreasing phosphate surface coverage. Possible 

configurations of phosphate surface complexes are presented in Figure 3.11. 
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Figure 3.11: Possible configurations of the phosphate surface complexes (Shin & Han, 2004).  

Antelo et al. (2005) have studied phosphate and arsenate adsorption on crystalline 

goethite surfaces. They concluded that phosphate adsorption is more sensitive to changes 

in pH and ionic strength than arsenate. Phosphate adsorption was more efficient at low 

pH with a wide range of ionic strengths but limited in high pH and low ionic strengths. 

Figure 3.12 is shown the occurrence of different surface complexes as a function of pH 

and ionic strength. 

 
Figure 3.12: Abundance of inner-sphere complexes of phosphate at the goethite (α-FeOOH) 

surface. Solid lines, 0.1 M KNO3 dotted lines, 0.01 M KNO3. The total concentration of phosphate 

species in solution is 10−4 M. Abbreviations are as follows; bi-p=bidentate protonated, bi-

nonp=bidentate nonprotonated, mono-np=monodentate nonprotonated (Antelo, et al., 2005).  
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Chitrakar et al. (2006) have studied phosphate adsorption to Goethite and Akagenite (β-

FeOOH) surface from fresh water and sea water. It was noticed that in both cases, the 

adsorption of phosphate is strong even when there are competing ions in the solution. 

Results are shown in Figure 3.13. 

 

 
 

Figure 3.13: Adsorption isotherm of phosphate by Goethite (α-FeOOH) and Akagenite (β-

FeOOH) in NaH2PO4 (TOP) and phosphate-enriched seawater (BOTTOM). (a) Adsorbent = 

0.04–0.30 g, conc. = 2mgP/L, volume = 1 L. (b)Adsorbent = 0.02–0.20 g, conc. = 0.33 mg P/L, 

volume = 2 L (Chitrakar, et al., 2006). 
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Phosphate adsorption through Lewis acid-base interaction 

At alkaline pH, the surface metal active sites are negatively charged along with phosphate 

species. Almasri et al. (2019) studied phosphate adsorption on iron oxide and observed 

that the decrease in equilibrium pH results from the deprotonation of the coordinated 

water molecules on the active site at an alkaline pH. Adsorption occurs via Lewis acid-

base interaction in which the iron active site becomes a weak base (Lewis base), and the 

phosphate anions act as a weak acid (Lewis acid) (Almasri, et al., 2019). There are excess 

hydrogen ions in the solution at acidic pH, and metal active sites are protonated and 

become weak acid (Lewis acid), acting as electron acceptors. Phosphate anions become 

a weak base (Lewis base), acting as electron donors (Li, et al., 2016). These behaviours 

imply that electron donor-acceptor and Lewis acid-base interactions exist between the 

metal active sites and phosphate anions.  

Phosphate adsorption through surface precipitation 

It is essential to understand when the mechanism moves from adsorption to surface 

precipitation in phosphate adsorption because several basic assumptions in adsorption 

models are no longer valid once the surface precipitation starts (Ler & Stanforth, 2003). 

Surface precipitation is an additional mechanism for iron oxides and hydroxides to 

remove phosphates from the water. Li & Stanforth (2000) have concluded that 

phosphate–goethite interactions have two distinct phases; the first phase is the adsorption 

by monolayer coverage, and the second phase is most likely surface precipitation. They 

also concluded that it is impossible to see this transition from adsorption to surface 

precipitation from the adsorption isotherms  (see Figure 3.14). The surface precipitation 

starts to occur well before monolayer coverage is complete. The highest adsorption 

capacities observed by Li & Stanforth were between 2 and 2.5 mmol/g. Surface 

precipitation must occur at this high surface coverage since a 2.5 mmol/g coverage 

represents a P/Fe mole ratio of almost 0.25; i.e., one out of every four iron atoms is bound 

to phosphate. This ratio is too high to result from a surface reaction like ligand exchange 

alone (Li & Stanforth, 2000). 
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Figure 3.14. Adsorption isotherms of P on goethite for dissolved P concentrations up to 100 µM 

(Li & Stanforth, 2000). 

Ler & Stanforth (2003) proposed a model where the process for phosphate surface 

precipitation on the Goethite surface goes through four separate steps. The surface 

precipitation process presented by Ler & Stanforth (2003) is shown in Figure 3.15. 

 
Figure 3.15. Schematic of the proposed surface precipitation process by Ler & Stanforth (2003). 
Step 1, phosphate adsorbs on the surface. Step 2, dissolved iron adsorbs on the surface phosphate. 

Step 3, goethite dissolves to replenish dissolved iron. Step 4, phosphate adsorbs to the surface-

bound iron. 
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Surface precipitation with iron is not the only option. With adsorbents containing large 

amounts of soluble Ca, and if the pH is high, phosphate removal can occur directly 

through the formation of calcium phosphate precipitates on the adsorbent surface. 

Phosphate-goethite surface complexes are inert, and desorption is slow and partly 

irreversible. The term "biologically available phosphorus" is not well defined but implies 

that the phosphorus can be incorporated into living cells at a reasonable speed. As the 

desorption of phosphate is slow, the phosphates on the goethite surface do not lead 

directly to biologically available phosphate (Turner, et al., 2005). Therefore, directly 

recovering phosphates as a nutrient by utilizing phosphate loaded iron-based adsorbents 

is not possible. Not being able to utilize adsorbed phosphate as a nutrient is an important 

point when considering the phosphate adsorbed in the metal oxide-based adsorbent. 
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4 Arsenic in aqueous systems 

4.1 Arsenic’s chemistry in water and its natural sources 

Arsenic is a metalloid or semi-metal that is found all over the earth. Elemental arsenic is 

not common in nature as it is typically combined with oxygen, chlorine or sulphur.  

Arsenic is usually found in sulphide bearing mineral deposits. For example, arsenic is 

typically found together with pyrite, one of the most abundant minerals in Earth’s crust. 

Besides sulphides, arsenic can also be found in hydrous iron oxides. Arsenic can easily 

dissolve into natural waters from minerals depending on pH, redox, temperature, and 

solution composition (Nordstrom, 2002). Table 4.1 shows the most common arsenic-

containing minerals. 

Table 4.1: Examples of major arsenic-containing minerals in nature (Smedley & Kinniburgh, 

2002). 

Mineral Composition Occurrence 

Native arsenic As Hydrothermal veins 

Nicolite NiAs Vein deposits and norites 

Realgar AsS Vein deposits, often associated with orpiment, clays 

and limestones, also deposits from hot springs 

Cobaltite CoAsS High-temperature deposits, metamorphic rocks 

Arsenopyrite FeAsS The most abundant arsenic mineral, dominantly in 

mineral veins 

Tennantite (Cu,Fe)12As4S13 Hydrothermal veins 

Enargirte Cu3AsS4 Hydrothermal veins 

Arsenolite As2O3 Secondary mineral formed by oxidation of 

arsenopyrite, native arsenic and other As minerals 

Scorodite FeAsO4*H2O Secondary mineral 

Besides arsenic leaching from minerals also soil erosion adds to arsenic contamination. 

It is estimated that 612 × 108 and 2380 × 108 g arsenic/year is transferred to oceans by the 

combined effect of soil erosion and leaching. Thus, many environmental arsenic problems 

result from arsenic mobilization due to natural processes (Mohan & Pittman Jr., 2007). 

The microorganism plays an essential role in the transformation or weathering of minerals 

in the geo-aqueous solution. Therefore, these biogeochemical processes activated by 

microorganisms can partially control arsenic contamination in groundwater. In Figure 4.1 

is presented the arsenic circulation in nature by Hao et al. (2018). 
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Figure 4.1. The geochemical cycles of arsenic in nature (Hao, et al., 2018). 

In natural waters, arsenic can exist in both organic and inorganic forms. Arsenic can occur 

in the environment in several oxidation states (-3, 0, +3 and +5), but state -3 and 0 are not 

common. 

The arsenic concentrations in natural waters range from less than 0.5 μg/L to more than 

5000 μg/L. Typical concentrations in freshwater are <10 μg arsenic/L and more 

commonly <1 μg arsenic/L. Groundwaters rarely have high concentrations of arsenic. 

However, there are regions where high arsenic-containing groundwaters are common.  

Well-known high arsenic groundwater areas can be found in Argentina, Chile, Mexico, 

China and Hungary, India, Bangladesh and Vietnam (Smedley & Kinniburgh, 2002). 

The chemistry of arsenic in aqueous systems is quite complex. Arsenic can form 

oxyanions, and its speciation is sensitive to the aqueous environment's redox state and 

pH.  In addition, arsenic can bind with one or several hydrogen ions, forming 

deprotonation series of arsenates and arsenites. Arsenic mobility, or fixation, depends on 

the form of oxyanion (Sullivan, et al., 2010).  

Arsenic is mainly found in natural waters as trivalent arsenite or pentavalent arsenate 

depending on the prevailing redox conditions, as presented in Figure 4.2.  



 71 

 

  a)   b) 

Figure 4.2. Arsenite (a) and arsenate (b) speciation as a function of pH (ionic strength of about 

0.01M). Redox conditions have been chosen such that the indicated oxidation state dominates the 

speciation in both cases (Smedley & Kinniburgh, 2002).  

In a reducing environment, arsenite is found as H3AsO3, H2AsO3
-, HAsO3

2-, and AsO3
3- 

as shown in the Pourbaix diagram in Figure 4.3. However, in pH values typical in natural 

waters, arsenite only exists as H3AsO3 and H2AsO3
-. In waters with dissolved oxygen or 

oxidizing conditions, arsenate is found as H3AsO4, H2AsO4, HAsO4
2-, and AsO4

3-

(Smedley & Kinniburgh, 2002). As the kinetics of arsenic redox reactions are relatively 

slow, it is possible to find both oxidation states simultaneously regardless of the redox 

condition (Goldberg & Johnston, 2001). 



4 Arsenic in aqueous systems 72 

 
Figure 4.3. Pourbaix diagram for arsenic in aqueous solution. [As] = 1.0E− 4 mol dm− 3 (Sullivan, 

et al., 2010).  

Of the two naturally occurring forms of arsenic, arsenate As(V) and arsenite As(III), the 

As(III) redox state is considerably more toxic. 

4.2 Arsenic originating to the mining industry 

When arsenic pollution is related to human activity, the cause can often be traced to 

mining or mining-related activities. A wide range of arsenic-containing minerals have 

commercial value by themselves or are associated with minerals that have commercial 

value. For example, principal sulphide copper ores like chalcopyrite CuFeS2, bornite 

Cu5FeS4, and covellite CuS are closely associated with the presence of arsenic-containing 

minerals. There are also significant deposits containing copper arsenide minerals like 

enargite, Cu3AsS4, and tennantite Cu12As4S12. (Ferron & Wang, 2003). Besides copper 

ores, arsenic can also be found in relatively high concentrations in gold-bearing ore 

deposits. For example, Borba et al.(2003) studied Brazil's most important gold production 

region, the Iron Quadrangle. In this region, very high arsenic concentrations are found in 

the gold-bearing mineral (as high as 4800 mg/kg). They estimated that at least 390000 mt 

of arsenic was discharged into the environment during the whole history of gold mining 

in the region. When local surface waters were analysed, they found up to 300 mg As/L 

(Borba, et al., 2003). 

Figure 4.4 presents the arsenic-contaminated aquifers and sites with environmental issues 

due to mining activities (red dots). Again, one can see that the problem is global (Smedley 

& Kinniburgh, 2002). 
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Figure 4.4. Arsenic affected aquifers and water and environmental problems related to mining 

and geothermal sources (areas in blue are lakes) (Smedley & Kinniburgh, 2002). 

Arsenic has no significant economic value nowadays. However, due to environmental 

and process technical reasons, arsenic needs to be removed from ores, concentrates, and 

other process streams. As mentioned, arsenic is present in many commercially essential 

ores, and as a result mining industry is one of the largest producers of arsenic-containing 

wastewaters, and these effluents need to be treated before discharge to nature or before 

the water can be recycled back to process.  

Many hydrometallurgical processes produce arsenic-containing effluents and solid waste. 

In hydrometallurgical processes, arsenic is present in an aqueous solution, typically in the 

acidic form (H3AsO3 or H3AsO4) or as dissociation products of these acids. From 

hydrometallurgical processes, arsenic can also be present as an oxyanion, not in a cation 

form as metals that typically contaminate the mining industry effluent waters. For this 

reason, arsenic removal requires careful consideration when designing effluent treatment 

in mineral processing.  

Arsenic contamination can originate in other than hydrometallurgical processes. In the 

past, the atmospheric arsenic emissions from pyrometallurgical processing of copper 

minerals by roasting and smelting used to be a far more significant contributor to arsenic 

contamination related to the mining and metals industry. Therefore, atmospheric 

emissions of arsenic have been the focus of pollution control technologies and 

increasingly stringent regulations (Society for Mining, Metallurgy & Exploration, 2015). 
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Modern, well-run mining operations have efficient arsenic management processes for 

effluent treatment, and the risk for arsenic release from untreated effluents is low. The 

highest risk to arsenic contamination of surface and ground waters is related to closed 

mines, i.e. legacy mines (historic and abandoned mine sites) and tailings bonds of still 

active mine sites. The fact that large quantities of arsenic-containing precipitates and 

tailings are stored in mine sites increases the arsenic-related risks of the mining industry. 

These tailings are typically very reactive due to their small particle size and the content 

of reactive minerals, such as pyrite (FeS2). When these mine tailings are in contact with 

oxygen and water, acidic waters are formed. These acidic waters contain high 

concentrations of dissolved metals, arsenic and sulphates. Acidification further 

accelerates the leaching of these toxic elements (Dinis, et al., 2020). 

More than 200 million litres of arsenic and heavy metal contaminated wastewater streams 

daily from the legacy mine sites in the USA alone. As much as roughly 80 million litres 

of this wastewater runs daily untreated into groundwater, rivers and ponds. One of the 

most significant environmental catastrophes related to tailings pond at legacy site 

happened in 2015 in Gold King mine site when 12 million litres of toxic tailings escaped 

due to accident to nearby Animas River, which provides drinking water to Colorado and 

New Mexico. After the incident, the arsenic content of the river water increased to 264 

µg/L. The drinking water limit for arsenic in Colorado is 10 µg/L (Finley, 2015). 

4.3 Arsenic from other industrial sources 

Arsenic can enter the water supplies from industrial processes, waste, and chemicals used 

in agriculture (herbicides, fertilizers, animal-feed additives). Inorganic arsenic chemicals 

like calcium arsenate, lead arsenate, sodium arsenate, and many others were used over 

history in agriculture as insecticides, aquatic weed control, pesticides, and cattle and 

sheep dips to control parasites.  

Arsenic based pesticides were extensively used in the second half of the 19th century. 

Copper and arsenic compound (Paris Green) was first used in the US in 1865 to control 

the Colorado potato beetle. Its usage increased quickly, and already in 1868, its usage 

was a common practice in agriculture. Calcium arsenate was used commonly in cotton 

production from 1920 to 1950. Calcium arsenate was also used as a broad-spectrum 

insecticide throughout the US. It is estimated that, as an example, only in New Jersey as 

much as 49 000 000 pounds of lead arsenate and 18 000 000 pounds of calcium arsenate 

contaminated environment from 1900 to 1980 (Murphy & Aucott, 1998).  

Arsenic containing animal-feed additives were used, for example, in the EU until 1999 

and in the United States and Canada until 2014 for their growth-promoting and disease-

controlling properties 

In Europe and North America, Chromated copper arsenate (CCA) treated wood was used 

for more than 60 years. CCA and other As-based chemicals used as wood preservatives 

in the past have contaminated the soils around the wood preservation facilities. The EU 
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restricted the use of these products in 2003, and the US Environmental Protection Agency 

(USEPA) banned CCA-treated wood for residential purposes after 2003 (Reimann & 

Banks, 2004).   

4.4 Arsenic in the drinking water 

The health effects of arsenic from drinking water are well documented, so it is known that 

arsenic needs to be removed to safe limits. However, the removal of arsenic from drinking 

water is not only a technical issue but also an economic and political issue. In the case of 

arsenic in the USA, it has been estimated that the previous maximum limit of arsenic in 

drinking water (<50 µg/l) costs 24 million dollars yearly. With the currently accepted 

maximum limit of <10 µg/l, the cost has increased to 270 million dollars. If the maximum 

level is decreased to < 2 µg/l, as proposed, the cost would be 2100 million dollars 

(Reimann & Banks, 2004). 

In Figure 4.5, one can see the long history of drinking water standards for arsenic in the 

USA. In 2002 the USEPA lowered the Maximum Contaminant Level (MCL) for arsenic 

in drinking water from 50 to 10 µg/L. The enforcement of this new MCL started in 2006.  

 
Figure 4.5. Timeline for adopting drinking water standards and reviews for arsenic in the United 

States (Stone, et al., 2007). 

The WHO, the European Union, and several other countries have lowered their 

recommended or required arsenic limit to 10 μg/l.  As a result of the lower MCL, potable 

water suppliers have an ever-increasing need for arsenic treatment processes capable of 

removing arsenic to required low concentrations (10–50 µg/l). Table 4.2 is shown 

examples of MCL for arsenic in some countries. As an interesting exception from strict 

western standards, Canada adopted a 10 µg/L limit recommendation for arsenic in 2006, 

but some areas like Ontario have kept MCL for arsenic at 25 µg/l. 
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Table 4.2: Examples of maximum contaminant limits for drinking water in some countries 

(Mohan & Pittman Jr., 2007) (Halem, et al., 2009). 

Country Maximum Contaminant Limit [μgAs/L] 

Argentina 50 

Bangladesh 50 

China 50 

Chile 50 

EU 10 

USA 10 

India 10 

New Zeeland 10 

Figure 4.6 is shown how the 10µg/l arsenic limit relates to the limit of other regulated 

contaminants. One can see that the requirements for the maximum acceptable level of 

arsenic in drinking water are one of the lowest in inorganic components allowed in 

drinking water. There has been discussion about changes, for example, to nickel and 

sulphates levels in drinking water. The current limit for SO4 is as high as 250 mg/L, and 

even for nickel the double the arsenic limit (20 µg/L). 

 
Figure 4.6. Relation of arsenic limit in drinking water to limits of other contaminants (Arvin & 

Ramsay, 2007). 
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4.5 Health effects of arsenic  

4.5.1 Arsenic – toxic history 

Arsenic is an element that has had an essential role in the history of humankind from 

many aspects. Almost everybody knows when they hear the word “arsenic” that it is 

something dangerous and highly poisonous. However, many forgot that arsenic and 

human civilization have a very long joint journey. This short history is based on the article 

published in LinkedIn 2014 (Martikainen, 2014). 

Arsenic was used in many tinctures, potions, and medications for hundreds of years. As 

late as the early 1940s, arsenic compounds were used to treat, for example, syphilis. At 

that time, arsenic mixed with a tiny amount of mercury was the only cure. In treating 

syphilis, arsenic was replaced with penicillin when it was introduced as a treatment in 

1943. However, the usage of arsenic compounds in medicine continued to the 1950s.  

Arsenic has a strange effect on human physiology; in very, very small doses, it gives a 

healthy glow, clear skin, rosy cheeks, sparkly eyes and in general, “appearance of 

flourishing health”. However, when the arsenic dose is slightly increased, the result is 

death. The human body and arsenic is a strange couple. When slowly increasing arsenic 

consumption, the human body becomes tolerant to even lethal levels of arsenic dosages. 

This was the key to the “arsenic culture” of the 19th century. 

By the mid-19th century, the arsenic craze was its highest, and the usage was widespread 

in external and internal medications and cosmetics. Of the various arsenic compounds, 

one of the most common ones was “Fowler's Solution”. Fowler's solution is a 1% solution 

of potassium arsenite, KH2AsO3, developed by Dr Fowler in 1786. Fowler's solution was 

prescribed in the United States until the late 1950s for various diseases from malaria to 

syphilis. 

Arsenic was not only used in medicine and cosmetics. It was used in enormous quantities 

in colour pigments, especially in gold pigments (arsenic sulphide As2S3) and green 

pigments like Emerald Green (mixture of arsenic and verdigris), Paris Green (copper 

aceto arsenite) and Schlees´s Green (copper arsenite). Green arsenic colours were so 

popular from the end of the 1800s to the early 1900s that they were used in everything 

from dyeing clothes and wallpapers and making paints. Wallpapers could contain 1-5% 

of arsenic. However, this widespread use of arsenic in various applications caused lots of 

deaths due to arsenic poisoning. One of the first findings of the green pigment toxicity 

was related to the wallpapers. It was eventually found out that the humid conditions in 

basically every home in the 19th century generated mould to the wallpaper. Mould would 

start a biological process that turned arsenic dyes into extremely toxic arsenic gases like 

arsine AsH3 and trimethylarsine. 

In general, Arsenic’s effects on human health and toxicology got wind under its wings 

when it was found out that it could be poisoning beer drinkers. When something threatens 
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beer drinkers, there is no limit on resources one uses to find the cure. In the early 1900s, 

there were a series of strange poisonings that were found out to be related to the beer. 

Initially, they were assumed to be alcohol poisonings, but the truth was more horrific. 

First, it was found out that the sulphuric acid used in the sugar processes (manufacturing 

fructose and glucose for beer-making) contained high amounts of arsenic. As high content 

as 10% of arsenic could be found from sulphuric acid. The reason for arsenic was the 

pyrite mineral FeS2 used for sulphuric acid production. The pyrite that came to England 

from mines located in Spain had very high arsenic content. Moreover, from the pyrite 

mineral, the arsenic ended to the sulphuric acid and from the sulphuric acid to the fructose 

and eventually to the beer. The second arsenic source contaminating beers was the 

arsenic-containing coke used in a process called malting. Arsenic would vaporize from 

the coke and end up to the malt, and from malt, it would end up to the beer. Thus, the 

campaign for “Pure Beer” (1896-1903) started, and the first regulations related to food 

safety were initiated. 

4.5.2 Health effects of arsenic obtained from drinking water 

Arsenic was one of the first chemicals recognized as a cause of cancer. As early as 1879, 

the connection between inhaled arsenic and high lung cancer rates of the miners in Saxony 

were made. A few years after this, it was learned that medicines containing arsenic caused 

skin cancer. In the 1930s, findings in Argentina showed that arsenic in drinking water 

could cause skin cancer, and later it became evident that different internal cancers are 

caused by arsenic from drinking water (Smith, et al., 2002). 

Nowadays, it is a known fact that inorganic arsenic can cause lung cancer, skin cancer, 

bladder cancer, liver cancer, kidney cancer, and prostate cancer. Figure 4.7 is shown the 

odds ratio of skin lesions versus arsenic dose from drinking water. Skin lesions are the 

first signs of arsenic poisoning and can develop later on skin cancer (Yoshida, et al., 

2004).  

In Figure 4.8 woman from Bangladesh is presenting changes in the skin of her hands due 

to arsenic poisoning. 
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Figure 4.7. The odds ratio for the prevalence of skin lesions versus the average arsenic exposure 

dose over the past five years [N = 62 (Men: 32; Female: 30)]. Skin lesions are defined as the 

existence of hyperkeratosis on the palm or sole and depigmentation of significant areas of the skin 

(Yoshida, et al., 2004). 

 
Figure 4.8. A woman from Bangladesh shows symptoms of arsenic poisoning (Horizon 

International - Yale University Department of Biology, n.d.). 

Besides cancer, other symptoms associated with exposure to arsenic include diabetes, 

skin diseases, chronic cough, toxic effects in the liver, kidney, cardiovascular system, 

peripheral- and central nervous systems (Mandal & Suzuki, 2002). A representation of 

the arsenic toxicity to human health is shown in Figure 4.9. 
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Figure 4.9. Arsenic toxicity in humans (Siddique, et al., 2020). 

The World Health Organization has estimated that long-term exposure to arsenic 

concentrations over 500 µg/L in groundwater used as drinking water causes death in 1 in 

10 adults (Halem, et al., 2009). In addition, the estimated cancer risk at the current WHO 

drinking water guideline of 10 µg/L is in the range of 1/1000 to 1/100 (Vahter, et al., 

2006). 

Consuming arsenic-contaminated drinking water is not the only possible source of 

arsenic. For example, if arsenic-containing groundwater is used for irrigation, this will 

lead to widespread soil contamination and additional arsenic exposure to humans via 

vegetables grown in that soil. Arsenic is concentrated primarily in the green parts of 

plants. This means that vegetables like cabbage, where the edible part is the green leaves, 

are the source of arsenic. Rice, for example, does not accumulate arsenic since the edible 

part is the grains. The indirect route of arsenic exposure is through contaminated water 

used to prepare food and beverages. In addition to vegetables, animal-based food items 

like milk, eggs, and meat can identify potential pathways for arsenic.  

4.6 Occurrence of arsenic in drinking and irrigation waters 

The maps shown in Figure 4.10 and Figure 4.11 present some areas with high arsenic 

concentrations in groundwater. Arsenic in drinking water is a global problem affecting 

people living in some of the poorest and some of the wealthiest countries. However, maps 

are nowhere near complete since more arsenic is studied, more cases and contaminated 

areas are found where people are at risk due to unsafe drinking water (Ng, et al., 2003). 
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Figure 4.10. Arsenic affected countries (marked with dark grey)  (Smedley & Kinniburgh, 2002). 

 

Figure 4.11. The number of people at risk from arsenic contamination (Pearce, 2003). 

The well-known case of widespread arsenic poisoning caused by drinking water is 

Bangladesh, where several thousands of people are being killed by arsenic poisoning, and 

millions are suffering from symptoms caused by arsenic. World Health Organization has 

called the Bangladesh tragedy "the biggest mass poisoning of a population in history". 

The first cases of arsenic poisoning in Bangladesh were reported in 1983, but now it is 

likely that more than six million people in West Bengal and 35 million in Bangladesh are 

drinking arsenic-contaminated water. It has been estimated that as many as 330 million 

people may be at risk in India and Bangladesh compared to 150 million, as believed 
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earlier (Kumar, 2003). High arsenic concentrations have also been reported in other areas 

in south-eastern Asia like China, Taiwan, and the Philippines (Smith, et al., 2002).  

Asia 

In China and Taiwan, the first cases of arsenic poisoning caused by drinking water were 

found in Taiwan in 1968 and mainland China in the 1980s (Smedley & Kinniburgh, 

2002).  

 
Figure 4.12. Distribution of high-arsenic areas in China (Xia & Liu, 2004). 

Arsenic has been detected in groundwaters in Southern Nepal and some areas in Vietnam 

and Cambodia, limiting the use of groundwater as drinking water (Bhattacharya, et al., 

2007). 

Australia 

Arsenic levels exceeding the current recommended level of 7 µg As /L in drinking water 

(according to the National Health and Medical Research Council and the Natural 

Resource Management Ministerial Council of Australia NHMRC/NRMMC, 2004) are 

reported in groundwater sources in many locations in Australia (Bhattacharya, et al., 

2007).  

North and South America 

In Argentina, the Chaco-Pampean plain (see figure 8) area estimation of 1.2 million 

people are affected by arsenic concentrations exceeding WHO recommendation (10 µg/l 
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As) as well as local limits (50 µg/l As). Groundwater from wells has arsenic 

concentrations in the range of 4 to 5300 µg/L. Health problems linked to the long-term 

use of high arsenic-containing groundwater as drinking water have been recognized in 

the region since 1917. The leading indicators of chronic As disease in the region are skin 

lesions. However, there is a high occurrence of several internal cancers as well (Smedley, 

et al., 2005).  

In South America also Chile and Peru have areas having high arsenic concentrations. For 

example, in Chile’s Antofagasta about 130000 inhabitants have been drinking water with 

high content of arsenic (800 µg/l) for 12 years from 1959 to 1970. The source of arsenic 

is the Tocance River, of which water comes from the Andes Mountains. At the beginning 

of the 1960s, the first skin lesions were noted, especially in children. Nowadays, water is 

treated to save people. However, recent studies document arsenic-induced skin lesions 

and increased bladder and lung cancer mortality in Northern Chile (Mandal & Suzuki, 

2002). 

Additionally, in South America, countries like Bolivia, Brazil, and Nicaragua, have 

geogenic sources of arsenic and, therefore, risk of contaminated groundwater. In many 

countries in South America, groundwater is locally polluted by human activities 

(Bhattacharya, et al., 2007).  

In Mexico La Comarca Lagunera region has contaminated ground water with As>50 µg/l. 

More than 400 000 has been exposed to high arsenic levels. In this region, arsenic is 

causing permanent risk to human health, animals, and food (Parga, et al., 2005). 

In Canada, arsenic concentrations >100µg/L are found in some groundwaters in Ontario, 

Quebec, New Brunswick and Nova Scotia provinces in Canada. For example, in some 

cases, gold mining activities in Nova Scotia have been attributed to high arsenic levels in 

local groundwater. In addition, flooding of arsenic-containing mine waters has 

contaminated some areas in Canada (Rahaman, et al., 2008). 

Several areas in the USA are faced with the arsenic problem. The problem is severe in 

the USA since the areas with the biggest arsenic problems also have limited water sources. 

Most of the worse arsenic contamination cases occur in the south-western states (Nevada, 

California, Arizona). However, arsenic concentrations exceeding the reccomended 10 

µg/l are found in the aquifers in Maine, Michigan, Minnesota, South Dakota, Oklahoma 

and Wisconsin. It has been estimated that in the USA, over 200000 people are in the area 

having an arsenic concentration in water >50µg/l, and over 2.5 M people are affected by 

water having >25 µg/l arsenic concentration (Smedley & Kinniburgh, 2002) (Alaerts, et 

al., 2001).  
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Europe 

EU has set guidelines for the quality of water intended for human consumption. The 

directive came to force 1998 (Council Directive 98/83/EC of 3 November 1998 on the 

quality of water intended for human consumption). On 16th December 2020, the European 

Parliament formally adopted the revised Drinking Water Directive. The Directive entered 

in force on 12th January 2021, and the Member States will have two years to transpose it 

into national legislation. According to the directive, the maximum level of arsenic in 

drinking water can be 10 µg/L. 

Arsenic is a widespread problem in many EU countries, and Finland is not an exception. 

In South-west Finland well waters were studied in the early ’90s. It was found out that 

the arsenic concentration varied between 17-980 µg/l. A more recent study from 2002 

analysed the drinking waters from drilled wells in Tampere, Nokia, Pirkkala, Lempäälä, 

and Vesilahti. The average concentrations in groundwater from 237 household wells was 

9.7 μg/L, and in 17 % of the wells, the arsenic concentrations were above 10 μg/L 

(Backman, et al., 2006).  

Denmark has problems with groundwater because of some heavy metals and arsenic. 

Based on the study, 9% of the wells have arsenic levels higher than 5µg/l, which is the 

current limit in Denmark. Figure 4.13 below is shown the problematic areas for arsenic 

(Stockmarr, 2004). 

 

Figure 4.13. Occurrence of arsenic in Danish water supply wells. Red dots indicate areas where 

Ni and As concentrations exceed drinking water standards (Stockmarr, 2004). 

Spain has localized arsenic problems in areas of Galicia, Catalonia and Madrid. In 1998, 

arsenic concentrations of >50 µg/l were detected in some drinking water supplies from 

underground sources in the Autonomous Community of Madrid. The study was 

performed to analyze water samples from 353 water supplies in Madrid. It was found out 

that 26.3% of the water samples contained >10µg As/L (Aragones Sanz, et al., 2001). 
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In Italy, Toscana, high levels of arsenic have been found from groundwater exceeding 

WHO recommendations several times. Although a national law limits arsenic to 10 µg/l, 

Tuscany had an exception in many towns in the centre and south of the region to use 

water that contained higher arsenic levels until the end of the year 2004. Nowadays, it is 

required to treat drinking water to meet EU regulations (Johnston, 2004). 

In Greece, some areas have arsenic-contaminated groundwater. For example, in the 

Thessaloniki area, it has been estimated that 150000 people use groundwater having low 

to a high concentration of arsenic. In this area, arsenic has a hydrothermal origin (Alaerts, 

et al., 2001). Another study done five years later in the Thessaloniki area gave an even 

worse prognosis of the arsenic situation; nine wells out of 11 had arsenic concentrations 

higher than the EU directive indicates, and six wells out of eleven had arsenic 

concentrations between 10 to 50 µg/l. The median arsenic concentration was 36 µg/l in 

the Thessaloniki area (Katsoyiannis & Katsoyiannis, 2006). In Chalkidiki, Northern 

Greece, a study showed that almost 65% of the examined groundwater samples had 

arsenic concentrations higher than the maximum concentration limit of 10 µg/l.  Arsenic 

concentration in groundwater in the Chalkidiki area varied between 1-1840 µg/l (Kouras, 

et al., 2007).  

In Turkey's Hisarcik, arsenic levels in groundwater range from non-detectable amounts 

to 3000 µg As/L (Col & Col, 2004). Also, Hungary and Romania have areas where the 

groundwater has been contaminated with arsenic. In Hungary alone, it has been estimated 

that 400000 people are at risk because of arsenic-contaminated water. 

Groundwater in eastern Croatia contains high levels of arsenic from natural geological 

sources. In this part of Croatia, almost 200000 people are daily drinking water with 

arsenic concentrations ranging from 10 to 610 μg/L (Habuda-Stanic, et al., 2007).  

 
Figure 4.14. Arsenic contaminated areas in Croatia (Ćavar, et al., 2005). 
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5 Arsenic removal methods 

Several methods can be applied for arsenic removal from water, and they are either based 

on the separation of the soluble arsenic species from water or converting soluble arsenic 

species to solid form so that it can be removed. The most common processes for arsenic 

removal have been chemical precipitation with iron, aluminium, or calcium chemicals. 

However, chemical precipitation processes are often unable to efficiently remove arsenic 

to required low levels (for example, drinking water limit of 10 µg As/L) due to the 

solubility of precipitated solids. As a result, alternative technologies like adsorption, ion 

exchange, and membrane processes have been developed to remove arsenic to trace 

concentration levels. Common to most arsenic removal methods is that they generate 

either solid or liquid toxic concentrated arsenic waste. Therefore, these concentrated 

waste streams need to be treated with a secondary process  (Johnston & Heijnen, 2001).  

Table 5.1: Different technologies for arsenic removal (Martikainen, 2008). 

STEP 1 

As(III)  As(V) 

oxidation: 

STEP 2 

As removal process or arsenic binding 

process 

STEP 3 

Treatment of 

arsenic-

containing 

waste stream 
Biological oxidation Adsorption:  

Chemical Oxidation  Iron-based adsorbents 

 Zero valent iron 

 Activated alumina (granular Al2O3) 

adsorbents 

 Fe/Mn coated sand 

 Greensand, rust, etc. 

 

Advanced Oxidation 

Processes 

 

Photochemical Oxidation 

 

 

Photocatalytic Oxidation  

 Chemical precipitation (Coagulation-

Flocculation): 

 

  Precipitation with aluminium salt 

 Precipitation with ferric salt 

 Lime precipitation / Lime Softening 

X 

 X 

 X 

 Electrocoagulation X 

 Hybrid systems:  

  Ultrafiltration / Microfiltration 

combined with coagulation 

X 

 Ion Exchange X 

 Membrane processes: X 

  Microfiltration 

 Ultrafiltration 

 Nanofiltration 

 Reverse osmosis 
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The US Environmental Protection Agency (USEPA) has identified the seven best 

available technologies (BATs) presented in Table 5.2. USEPA determined these 

technologies to be the BAT for the removal of arsenic in drinking water based on a 

demonstration of efficacy under field conditions and considering the cost of the treatment. 

However, these BATs are for arsenate (As(V)) and not adequate for arsenite (As(III)) 

without pre-oxidation.  

Table 5.2: Best available technologies and their arsenic removal efficiency. Percentage removal 

figures are for arsenic (V) removal (Johnston & Heijnen, 2001). 

Treatment technology Maximum removal-% 

Ion-exchange (sulphate 50 mg/L) 95 

Activated alumina 95 

Reverse osmosis >95 

Modified coagulation/filtration 95 

Modified lime softening (pH>10.5) 90 

Electrodialysis reversal 85 

Oxidation/filtration (Fe:As=20:1) 80 

5.1 Oxidation of As(III) to As(V) 

Most arsenic treatment methods are effective only for removing As(V), and therefore 

oxidation of arsenite As(III) to arsenate As(V) is needed as a pre-treatment step. Arsenite 

oxidation with natural aeration is a prolonged process and not practical for any large-scale 

arsenic treatment. Several oxidation methods can be used to oxidise arsenite, such as 

oxygen (equation 5.1), ozone, free chlorine, hypochlorite (equation 5.2), permanganate 

(equation 5.3), hydrogen peroxide, and Fenton’s reagent (Singh, et al., 2021). The 

oxidation step must be followed by a removal process such as coagulation, adsorption, or 

ion exchange. 

H3AsO3 + ½ O2  H2AsO4 - + 2H+   

 

(5.1) 

H3AsO3 + HClO  HAsO4
2- + Cl- + 3H+  

 

(5.2) 

3H3AsO3 + 2KMnO4  3HAsO4
2- + 2MnO2 + 2K+ + 4H+ + H2O 

 

(5.3) 

Photocatalytic processes have also been proposed for arsenite oxidation. For example, 

ultraviolet radiation can catalyse the oxidization of arsenite in the presence of other 

oxidants, such as oxygen. Photocatalytic and photochemical oxidation processes are 

summarized in the table below (Martikainen, 2004).  
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Figure 5.1. Summary of different photochemical and photocatalytic oxidation processes that are 

used in water treatment (Martikainen, 2004). 

5.2 Arsenic removal by chemical precipitation 

As mentioned earlier, arsenic can be treated from water by using chemical precipitation, 

i.e. coagulation. The precipitation process is quite simple looking from the surface. 

However, it is a complex process with several simultaneous mechanisms like forming 

precipitates and co-precipitates, adsorption processes to precipitated solid surfaces, and 

finally solid-liquid separation through settling or filtration (Pal, et al., 2007). 

Removal processes utilizing chemical precipitation are effective but complicated, 

requiring different process equipment, chemical dosing, and pH control systems. Also, 

the treatment of arsenic-containing sludge can cause extra costs. Figure 5.2 is presented 

the typical process steps required in chemical arsenic precipitation. 

Activation

Oxidant

No activation Biological 

activation

Photolytic activation Catalytic activation

Heterogeneous / Homogenous

Oxygen O2 O2

(aeration)

O2-TiO2-UV:
TiO2 + hν  TiO2(h

+ + e-)  h+ + H2O  H+ +  OH

TiO2 + hv  TiO2(h
+ + e-)  e- + O2 

 O2
-

Hydrogen 

Peroxide

H2O2

H2O2 

Peroxone: 

O3/H2O2

O3

H2O2 H2O2-UV:
H2O2+hv  H2O2*  2  OH

Fenton reaction pH<5
Fe2+ + H2O2  HO- +  OH + Fe3+ /

Fe3+ + H2O2Fe2+ + H+ + HO2
 

Photo-assisted Fenton Reaction : H2O2 – Fe2+/Fe3+ - UVB

Fe2+ + H2O2HO- +  OH + Fe3+ / Fe3+ + H2O +hvFe2+ + H+ +  OH

Ozone

O3

O3-UV
O3 + hvO3*O2 + O / O + H2O 

H2O2 +hv  2  OH 

O3 – ozonationusing 

solid-bed catalyst with 

activated carbon

No oxidant H2O – VUV

photolysis of water

H2O + hv  H2O*  H +  OH + H+ + e-

O2-UV : direct photolysis

Photocatalytic
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Figure 5.2. Arsenic removal by coagulation – simplified process example  

One of the first implemented chemical arsenic precipitation processes was lime 

precipitation (lime softening). Both arsenates and arsenites chemically bond with 

hydrated lime to form precipitates: 

2H3AsO4 + 3Ca(OH)2 (aq.) → Ca3(AsO4)2 (s) + 6H2O 

 

(5.4) 

H3AsO3 + Ca(OH)2 (aq.) → CaAsO2OH (s) + 2H2O 

 

(5.5) 

Lime softening processes are simple and quite effective for arsenic removal when 

operated at high pH. However, it should be noted that the lime softening process is not 

effective if operated at or below pH 10. According to Sullivan et al. (2010), arsenate 

Ca3(AsO4)2 is less soluble than arsenite in the form of CaHAsO3. This difference in 

solubilities showed that arsenates are more accessible to remove than arsenites with lime 

precipitation. Therefore, oxidation of As(III) to As(V) before lime precipitation increases 

the removal efficiency, especially in the cases where the dominant species in wastewater 

is As(III). 

Lime precipitation processes generate considerable amounts of sludge, and its disposal is 

expensive. The USEPA Toxicity Characteristic Leaching Procedure (TCLP) describes 

whether the waste is hazardous or non-hazardous before disposal and if it is suitable for 

the landfill. When the precipitates coming from the lime precipitation process were 

studied with the TCLP test, the results showed that solids from the lime softening process 

are hazardous waste (EPA - United States Environmental protection agency, 2000). 

Other common chemicals used for arsenic removal are alum Al2(SO4)3, ferric chloride 

FeCl3, and ferric sulphate Fe2(SO4)3.  Adding iron or aluminium salts to the water converts 

soluble As(V) and As(III) species into insoluble precipitated species. According to 

Edwards (1994), one can identify three specific steps in the chemical 

precipitation/coagulation process with iron or aluminium reagents:   
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1. Precipitation – Formation of insoluble arsenic species like Fe(AsO4) or 

Al(AsO4). 

2. Co-precipitation – The inclusion of the soluble arsenic species into a growing 

ferric hydroxide phase.   

3. Adsorption – Formation of surface complexes between soluble arsenic and the 

solid metal oxide, hydroxide or oxy-hydroxide surface sites. 

Several parameters influence arsenic removal by coagulation; reagent type (Fe or Al) and 

its dosage, pH, initial arsenic concentration in the water, arsenic speciation (As(III) and 

As(V)), and other impurities in the water like trace metals, SO4
2-, PO4

3- and Cl-. 

Ferric coagulants are generally more effective in removing arsenic than aluminium 

chemicals on a weight basis and more effective over a wider pH range. Besides 

precipitation of solid arsenic species, also adsorption to freshly precipitated surfaces plays 

an important role.  When added to water, ferric salts form solid ferric hydroxide with a 

net positive surface charge, which is a function of pH. As the pH decreases, the number 

of positively charged sites on the ferric hydroxide particles increases. Arsenate as an 

oxyanion is negatively charged. Therefore, it will adsorb to the positively charged ferric 

hydroxide particles by surface complexation (Bratby, 2016). Therefore, arsenic removal 

with ferric ions is strongly dependent on the pH of the water. On range pH 4 - 9, arsenic 

removal decreases with increasing pH. In Figure 5.3 below is shown arsenic removal-% 

as a function of equilibrium pH when initial arsenic concentration is relatively low. In 

this figure, the ferric chloride dosage with As(V) 100 µg/L initial concentration was 1 mg 

Fe(III)/L, with As(III) 50 µg/l initial concentration dosage was 3 mg/L accordingly 

(Meng, et al., 2000). 

 

Figure 5.3. Removal of As(V) and As(III) in the 0.04 M KNO3 solution under N2 ( ) and air 

( ) with ferric chloride as precipitation reagent (Meng, et al., 2000).  

Song et al. (Song, et al., 2006) studied the treatment of concentrated arsenic waste waters 

(mine drainage waters) with ferric sulphate. From Figure 5.4 one can see that when waters 
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having high arsenic concentrations are treated with ferric coagulation, better removal 

rates are obtained at a lower pH. 

 
Figure 5.4. Arsenic removal-% as a function of pH. As(V) concentration 5.07 mg/l (Song, et al., 

2006). 

Figure 5.5 is shown the effect of two different ferric coagulant dosages on arsenic removal 

efficiency. Lower pH and higher ferric coagulant dose increased arsenic removal. There 

were no significant differences in ferric species; both sulphate and chloride-based 

coagulant performed in the same manner. Thus, reaching the drinking water maximum 

level of 10µgAs/L, but required significant overdosing of ferric coagulant. 
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Figure 5.5. Removal of As(V) with different dosages of ferric sulphate (top) or ferric chloride 

(bottom). The initial arsenic concentration was 42 µg/l. Samples were filtered after coagulation 

with a 0.22 µm membrane (Han, et al., 2002). 

When utilizing chemical precipitation processes for arsenic removal, or any other removal 

methods, consideration must be given to the disposal of waste generated by these 

processes. Waste streams from these processes may meet the criteria for hazardous waste. 

This means that the leachate produced by the Toxicity Characteristic Leaching Procedure 

(TCLP) test of the arsenic-containing waste must contain 5.0 mg/L of arsenic or less for 

waste to be suitable for disposal in a landfill. If the arsenic-containing waste does not 

meet the TCLP requirement, the disposal has to be done according to hazardous waste 

material, increasing the cost of the whole treatment process considerably (Bratby, 2016). 



5 Arsenic removal methods 94 

5.3 Arsenic removal by ion-exchange  

The ion-exchange mediums used for arsenic in oxyanion form are usually synthetic 

strong-base types of resins. These resins can remove arsenate (As(V)) from the water to 

<1 μg As/L residual level. 

When using ion-exchange processes, it is crucial to take into account arsenic speciation. 

For example, in natural water pH (around pH6 - pH9), arsenate species are in ionic forms 

(H2AsO4
− and HAsO4

2−), while arsenite species that are found, for example, from deep 

groundwaters, are in molecular forms (H3AsO3 or HAsO2).  Because of this difference in 

speciation, ion-exchange processes are not effective for arsenites. Therefore oxidation 

from As(III) to As(V) must be done before arsenic removal with ion-exchange.  

The arsenic exchange and regeneration with the standard salt solution are as follows 

(Johnston & Heijnen, 2001): 

Arsenic exchange: 

2R-Cl + HAsO4
2- ⇌ R2-HAsO4 + 2Cl-  (5.6) 

Regeneration: 

R2-HAsO4 + 2Na+ + 2Cl- ⇌ 2R-Cl + HAsO4
2- + 2Na+ (5.7) 

With chloride-form resins, regeneration is typically done with concentrated NaCl 

solution. Only a few bed volumes of salt solution is typically required to regenerate the 

resin. Of course, the volume needed depends on the strength of the salt solution.  

Regardless of resin type, arsenic is easily removed from ion-exchange columns as it is 

subject to selectivity reversal in high ionic strength (> 1M) solution (EPA - United States 

Environmental protection agency, 2000). 

Also, HCl solution can be used for the regeneration of the chloride-form resin. When an 

HCl solution is used, the arsenic anions are transformed into arsenic acid (H3AsO4).  The 

regeneration with HCl is considered to be more efficient. The mechanism can be 

presented as follows (Issa, et al., 2010): 

R2–HAsO4 + 2Cl− + 2H+ ⇌ 2R–Cl + H3AsO4 

 

(5.8) 

Also, weak-base anion exchange has been studied for arsenic removal. A study conducted 

by Awul & Hossain (2012) showed that the weak-base adsorbents prove to be selective 

to As(V) over the competitive ions of chloride, nitrate, and sulfate anions. The solution 

pH played an essential role in As(V) removal, and a higher pH diminished the adsorption 

capacities significantly. Adsorbed As(V) was quantitatively eluted with 1 M HCl acid. In 

the Figure 5.6 is presented their results done with weak-base ion-exchange. One can see 

that the performance is diminished as the pH increases towards the typical drinking water 

pH range of pH6.5 to pH8.5 (Awual, et al., 2013). 
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a) b) 

Figure 5.6. Equilibrium As(V) adsorption as a function of equilibrium pH in the presence or 

absence of common competing anions. In-exchangers: Daion WA20 (a) and Diaion WA30 (b). 

Solutions: 0.010 M As(V) solution at various pH values in the presence or absence of competing 

anion; equilibration: 30 °C for 24 h; competing anions: 0.010 M of Cl−, NO3
−, and SO4

2− (Awual, 

et al., 2013). 

The major problem of utilising ion-exchange processes for arsenic removal is the spent 

regenerate containing a high concentration of arsenic. These concentrated toxic arsenic 

solutions need to be treated separately before these streams can be safely disposed. 

Typical treatment processes are chemical precipitation with lime or ferric chemicals. 

Precipitate coming from the ion-exchange process is considered to be hazardous waste.  

Sulphates in the influent form additional risk when using the ion-exchange process 

especially for drinking water treatment. Arsenate is weakly held by anion exchange resins 

and easily displaced by sulphate. Therefore, an increase in sulphate concentration may 

result in high concentrations of arsenic potentially ending up among the treated drinking 

water as arsenic is displaced by competing anions. Therefore, care must be taken when 

employing anion exchange resin as the primary arsenic removal method from drinking 

water (Dupont, 2021). 

5.4 Arsenic removal by membrane techniques  

In recent years, membrane technologies have become more popular for drinking water 

treatment due to their simplicity, versatility, and constantly decreasing cost of 

membranes. In principle, the membrane process does not need chemicals as the 

contaminant separation is carried out solely based on molecular size (Siddique, et al., 

2020). However, membrane processes generate liquid wastes containing soluble 

impurities in a concentrated form. If membrane techniques are used in arsenic removal, 

there is the same problem as with ion-exchange processes; one needs to have a separate 

treatment process for concentrated toxic arsenic-containing waste streams.  
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The most popular pressure-driven membrane filtration processes are reverse osmosis 

(RO), nanofiltration (NF), ultrafiltration (UF), and microfiltration (MF). Classification of 

the membrane processes is presented in Figure 5.7. From the figure, one can see that 

reverse osmosis (RO) and nanofiltration (NF) membranes are suitable for removing 

dissolved arsenic based on its size, which is in the “metal ion”- “aqueous salt” size range. 

 
Figure 5.7. Pressure-driven membrane process classification (EPA - United States Environmental 

protection agency, 2000). 

Reverse osmosis can remove arsenic efficiently, but it is energy-intensive and has a high 

operational cost. Nanofiltration is based on size sieving and Donnan exclusion and 

effectively rejects multivalent ions. Because of these properties, nanofiltration is a more 

attractive separation technology for arsenic. Microfiltration is a low pressure-driven 

filtration process, and therefore its operational cost is lower than reverse osmosis or 

nanofiltration. However, MF alone is not efficient for arsenic removal as it allows 

multivalent ions to pass through the membrane pores. (Siddique, et al., 2020).  

Nanofiltration membranes (NF) have shown 86 to 99% rejection performance towards 

arsenate As(V) ions. However, studies with NF membranes show that they cannot reject 

more than 10% to 60% of As(III). Therefore pre-oxidation of As(III) to As(V) is needed. 

Large-scale arsenic removal applications based on NF have not yet been implemented 

due to the limited long-term durability of membranes. Also, issues related to NF 

membrane fouling is increasing operational cost over conventional technologies 

(Woroua, et al., 2021). 

MF and UF membrane processes are operated under low pressure, and they are not 

recommended as it is for removal of arsenic due to the limited possibility of separation. 

However, arsenic can be removed with MF or UF membranes if combined with a ferric 
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or aluminium coagulant. For example, with the MF process, the removal of arsenic was 

only 8% from the influent concentration, but when combined with Ferric chloride dosing, 

the removal rate increased to 77-85%. Similar results for arsenic removal have been found 

using an integrated UF system with activated alumina adsorbent. In both cases, it was 

found out that the removal of the strongly adsorbing As(V) was much greater than the 

poorly adsorbing As(III) (American Water Works Association, 2016).  

5.5 Arsenic removal by electrocoagulation 

Electrocoagulation in water treatment has been employed for more than 100 years as the 

first electrocoagulation treatment plant was built in London in 1889. In 1909, in the 

United States, J.T. Harries received a patent for wastewater treatment by electrolysis with 

sacrificial aluminium and iron anodes. An “Electronic Coagulator”, which 

electrochemically dissolved aluminium ions into solution and reacted them with the 

hydroxyl ions formed at the cathode to form aluminium hydroxides, was used in the 1940s 

for water treatment. Electrocoagulation (EC) is a process where reagents/coagulants are 

generated in situ by an electrical dissolution of electrodes. The metallic cation formation 

occurs at the anode, while hydrogen gas (H2) is typically formed at the cathode (Hansen, 

et al., 2007).  

The chemistry in arsenic removal by electrocoagulation is similar to in arsenic removal 

by chemical precipitation. The same principles apply: the chemical reagent (ferric 

chloride or aluminium sulphate) is mixed with the arsenic-contaminated water. After a 

specific time, the precipitated particles need to be removed from the solution by settling, 

filtration, and other processes. In electrocoagulation, the chemical reagent is formed with 

the help of the applied electric current and the sacrificial anodes (iron or aluminium) 

(Ucar, et al., 2013).  

During the electrocoagulation process with iron electrodes, many iron oxide and 

oxyhydroxide species are formed like green rust (layered Fe(II)-Fe(III) hydroxide), 

Hematite (Fe2O3), Maghemite (γ-Fe2O3), Magnetite (Fe3O4), Lepidocrocite (γ-FeOOH), 

Ferrihydrite (hydrous ferric oxide, Fe2O3*0.5H2O) and Goethite (α-FeOOH) (Moreno, et 

al., 2009). Strong adsorption properties of these iron oxyhydroxides and oxides have been 

observed in electrocoagulation-related studies (Emamjomeh & Sivakumar, 2009). 

Layered Fe(II)-Fe(III) hydroxides have an internal surface area, and therefore, these 

particles have both reactivity and a specific surface for interacting with aqueous arsenic 

species (Moreno, et al., 2009). Besides ferric hydroxides, Ferrihydrite and Goethite have 

also been strong arsenic adsorbing agents (Jain, Raven & Loeppert, 1999, Kumar et al. 

2004). 

Lakshmipathiraj et al. (2010) proposed that the following interactions between iron oxy-

hydroxide and aqueous arsenic species take place in variable conditions: 

FeOOH + H2AsO4
-  FeOHAsO4

- + H2O 

 

(5.9) 
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FeOOH + H2AsO4
-  FeOHAsO4 + OH- 

 

(5.10) 

3FeOOH + HAsO4
2-  (FeO)2AsO4 + H2O + 2OH- 

 

(5.11) 

Fe(OH)2 + H2AsO4
− → FeAsO4 + 2H2O (5.12) 

FeOOH + H3AsO3 → FeOH2AsO3 + H2O (5.13) 

FeOOH + H2AsO3
− → FeOHAsO3

− + H2O (5.14) 

FeOOH + HAsO3
2− → FeOAsO3

2− + H2O (5.15) 

According to Lakshmipathiraj et al. (2010), the surface of iron oxy-hydroxide (FeOOH) 

is negatively charged above pH 7.8 in aqueous solutions. This value is consistent with the 

isoelectric point of other mineral phases such as Magnetite (Fe3O4) and Lepidocrocite (γ-

FeOOH). The presence of arsenic, either as a trivalent or pentavalent ion, shifts the 

isoelectric point (IEP) of iron oxy-hydroxide towards the acidic region. This indicates the 

interaction of both arsenic species arsenite and arsenate with the iron oxide / oxy-

hydroxide precipitate. Kumar et al. (2004) also reported that the electrocoagulation-based 

arsenic removal process had not only very high As(V) removal efficiency but also high 

As(III) removal efficiency. They concluded that the reason for this is in the 

electrochemical mechanism; in the EC process occurs the simultaneous oxidation of 

As(III) to As(V) and removal of oxidized species by adsorption/complexation with metal 

hydroxides generated in the same process. These are significant findings as separate 

As(III) oxidizing step could be avoided when utilizing electrocoagulation for arsenic 

removal. 

Arsenic removal by electrocoagulation has been studied, e.g. from groundwaters, 

drinking waters, copper refining industry effluents, and abandoned mining area waters. 

Arsenic has been present in both As(III) and As(V) forms in these solutions, and it can 

be reduced at least by 99% from its initial concentrations of 5 to 100 ppm depending on 

the treatment time and current density (Lakshmipathiraj, et al., 2010). These results are 

supported by Hansen & Ottosen (2010) and Ali et al. (2012), who observed arsenic 

removal rates above 99% in their studies from the initial arsenic concentrations of 5 ppm. 

The removal rate depends not only on operational parameters but also on arsenic 

concentration in the feed solution. 

Martikainen et al. (2016) studied continuous arsenic removal by electrocoagulation using 

industrial gypsum saturated wastewater (calcium 749 mg/L and sulphate 1832 mg/L) 

using sacrificial iron electrodes. Arsenic removal was tested with three different current 

densities and three different retention times. The wastewater had an initial total As 

concentration of 8.53 mg/L and pH7.8. Arsenic was in the form of As(III). Results of the 

continuous EC testes are shown in Figure 5.8. As the retention time of the wastewater in 

the electrocoagulation cell increases, the residual arsenic concentration decreases in all 

current densities. The effect of the retention time is diminished as the current density 

increases. 
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Figure 5.8. Arsenic removal from the gypsum saturated wastewater with continuous 

electrocoagulation. The initial arsenic concentration was 8.53 mg/L in all of the test cases. 

(Martikainen, et al., 2016). 

Martikainen et al. also studied arsenic removal from mineral processing wastewater to be 

recycled back to process. The arsenic content of the process water increases due to 

constant reuse of the water. Arsenic removal by electrocoagulation from recycled process 

water containing 1.61 mg/L total arsenic was tested with the continuous process having a 

retention time of 43s, and the current density was varied between 37 A/m2 and 54 A/m2 

(Figure 5.9). With the highest current density, the residual arsenic concentration was 

below the drinking water limit of 10 µg/L. Even with the lower current density of 45 

A/m2, the water quality was good enough to be recycled back to the process. Thus, it is 

evident that with electrocoagulation, one can treat even low concentration arsenic waters 

and reach very low residual arsenic levels if needed. 
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Figure 5.9. Arsenic removal from recycled water from mineral processing with continuous 

electrocoagulation. Residual arsenic as a function of current density. Initial arsenic concentration 

was 1.61 mg/L in all test cases (Martikainen, et al., 2016). 

Lakshmipathiraj et al. (2010) tested the solid waste from the electrocoagulation process 

according to the USEPA TCLP test. Tests confirmed that the solid waste generated during 

the arsenic removal with the electrocoagulation process is not hazardous to the 

environment and can de be disposed to landfill. Lakshmipathiraj et al. also noted that the 

EC process forms less solid waste than conventional chemical precipitation processes 

(i.e., aluminium or ferric salts). A similar conclusion was made by Barrera-Díaz et 

al.(2018); One of the main drawbacks of using chemical coagulation is the large amount 

of solid waste coming from the precipitation process. Electrocoagulation produces about 

half the solid waste compared to chemical coagulation. 

5.6 Arsenic removal by adsorption 

The different binding mechanisms of arsenic with metal oxides, hydroxides, or 

oxyhydroxides are referred to as ‘adsorption’. However, ligand exchange, chemisorption 

and surface precipitation could technically be more precise terms (Johnston & Heijnen, 

2001).  

Ligand exchange 

In arsenic adsorption, the surface complexation is the primary mechanism. In this 

mechanism, the surface hydroxyl groups are exchanged with arsenic ions. This exchange 

is strongly dependent on pH. The surface complex formed between the metal and the 

arsenate anion is strong and not easily reversed. However, reversal reaction happens at 

high pH due to the increased number of hydroxide ions in the solution (Stumm, 1992). 



 101 

Figure 5.10 shows the formation of a binuclear bidentate surface complex on a metal 

oxyhydroxide surface when the arsenate (H2AsO4
–) ligand replaces two surface 

hydroxide ligands. When the adsorption of arsenic anion takes place on the surface, 

simultaneously happens the release of OH-ions. Therefore adsorption is more favourable 

at lower pH values where excess hydrogen ions consume the released hydroxide ions 

(Lakshmanan, et al., 2008). 

 
Figure 5.10. Mechanism of arsenate ligand exchange on the surface of the metal oxyhydroxides 

(Lakshmanan, et al., 2008). 

Besides the binuclear bidentate surface complex, the arsenate ion can also form a 

mononuclear bidentate surface complex and the unstable monodentate one, as presented 

in the figure below (Song & Li, 2020). 

 
Figure 5.11. Arsenate surface complexes (Song & Li, 2020). 

Goldberg & Johnston (2001) studied arsenic adsorption to amorphous iron and aluminium 

oxides. They concluded that the arsenate (As(V)) forms innersphere surface complexes 

on amorphous Al and Fe oxides. Arsenite (As(III)) forms both inner-and outer-sphere 

surface complexes on amorphous Fe oxide and outer-sphere surface complexes on 

amorphous Al oxide (see Figure 5.13). The inner-sphere complexes form through ligand 

exchange, while the outer-sphere complexes form through electrostatic interaction. The 

Figure 5.12 presents the outer-sphere complex and inner-sphere complex. 
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a) b) 

Figure 5.12. a) Surface complex formation of an ion on the hydrous oxide surface. The ion may 

form an inner-sphere complex ("chemical bond"), an outer-sphere complex (“ion pair”), or be in 

the diffuse swarm of the electric double layer. b) shows a schematic portrayal of the hydrous 

oxide surface, showing planes associated with surface hydroxyl groups "s", inner-sphere 

complexes "a", outer-sphere complexes “β” and the diffuse ion swarm "d" (Stumm, 1992). 

 
Figure 5.13. Arsenite surface complexes a)inner-sphere complex and b)outer-sphere complex 

(Song & Li, 2020). 

Surface precipitation 

Adsorption of arsenic through surface precipitation mechanism follows three steps. First 

happens the previously mentioned formation of the arsenic iron surface complex. After 

this, Fe3+ dissolves from the surface, followed by the re-adsorption of dissolved Fe3+ on 

the surface complex. After that, arsenic will adsorb on the cations again. This repeating 

process will result in a slow build-up of a surface precipitate. The mechanism is presented 

in the Figure 5.14. 
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Figure 5.14. Schematic diagram of surface complexation and surface precipitation (Xiuli, et al., 

2015).  

The adsorption for arsenic removal is an attractive option due to the simple and easy to 

operate process and minimal sludge production. Several adsorptive media have been 

reported to remove arsenic from drinking water: 

 Activated alumina 

 Clay minerals 

 Zeolites 

 Activated bauxite 

 Activated carbon 

 Iron and manganese coated sand 

 Iron oxides, oxyhydroxides, and hydroxides 

 Titanium hydroxides and oxides 

 Many natural oxide and hydroxide minerals  
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Iron, aluminium, and titanium-based adsorption materials are among the most effective 

adsorbents for their strong affinity to arsenic. Iron-based adsorbents have been intensively 

studied over the years for arsenic removal from aqueous solutions. There are more than 

sixteen common iron oxides, and hydroxides and almost all of them have been 

investigated in arsenic removal. The most common iron oxides and hydroxides in these 

studies include Ferrihydrite (Fe2O3•0.5H2O), Goethite (α–FeOOH), Akaganeite (β–

FeOOH), Lepidocrocite (γ–FeOOH) and Hematite (α-Fe2O3). (Song & Li, 2020). Due to 

intensive scientific studies, iron compounds (both oxides and hydroxides) are nowadays 

widely used adsorbents for arsenic removal, and they have higher removal efficiency at a 

lower cost than many other adsorbents. In addition, iron-based adsorbents have a strong 

affinity for arsenic under natural pH conditions (Mohan & Pittman Jr., 2007).  

Aluminium, similar to iron, has a strong affinity to arsenic. Therefore, activated alumina 

(Al2O3) is classified among the best available technologies (BAT) for arsenic removal 

from water by the United Nations Environmental Program agency (UNEP) (Mohan & 

Pittman Jr., 2007).  

Titanium dioxide is an interesting alternative for arsenic adsorption as it has a strong 

photocatalytic behaviour and therefore is capable of oxidising As(III) to As(V). The 

potential for oxidising As(III) is essential as removal of As(III) species is typically more 

complex than As(V). Besides the oxidation potential, TiO2 has shown a high arsenic 

adsorption capacity (Song & Li, 2020). 

Table 5.3 below shows the adsorption capacities of different oxide and hydroxide 

adsorbents were composed of the data presented by Banerjee et al. (2008),  Hao et al. 

(2018), Moahn & Pittman (2007), David & Mmereki (2018). 
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Table 5.3: Adsorption capacity of different metal oxide and hydroxide adsorbents studied for 

arsenic removal. 

Adsorbent pH Adsorption 

capacity [mg/g] 

As(III) 

Adsorption 

capacity [mg/g] 

As(V) 

Ferrihydrite Fe2O3•0.5H2O 3 - 146.9 

Ferrihydrite Fe2O3•0.5H2O 6.5 125.5 67.7 

Ferrihydrite Fe2O3•0.5H2O 7 - 68.8 

Goethite α-FeOOH 5.5 12.5 - 

Goethite α-FeOOH 6.5 7.4 2.9 

Goethite α-FeOOH 9 26.8 - 

Goethite α-FeOOH nanoparticles 3 - 76 

Akagenite β-FeOOH 7 32.6 29.1 

Hematite α-Fe2O3 6.5 5.3 2.9 

Jarosite (H3O)Fe3(SO4)2(OH)6 -  21 

Magnetite Fe3O4 - - 3.6-5.0 

Magnetite Fe3O4 7  92.9 

Magnetite Fe3O4 nanoparticles 5 16.6 46.1 

Fe3O4-RGO-MnO2 composite 7 14.0 12.2 

Granular Ferric hydroxide Fe(OH)3 6.5-7.5 - 1.1 

Iron-modified activated carbon 6 38.8 51.3 

Nano scale zero-valent iron 7 2.5 - 

Ultrafine α-Fe2O3 7 - 95 

Maghemite (Fe2O3, γ-Fe2O3) 3  50.0 

Muscovite (KF)₂(Al₂O₃)₃(SiO₂)₆ 4.2-5.5 2.9 - 

Activated Alumina Al2O3 6.9 3.48 - 

Activated Alumina Al2O3 5.2 - 15.9 

Activated Alumina Al2O3 6-8 - 25 

unmodified Alumina Al2O3 - 0.9 0.6 

Granular activated Alumina Al2O3 - 3.5 15.9 

Granular TiO2 7 32.4 41.4 





107 

6 Materials and methods 

6.1 Chemicals 

In experiments simulating drinking water treatment, the phosphate and arsenic test 

solutions were prepared by adding a commercial standard solution to ion-exchanged 

water or the City of Oulu drinking water. The chemicals used are presented in Table 6.1. 

When needed, the pH was controlled with 1 M NaOH or HCl, diluted from p.a. grades. 

Table 6.1: Chemicals used. 

Element Chemical 

PO4
3- KH2PO4 (s) 

As(V) Arsenic AAS standard solution 1000 mg/l As(V) in 1 M HNO3 

As(III) Arsenic AAS standard solution 1000 mg/l As(III) in 1 M HCl 

6.2 Analysis methods 

Phosphorous was analysed by the Dr Lange method with Photometer (Dr Lange CADAS 

30). Arsenic was analysed using a spectrophotometer (Perkin Elmer 5100) and a Flow 

Injection Analysis System (Perkin Elmer FIAS 400) by the mercury hydride method. In 

few cases where metal analyses were needed, it was done by Graphite Furnace Atomic 

Absorption Spectrometer (Perkin Elmer AAnalyst 600) by the standard addition method. 

Higher concentrations of elements were analysed with Flame Atomic Absorption 

Spectrometer (Perkin Elmer 4100) or Inductively Coupled Plasma Optical Emission 

Spectrometer (Perkin Elmer OPTIMA 3200 DV). The summary of the chemical analyses 

is presented in Table 6.2 below. 

Table 6.2: Detection limits for analyses methods used in this work. 

Element  ICP-OES 

Detection limit 

[mg/L] 

GF-AAS 

Detection limit 

[mg/L] 

FIAS 

Detection limit 

[mg/L] 

Dr. Lange 

Detection limit 

[mg/L] 

Arsenic 0.1 0.0125 0.001  

Phosphorus 0.001   0.05 
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The chemical composition of solid samples was analysed using X-Ray Fluorescence 

(Philips MagiX).  X-ray diffraction (XRD) was used to identify the phase composition 

and crystallinity of the adsorbents (Pananalytical X’Pert Pro). 

According to the classical BET method, the specific surface area was determined with 

Gemini VII 2390 Surface Area Analyzer. The particle size distribution of the adsorbent 

granules was analysed with sieve series. 

6.3 Characterization of adsorbents used in the experiments 

The main focus of this work was to study developed novel granular iron-based adsorbents 

named IRON-1 and IRON-2 and compare these products to commercially already 

available granular iron-based adsorbents. The production of granular adsorbents was 

scaled from laboratory scale to semi-production scale so that the tested new iron-based 

adsorbents would be fully comparable to existing commercial products. A simplified 

flowsheet is presented in Figure 6.1. The process steps are as follows; neutralization of 

ferric sulphate to precipitate ferric oxide/hydroxide, filtering, washing, and drying the 

precipitate. The final step was the granulation of the dried precipitate. 

 

Figure 6.1. Illustrative flowsheet of the manufacturing of granular iron-based adsorbent. 

Totally seven iron-based materials (IRON-1 to IRON-7) were analysed and tested. 

Samples IRON-1 and IRON-2 were the developmental products. Adsorbents IRON-3 to 

IRON-7 are commercial readily available iron-based granular adsorbents. Samples 

IRON-4, IRON-5, and IRON-6 are marketed for phosphate adsorption. Typical phosphate 

removal applications for these products are aquariums, lake restorations, and the 

phosphate polishing of wastewaters. In addition, adsorbents IRON-3 and IRON-7 are 

specifically developed and marketed for arsenic removal. A typical arsenic removal 

application for these adsorbents is the drinking water treatment. 

To better understand how these two developmental products IRON-1 and IRON-2, 

perform, additional comparison testing was done with gypsum, Al2O3, and TiO2 –based 

adsorbents as described below. 

Reactor 1 Reactor 2 Filter & wash

pH control

Ferric sulphate

Drying

pH control

Granulation
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GYPSUM-1 adsorbent was produced explicitly in this work by granulating gypsum and 

iron-containing solid waste from the titanium dioxide industry with the same granulation 

process as was used for producing IRON-1 and IRON-2 adsorbents. It has quite high iron 

content, so it might have been more suitable to include it in iron-based adsorbents, 

however, its composition varies considerably from iron-based adsorbents, so in this work, 

it was categorized as “gypsum-based adsorbent”. The GYPSUM-2 and the  GYPSUM-3 

adsorbents are commercial adsorbents targeted for phosphate removal. The GYPSUM-2 

product is based on a natural mineral, and GYPSUM-3 is manufactured through chemical 

precipitation. 

Two aluminium oxide-based products and two titanium dioxide-based products were also 

tested. “Al2O3-1” is a commercial granular Al2O3 adsorption product explicitly aimed at 

phosphate removal. Adsorbent “Al2O3-2” is based on solid waste material from the 

aluminium industry. This adsorbent was produced by the same granulation process used 

to produce IRON-1 and IRON-2 granular adsorbents. No binder was used in the “Al2O3-

2” adsorbents granulation process. The idea with these very low-cost “waste granules” 

was that it would be interesting to see how they compare to adsorbents produced from 

virgin materials. 

The third comparison group was titanium dioxide-based adsorbents. “TIO2-1” is a 

commercial titanium dioxide-based granular adsorbent aimed for arsenic removal from 

drinking water. “TIO2-2” adsorbent was produced by granulating widely available 

commercial TiO2 food-grade anatase pigment with CaCO3 as a binder again with the same 

granulation process used for producing IRON-1 IRON-2 granular adsorbents. 

All the adsorbents mentioned above were not used in every experiment, but the focus was 

on IRON-1 and IRON-2 adsorbents, and suitable comparisons samples were selected 

depending on the test under evaluation. 

Physical analyses of adsorbents are shown in table 6.3, and Figure 6.2 shows photographs 

of some of the granular adsorbents. 
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Table 6.3: Physical  analyses of adsorbents 

Sample name 

Specific 

Surface Area 

[m2/g] 

Sieve Size       

D50 

[mm] 

Apparent 

Density 

[kg/L] 

IRON-1 81 1.50 1.26 

IRON-2 110 0.90 1.20 

IRON-3 190 not analysed not analysed 

IRON-4 290 1.51 0.81 

IRON-5 310 1.26 0.71 

IRON-6 130 not analysed not analysed 

IRON-7 120 0.76 0.51 

GYPSUM-1 23 not analysed 0.89 

GYPSUM-2 not analysed not analysed not analysed 

GYPSUM-3 200 0.98 0.60 

AL2O3-1 320 1.9 0.83 

AL2O3-2 220 not analysed 0.52 

TIO2-1 240 not analysed 0.84 

TIO2-2 160 not analysed 0.70 

 

 
Figure 6.2. Photograph of some of the adsorbents. All tested products were granulated products. 
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Examples of particle size distributions of the adsorbents are presented below. Particle size 

was analysed by sieve series. 

 

 
Figure 6.3. Examples of particle size distributions from the sieve analyses of adsorbents. All 

tested products were granulated products. 

Chemical analyses of adsorbents are shown in table 6.4. Three products, namely 

GYPSUM-1, GYPSUM-2, and GYPSUM-3, differentiate from the rest of the materials. 

These three products contain high concentrations of different elements. In the case of the 

granulated waste product, GYPSUM-3, iron is a significant part of the product's 

composition.   
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Table 6.4: Chemical analyses of adsorbents, nd=concentration lower than XRF’s detection limit, 

“-“= not measured. 

Sample 

name 

Moisture 

[%] 

Fe 

[%] 

Ca 

[%] 

Mg 

[%] 

Mn 

[%] 

S 

[%] 

Cl 

[%] 

Al 

[%] 

Si 

[%] 

Ni 

[%] 

Cr 

[%] 

IRON-1 17.5 44.7 0.28 2.33 0.05 2.05 nd 0.08 0.19 0.003 nd 

IRON-2 15.7 42.1 0.26 2.20 0.08 1.59 nd 0.06 0.19 0.020 nd 

IRON-3 13.7 57.4 0.05 nd 0.24 0.04 nd 0.02 0.03 0.023 0.016 

IRON-4 41.6 36.7 0.07 nd 0.09 0.06 1.08 0.04 0.02 0.008 0.003 

IRON-5 45.3 34.6 0.02 nd 0.02 0.07 1.08 0.03 0.02 0.009 nd 

IRON-6 6.1 59.4 0.19 0.24 0.19 0.04 0.31 0.03 0.02 0.026 0.013 

IRON-7 4.4 58.3 0.29 0.13 0.31 0.05 nd 0.28 0.07 nd 0.023 

GYPSUM-1 13.9 11.2 18.4 1.06 0.56 9.57 nd 0.26 0.21 0.012 0.074 

GYPSUM-2 - 4.5 24.4 0.55 0.03 6.75 0.02 1.83 3.83 nd 0.010 

GYPSUM-3 4.6 43.7 5.66 0.47 1.46 0.04 nd 0.13 5.31 0.009 nd 

AL2O3-1 4.1 nd 0.04 nd nd nd nd 52.9 nd 0.005 nd 

AL2O3-2 1.9 0.02 nd nd nd nd nd 52.9 0.02 0.005 nd 

TIO2-1 - 0.02 2.8 nd nd 2.42 0.01 0.05 1.13 nd nd 

TIO2-2 - 0.08 3.7 nd nd 2.39 0.01 nd 0.23 nd nd 

Titanium was analysed from the TIO2-1 and TIO-2; TIO2-1 had 51.8%, and TIO2-2 had 

52.1% of titanium. Titanium was not detected on other samples. 

XRD analyses (see appendix 1) show the significant difference between products. Some 

of the materials have a very crystalline structure, and some are very amorphous. For 

example, iron-based adsorbents IRON-3 to IRON-7 have crystalline structures, but the 

IRON-1 and IRON-2 samples have an amorphous structure. The table also presents the 

estimation of the adsorbent composition (significant components) based on chemical 

analyses and the XRD findings.  
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Table 6.5: XRD analyses of  adsorbents 

Sample name Crystallinity XRD – main components 

IRON-1 amorphous ~70% Goethite α-FeOOH, ~30% 

Hydronium jarosite (H3O)Fe3(SO4)2(OH)6 

IRON-2 amorphous ~80% Goethite α-FeOOH, ~20% 

Hydronium jarosite (H3O)Fe3(SO4)2(OH)6 

IRON-3 crystalline ~50% Iron Oxide Fe2O3, ~50% Goethite α-

FeOOH 

IRON-4 crystalline ~100% Goethite α-FeOOH 

IRON-5 crystalline ~100% Goethite α-FeOOH 

IRON-6 highly crystalline ~100% Goethite α-FeOOH 

IRON-7 highly crystalline ~100% Goethite α-FeOOH 

GYPSUM-1 crystalline ~75% Gypsum CaSO4*2H2O, ~25% 

Goethite α-FeOOH 

GYPSUM-2 crystalline 

~30% Calcite CaCO3, ~20% Gypsum 

CaSO4*2H2O, ~10% Quartz SiO2, ~40% 

Ettringite Ca6Al2(SO4)3(OH)12*26H2O 

GYPSUM-3 amorphous 

~10% Calcium Oxide CaO, ~2% 

Manganese Oxide MnO, ~10% SiO2, ~70% 

Goethite α-FeOOH 

AL2O3-1 crystalline ~100% Aluminium Oxide Al2O3 

AL2O3-2 crystalline ~100% Aluminium Oxide Al2O3 

TIO2-1 crystalline ~85% Anatase TiO2, ~10% Gypsum 

CaSO4*2H2O 

TIO2-2 crystalline 

~85% Anatase TiO2, ~2% Calcium 

Carbonate CaCO3, ~12% Gypsum 

CaSO4*2H2O 

Examples of the Scanning Electron Microscope (SEM) pictures are shown in the 

appendix. Products differ clearly from each other; IRON-1 and IRON-2 products have a 

large pore structure and are quite amorphous. On the other hand, IRON-6 and IRON-7 

products are more crystalline, having a needle-shaped crystal structure typical to α-

FeOOH. 
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7 Phosphate removal - Equilibrium studies 

7.1 Introduction 

Adsorption isotherms are an essential tool to describe how adsorbates will interact with 

adsorbents and are critical in optimizing the use of adsorbents. The adsorption mechanism 

in aqueous solutions is complicated, and therefore the correlation of equilibrium data with 

theoretical isotherm equations can explain possible mechanisms in the adsorption 

process. 

7.2 Experimental set-up 

Isotherm tests were conducted in 200ml tightly closed bottles placed in the shaker. The 

phosphate concentration was varied from test to test, and the amount of adsorbent was 

kept constant in each experiment. Each test was run for seven days to reach equilibrium 

concentration. For the first couple of days, pH was measured once a day and adjusted, if 

necessary, to pH6.5 with NaOH or HCl. The total phosphorous concentration of the 

solution at the beginning and after one week reaction time was analysed. All the 

adsorption calculations are based on total phosphorous analyses of the solutions and the 

weight of the adsorbent used in the experiment. All experiments were done at room 

temperature of 20°C, and the temperature was not controlled. 

7.3 Results 

Adsorbed phosphorous per weight of adsorbent was calculated from isotherm results, and 

Figure 7.1 to Figure 7.4 were drawn based on these results. One can see that the lowest 

capacities, and a quite similar adsorption behaviour, are seen between IRON-6 and IRON-

7.  The second-lowest group based on capacities are IRON-3, IRON-4, and IRON-5.  

IRON-2 and IRON-1 showed the highest capacities from iron-based adsorbents.  

In products having gypsum as a component, GYPSUM-1 had the highest adsorption 

capacity, followed by GYPSUM-2 and GYPSUM-3.  The highest phosphorous 

adsorption capacity of all tested adsorbents was obtained with the granulated waste 

gypsum by-product “GYPSUM-1”. 

Aluminium and titanium-based materials had good phosphate adsorption capacities, but 

they did not match the best iron-based products IRON-1 and IRON-2. The highest 

capacity in reference materials had the granulated waste material “Al2O3-2”, the second 

was “TIO2-2”. 
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Figure 7.1. Iron based adsorbents. Phosphorous adsorption capacity (mg P / g adsorbent) as a 

function of equilibrium concentration Ceq. Reaction time 7 days at pH6.5 at room temperature 

20°C. 

 

 

Figure 7.2. Gypsum based adsorbents. Phosphorous adsorption capacity (mg P / g adsorbent) as 

a function of equilibrium concentration Ceq. Reaction time 7 days at pH6.5 at room temperature 

20°C. 
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Figure 7.3. Al2O3 based adsorbents. Phosphorous adsorption capacity (mg P / g adsorbent) as a 

function of equilibrium concentration Ceq. Reaction time 7 days at pH6.5 at room temperature 

20°C. 

 

 
Figure 7.4. TiO2 based adsorbents. Phosphorous adsorption capacity (mg P / g adsorbent) as a 

function of equilibrium concentration Ceq. Reaction time seven days at pH6.5 at room 

temperature 20°C. 
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7.4 Langmuir isotherm 

Measured data were fitted to linearized form of Langmuir isotherm: 

eqe cqbqq

1111

00






 

(7.1) 

where 

qe = the adsorption density at equilibrium [µg/mg] 

q0 = maximum capacity at monolayer coverage [µg/mg] 

ceq = the liquid phase equilibrium concentration [mg/L] 

b = Langmuir adsorption coefficient  

When 1/qe is plotted as a function of 1/Ceq, one can calculate constants 1/q0 from intercept 

and b from the slope. Figure 7.5 and figure 7.6 are examples of fitting the data to 

Langmuir isotherm. In general, one can conclude that the adsorbent materials studied are 

not behaving according to the monolayer coverage model, and instead, there is an 

indication that the surfaces are heterogeneous. 

In many scientific studies, adsorption on different iron compounds could fit the Langmuir 

model quite well. This could be explained that the adsorbent samples are produced in a 

laboratory and are quite homogenous and pure in chemical composition, and they are in 

the form of fine powders. In these ideal conditions, the monolayer adsorption on 

energetically equivalent sites could be expected. However, alternative findings are 

available. For example, Banerjee et al. (2008) studied As(V) adsorption on real 

commercial granular ferric hydroxide adsorbent (particle size 0.32-2.00 mm). They 

showed that their data fitted the Freundlich model very well with a high correlation 

coefficient (R2> 0.99) compared to poor results on the Langmuir isotherm model 

(Banerjee, et al., 2008). 

 
Figure 7.5. Linear plot for Langmuir isotherm – 1/qe as a function of 1/Ceq for TIO2-1 adsorbent 

(left) and IRON-5 adsorbent (right). The dotted line is the linear fir to the Langmuir model. 

These figures represent the best fit (left) and worst fit (right) to the Langmuir isotherm model 

from the tested adsorbents. 
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Figure 7.6. The adsorption capacity for TIO2-1 adsorbent (left) and IRON-5 adsorbent (right) 

function of the phosphorous's equilibrium concentration. The dotted line is the Langmuir model 

fitted to measured data. These figures represent the best fit (left) and worst fit (right) to the 

Langmuir isotherm model from the tested adsorbents. 

In table 7.1 is shown Langmuir's constant q0, b, and correlation coefficient R2. The results 

show that the Langmuir monolayer coverage model cannot sufficiently describe the 

adsorption behaviour of studied adsorbents. This finding is also per previous studies 

presented in the literature with real granular metal oxide adsorbents. 

Table 7.1: Langmuir constants q0 and b for different adsorbents. 

Adsorbent 
q0 

[mg/g] 

b 

[L/mg] 

R2 

[-] 
IRON-1 18.975 1.301 0.95 

IRON-2 18.832 

 

265.50 

 

0.85 

 
IRON-3 15.432 2045.2 

 

0.89 

 

 

IRON-4 13.513 221.63 0.82 

 
IRON-5 19.121 1.437 0.73 

 

 

IRON-6 10.989 5.549 0.91 

 
IRON-7 10.330 3226.6 0.93 

 

 

GYPSUM-1 96.154 0.127 0.87 

GYPSUM-2 28.736 3.378 0.95 

GYPSUM-3 113.60 0.164 0.85 

Al2O3-1 18.181 0.705 0.78 

 

 

Al2O3-2 22.675 2.110 0.98 

TIO2-1 21.551 1.275 0.98 

 
TIO2-2 20.661 1.161 0.97 
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7.5 Freundlich isotherm 

Values from isotherm tests were fitted to the Freundlich equation. Freundlich’s adsorption 

coefficients n and K were solved from the linear equation. 

log q = log Kf + n*log Ceq  (7.2) 

 

where: 

Kf  = Freundlich adsorption coefficient represents the adsorption capacity 

n = Freundlich exponent represents the adsorption intensity and surface 

heterogeneity 

q  = weight adsorbed per unit weight of adsorbent [µg/mg] 

C  = concentration in solution [mg/L] 

Ceq  = equilibrium concentration [mg/L] 

 

By plotting log q as a function of log Ceq results straight line, and from the intercept one 

can calculate Kf and from slope the value for n. Figure 7.7 and Figure 7.8 show examples 

of measured data and fitting the Freundlich model to data. Freundlich's adsorption model 

fits quite well to measured data, indicating adsorption mechanism through heterogeneous 

surface sites. 

 
Figure 7.7. Linear plot for Freundlich isotherm - log q as a function of log Ceq for IRON-2 

adsorbent (left) and GYPSUM-2 adsorbent (right). The dotted line is the linear fit to the 

Freundlich model. These figures represent the best fit (left) and the worst fit (right) to the 

Freundlich isotherm model from the tested adsorbents. 
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Figure 7.8. The adsorption capacity for IRON-2 adsorbent (left) and GYPSUM-2 adsorbent 

(right) as a function of the equilibrium concentration of phosphorous. The dotted line is the 

Freundlich model fitted to measured data. These figures represent the best fit (left) and the worst 

fit (right) to the Freundlich isotherm model from the tested adsorbents. 

In table 7.2 is shown Freundlich's coefficients (n and Kf). Freundlich isotherm constant 

Kf is an approximate indicator of adsorption capacity, and the coefficient n indicates the 

favourability of adsorption. If the n values are from 0.1 to 0.5, adsorption is favourable. 

This is the case in all tested adsorbents. 

One can see from R2 values that, in general, the measured data fits very well to the 

Freundlich model. This gives an indication that studied adsorbent materials have a 

heterogeneous surface structure indeed. 

Based on Freundlich’s equation, adsorption capacities for low equilibrium concentration 

(0.3 mgP/L) were calculated. Capacities for adsorbents having iron as main component 

were in order IRON-2 > IRON-3 > IRON-4 > IRON-5 > IRON-7 > IRON-5 > IRON-6 

>IRON-1. For gypsum-based products the capacities were in order: GYPSUM-1 > 

GYPSUM-3 > GYPSUM-2. Waste Al2O3 product AL2O3-2 has better adsorption 

capacity than the commercial product AL2O3-1. The commercial titanium-based 

adsorbents performed better in low phosphorous concentrations than the granulated pilot 

titanium dioxide-based adsorbents. 
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Table 7.2: Freundlich coefficients Kf and n. Capacity for 0.3 mgP/L equilibrium concentration is 

calculated based on the Freundlich equation. 

Adsorbent 

n 

[-] 

Kf 

[mg/g] 

q0.3 

[mg/g] 

R2 

[-] 

IRON-1 0.347 6.033 3.97 0.99 

 
IRON-2 0.223 15.097 11.78 0.99 

IRON-3 0.151 11.841 10.51 0.99 

 
IRON-4 0.194 8.966 7.13 0.99 

IRON-5 0.213 

 

8.704 6.74 0.94 

IRON-6 0.188 5.342 4.41 0.93 

 
IRON-7 0.107 7.434 7.10 0.99 

GYPSUM-1 0.393 15.007 9.36 0.97 

GYPSUM-2 0.281 11.956 4.53 0.93 

GYPSUM-3 0.342 7.900 5.23 0.99 

Al2O3-1 0.258 6.575 4.63 0.98 

Al2O3-2 0.247 10.165 7.41 0.99 

TIO2-1 0.168 10.708 8.87 0.98 

 
TIO2-2 0.319 6.126 4.16 0.98 

7.6 Dubinin–Radushkevich isotherm 

By linearisation, the Dubinin-Radushkevich isotherm one gets: 

ln q = ln Qm – k* ε 2 

 

(7.3) 
















eqC
TR

1
1ln  

(7.4) 

where 

q  = Amount of adsorbate in the adsorbent at equilibrium [µg/mg] 

Qm  = Maximum adsorption capacity [µg/mg] 

k = Dubinin–Radushkevich constant [mol2/kJ2] 

ε = Dubinin–Radushkevich isotherm constant (Polanyi potential) 

R = Gas constant (8.314 J/mol K) 

T = Temperature [K] 

Ceq = Adsorbate equilibrium concentration [mg/L] 
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Free energy of adsorption can be calculated from the k value by the equation: 

k
E




2

1
 

 

(7.5) 

By plotting, ln q as a function of ε2 should result in a straight line and from the intercept, 

one can calculate maximum adsorption capacity Qm and from slope the value for k. Figure 

7.9 and Figure 7.10 show examples of measured data and the fitting of the D-R isotherm 

model to measurements. It can be seen that the D-R isotherm model has an excellent fit 

to measured data to most of the tested adsorbents. However, there are two exceptions in 

the group; GYPSUM-2 and TiO2-1 samples. 

 
Figure 7.9. Linear plot for D-R isotherm - ln q as a function of ε2 for IRON-4 adsorbent (left) and 

GYPSUM-2 adsorbent (right). The dotted line is the linear fit to the D-R model. These figures 

represent the best fit (left) and the worst fit (right) to the D-R isotherm model from the tested 

adsorbents. 

 
Figure 7.10. The adsorption capacity for IRON-4 adsorbent (left) and GYPSUM-2 adsorbent 

(right) as a function of the equilibrium concentration of phosphorous. The dotted line is the D-R 

model fitted to measured data. These figures represent the best fit (left) and the worst fit (right) 

to the D-R isotherm model from the tested adsorbents. 

D-R isotherm model constants are shown in table 7.3. Based on the results shown in the 

table, the maximum adsorption capacities (Qm) in products for the iron-based adsorbents 
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are in order:  IRON-2 ~ IRON-1 >> IRON-5 ~ IRON-4 > IRON-3 > IRON-6 ~ IRON-7. 

In gypsum-based adsorbents the maximum adsorption capacity order was GYPSUM-1 

>> GYPSUM-3 > GYPSUM-2. In both Al2O3 and gypsum-based products, the granulated 

waste products had a higher maximum adsorption capacity than commercial products. 

Table 7.3: Dubinin-Radushkevich coefficients Qm and k. In the table is also shown adsorption 

free energy E. 

Adsorbent 
Qm 

[mg/g] 

k 

[mol2/kJ2] 

E 

[kJ/mol] 

R2 

[-] 

IRON-1 56.069 0.003 12.200 0.99 

IRON-2 51.844 0.002 17.474 0.99 

IRON-3 27.874 0.001 21.649 0.99 

IRON-4 32.653 0.002 15.815 0.99 

IRON-5 35.212 0.002 15.672 0.99 

IRON-6 17.359 0.002 16.947 0.96 

IRON-7 13.285 0.001 26.294 0.99 

 
GYPSUM-1 294.73 0.006 9.548 0.99 

GYPSUM-2 53.783 0.002 15.017 0.90 

GYPSUM-3 95.901 0.004 10.710 0.99 

Al2O3-1 63.641 0.007 8.556 0.99 

Al2O3-2 145.59 0.009 7.562 0.99 

TIO2-1 66.655 0.006 8.979 0.93 

TIO2-2 99.887 0.008 7.950 0.98 

 If the free energy is less than 8kJ/mol, the adsorption process is dominated by 

physisorption. If the free energy of adsorption (E) is between 8 and 16 kJ/mol, the 

adsorption is considered ion-exchange by nature. If the free energy is higher than 

16kJ/mol, the adsorption mechanism is considered to be driven by chemical particle 

diffusion (Gunay, 2007). Most of the tested adsorbents have free energy in the ion-

exchange/chemisorption range. However, there are two adsorbents, IRON-3 and IRON-

7, that deviate from others having significantly higher free energy than expected if the 

adsorption would be solely dominated by ion-exchange. 

Based on the results shown in table 7.3, adsorbents that are more pure (i.e. less other 

elements than the main component) and are more crystalline have higher free energy of 

adsorption, indicating a stronger bond between phosphate and adsorbent. At the same 

time, these products have lower maximum adsorption capacities.  In figure 7.11 is shown 

the maximum capacity and the free energy as a function of the sum of impurities (i.e. 

elements other than the main component). There can be seen some trend between the 

capacity and the total amount of impurities; higher is the concentration of impurities, i.e. 
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more heterogeneous structure, higher is the maximum adsorption capacity, and in case of 

adsorption free energy, the behaviour is opposite. However, any specific impurity could 

not be found to correlate with free energy. It should be noted that the maximum adsorption 

capacity and free energy did not correlate with iron concentration or specific surface area, 

so these are not explaining this behaviour. 

 

Figure 7.11. The maximum adsorption capacities (Qm) and the free energy of adsorption (E) as a 

function of the sum of impurities (i.e. elements except for Fe). 

 

0

10

20

30

40

50

60

70

80

90

0 2 4 6 8 10 12 14

Impurities [%]

Q
m

 [
m

g
 P

 /
 g

 F
e

O
O

H
]

0

5

10

15

20

25

30

0 2 4 6 8 10 12 14

Impurities [%]

E
 [

k
J

/m
o

l]



7 Phosphate removal - Equilibrium studies 126 

7.7 Desorption of phosphates from spent adsorbents 

7.7.1 Experimental set-up 

Desorption experiments were done with IRON-1 and IRON-7 adsorbents, saturated in 

concentrated phosphate solution for 24h at room temperature. After saturation, granules 

were thoroughly washed with water before the desorption experiments. Adsorbed 

phosphate in the adsorbent granules was analysed by XRF. In IRON-1, the adsorbed 

phosphorous was 54 mg/g, and in the case of IRON-7, 4.6 mg/g. 

Desorption experiments done at room temperature of 20°C were conducted in pH6.0, 

pH9.0, and pH12.0 by adjusting the pH with HCl or NaOH solution. The pH was adjusted 

and kept constant during desorption experiments. Leaching of phosphate as a function of 

time was followed at different pH. 

7.7.2 Results 

In figure 7.12 is shown the desorption of adsorbed phosphate from IRON-1 as a function 

of time, and figure 7.13 same figures for IRON-7. One can see that for adsorbent IRON-

1 at pH6 and pH9, the desorption of phosphate is very limited. However, at higher pH 12, 

44% of adsorbed phosphate is released after three hours from IRON-1.  

In adsorbent IRON-7, almost 90% of adsorbed phosphate is released after three hours at 

pH 12. Thus, it is evident that highly alkaline conditions are required to leach phosphate 

from the adsorbent with both materials completely.  
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Figure 7.12. The ratio of adsorbed and leached phosphate as a function of desorption time. 

Adsorbent IRON-1 

 
Figure 7.13. The ratio of adsorbed and leached phosphate as a function of desorption time. 
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8 Phosphate removal - Adsorption kinetics 

8.1 Experimental set-up 

For kinetic studies, four different adsorbents were selected; IRON-1, IRON-2, IRON-7, 

and GYPSUM-1. Kinetic studies were conducted with a solution containing 10 mg/L of 

phosphorous. The volume used was 4 L, and the amount of adsorbent was varied between 

0.5 – 3.0 g/L. The pH was controlled during kinetic studies and kept on average at pH6.5. 

Initial concentration was determined, and after that, the adsorbent was added to the 

solution. The timing was started at this point. Samples were taken at fixed intervals to 

follow the adsorption of phosphate to the adsorbent as a function of time. Each sample 

was analysed for residual phosphate. Figure 8.1 to Figure 8.4 shows the relation of initial 

concentration (C0) and concentration at time t (Ct) as a function of adsorption time t. 

 
Figure 8.1. Phosphorous removal rate Ct/Co for adsorbent sample IRON-1 as a function of 

adsorption time t. 

 

0,00

0,10

0,20

0,30

0,40

0,50

0,60

0,70

0,80

0,90

1,00

0 50 100 150 200 250

C
t/
C

0

t [min]

0.5 g Adsorbent / L

1 g/L

2 g/L

3 g/L

IRON-1



8 Phosphate removal - Adsorption kinetics 130 

 
Figure 8.2. Phosphorous removal rate Ct/Co for adsorbent sample IRON-2 as a function of 

adsorption time t. 

 

 
Figure 8.3. Phosphorous removal rate Ct/Co for adsorbent sample IRON-7 as a function of 

adsorption time t. 
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Figure 8.4. Phosphorous removal rate Ct/Co for adsorbent sample GYPSUM-1 as a function of 

adsorption time t. 

8.2 Kinetic studies 

8.2.1 Pseudo-first-order kinetic model 

Lagergren developed the pseudo-first-order kinetic model in 1898, and it is widely 

applied to describe the rates of adsorption processes (Ho & McKay, 1999). 

 te
t qqk

dt

dq
 1  

(8.1) 

where 

qe = amount adsorbed at equilibrium [µg/mg] 

qt = amount adsorbed at time t [µg/mg] 

t = time [min] 

k = the pseudo-first order rate constant [1/min] 
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If equation 8.1 applies, a plot of log (qe - qt) versus t should give a straight line. From the 

linearized form, the rate constant k1 can be calculated from the plot of log(qe−qt) as a 

function of t. It is commonly observed that kinetics follows this Lagergren pseudo-first-

order rate equation when adsorption occurs through diffusion through the interface. 

Table 8.1: Pseudo-first-order kinetic model’s constants 

Adsorbent Adsorbent dosage 

[g/L] 

qe 

[mg/g] 

k1 

[1/min] 

R2 

[-] 

IRON-1 0.5 4.443 0.006 0.93 

 1 4.227 0.007 0.98 

 2 3.456 0.006 0.98 

 3 3.092 0.006 0.98 

IRON-2 0.5 5.277 0.008 0,98 

 1 5.059 0.008 0,98 

 2 3.829 0.007 0,96 

 3 3.058 0.007 0,95 

IRON-7 0.5 5.382 0.009 0.98 

 1 5.111 0.008 0.98 

 2 4.031 0.008 0.95 

 3 3.126 0.007 0.90 

GYPSUM-1 0.5 4.849 0.006 0.97 

 1 4.643 0.008 0.99 

 2 4.130 0.007 0.98 

 3 3.646 0.007 

 

0070 

0.98 

Figure 8.5 is shown a linear fit for measurements made with adsorbent IRON-2 and 

adsorbent IRON-7. One can see that the pseudo-first-order kinetic does not provide a 

good fit throughout the experiment range. It looks like there could exist two linear 

regions; 0-30min and 30-210 min. 
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Figure 8.5.Linear fit log (qe – qt) as a function of adsorption time (t). Adsorbent sample IRON-2 

(top) and adsorbent IRON-7 (bottom). 

8.2.2 Pseudo-second-order kinetic model 

The measured kinetic data were fitted to a pseudo-second-order kinetic model: 

 

(8.3) 

where 

qt  = capacity at adsorption time t [µg/mg] 

qe  = equilibrium capacity [µg/mg] 

t  = adsorption time [min] 

k  = rate constant (mg/µg*min) 
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After integration and linearization equation can be represented in the form: 

 

(8.4) 

If pseudo-second-order kinetics is valid, the plot of t/qt vs t should give a linear 

relationship, from which qe can be determined from the slope and k from the intercept. 

Table 8.2: Pseudo second order model’s constants 

Adsorbent Adsorbent dosage 

[g/L] 

qe 

[mg/g] 

k 

[g/mg*min] 

R2 

[-] 

IRON-1 0.5 4.68 0.004 0.95 

 1 4.63 0.004 0.96 

 2 3.20 0.007 0.95 

 3 3.26 0.006 0.97 

IRON-2 0.5 6.26 0.003 0.99 

 1 5.71 0.004 0.97 

 2 4.40 0.007 0.99 

 3 3.45 0.010 0.99 

IRON-7 0.5 6.28 0.004 0.98 

 1 5.64 0.005 0.97 

 2 4.89 0.009 0.99 

 3 3.62 0.013 0.99 

GYPSUM-1 0.5 7.67 0.001 0.97 

 1 6.30 0.001 0.99 

 2 4.84 0.002 0.99 

 3 3.95 0.003 0.99 

The pseudo-second-order kinetic model assumes that the rate-limiting step is chemical 

sorption or chemisorption and predicts the behaviour over the whole range of adsorption. 

In this condition, the adsorption rate is dependent on adsorption capacity, not on the 

concentration of adsorbate. 

In figure 8.6 is shown a linear fit for measurements made with adsorbent IRON-7. One 

can see that the fit to the second pseudo order kinetic model is quite good.  One can see 

that there is some deviation in the earlier stage of adsorption between measured data and 

the model. In later stages of the adsorption, the pseudo-second-order kinetic model 

estimates well the adsorption behaviour. The same phenomena can be seen in all tested 
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materials. The most significant deviation at initial adsorption time was in the IRON-1 

adsorbent, which also yielded the worst fit. GYPSUM-1 adsorbent deviated from iron-

based adsorbents, and it had a very good fit to the pseudo-second-order kinetic model on 

all tested ranges. The lack of fit in the initial stage of adsorption does not fully confirm 

that pseudo-second-order kinetics explains adsorption kinetics for iron-based adsorbents. 

However, it gives some evidence that the chemisorption could explain some part of the 

phosphate adsorption kinetics to tested adsorbents. As a general observation, the pseudo-

second-order kinetics fits the presented data better than the first-order kinetic model. 

Besides the chemisorption as an explanation to results seen when the data were fitted to 

the pseudo-second-order kinetic model, the physical nature of the tested adsorbents could 

also give some explanation. All tested materials are relatively large granular particles. 

Regardless of theoretical considerations, the structure of the pseudo-second-order 

relationship, as expressed in equation 8.3, leads to the prediction of a declining rate of 

uptake. That is because each increment of adsorption causes a corresponding decrease in 

the difference (qe – qt). Because the term (qe – qt) is squared, the deceleration of the 

adsorption rate is amplified. Hubbe et al. (2019) concluded that the pseudo-second-order 

relationship, irrespective of its initial meaning, might be used to fit data in which some 

adsorption sites take a lot longer to be filled. This is typically the case for diffusion-

limited processes whereby adsorption sites far from an adsorbent granule’s outer surface 

are more difficult to reach (Hubbe, et al., 2019). Therefore, it would be logical to assume 

that the results seen here could also be explained with a diffusion-limited process.    

 

Figure 8.6.Linear fit t/qt as a function of adsorption time (t). Adsorbent sample IRON-7. 
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Figure 8.7. The rate constant as a function of adsorbent dosage. 

In Figure 8.8 is shown equilibrium capacity as a function of adsorbent dosage. GYPSUM-

1 has the highest capacity followed by IRON-2, IRON-7 and IRON-1. Presented 

equilibrium capacities are valid in experimental conditions when the initial phosphorous 

concentration is 10 mg/L and pH 6.5. These results are in line with the results seen in the 

isotherm studies. 

 

Figure 8.8. Equilibrium capacity as a function of adsorbent dosage 
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8.2.3 Elovich equation 

The Elovich equation, represented by equation 8.2, is suitable for systems whose surfaces 

promote heterogeneous adsorption. Elovich equation has been utilized quite successfully 

to adsorption processes used in water treatment.  

tbqt ea
dt

dq 


 

(8.5) 

After integration and linearization, the equation can be presented as 

)ln(
1

ln
1

0tt
b

ab
b

qt 
 

(8.6) 

where 

qt  = adsorption capacity [µg/mg] 

t  = time [min] 

a  = initial adsorption rate [µg/mg min] 

b  = Elovich constant, parameter related to extent of surface coverage and 

activation energy for chemisorption [mg/µg] 

t0 = 1/(ab) 

 

(8.7) 

To simplify the Elovich equation, one can apply boundary conditions qt=0 at t=0 and qt=qt 

at t=t. Then the equation 1.25 becomes  

  )ln(
1

ln
1

t
b

ba
b

qt   
(8.8) 

By plotting qt as a function of ln(t) measured data should fall in a straight line having 1/b 

as slope and ln(ab)/b as intercept. An example is shown in figure 8.9. 
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Figure 8.9. Phosphorous adsorption capacity qt [mg P/g Adsorbent] for IRON-7 adsorbent as a 

function of ln(t).  

The result for fitting measured data to Elovich kinetic data is shown in table 8.3. For most 

of the cases, one can see that measured data fit well to the Elovich equation over a wide 

adsorption time frame. One can conclude from this that all four adsorbents tested are 

heterogeneous in their surface nature what comes to adsorption of phosphate.  
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Table 8.3: Constants for Elovich equation 

Adsorbent Adsorbent dosage 

[g/L] 

b 

[mg/µg P] 

a 

[µg P / mg*min] 

R2 

[-] 

IRON-1 0.5 0.899 0.179 0.98 

 1 0.955 0.150 0.97 

 2 1.532 0.165 0.95 

 3 1.519 0.154 0.98 

IRON-2 0.5 0.804 0.309 0.98 

 1 0.757 0.252 0.98 

 2 1.074 0.272 0.99 

 3 1.389 0.255 0.99 

IRON-7 0.5 0.743 0.327 0.98 

 1 0.761 0.260 0.98 

 2 1.040 0.501 0.99 

 3 1.517 0.514 0.99 

GYPSUM-1 0.5 0.824 0.107 0.98 

 1 0.783 0.115 0.99 

 2 0.883 0.104 0.99 

 3 1.079 0.105 0.99 

In figure 8.10 is shown Elovich parameter b as a function of dosage. As expected, the 

value of b increases as the dosage of adsorbent increases as the constant b indicates the 

number of active sites. 

 

Figure 8.10. Elovich constant b related to surface coverage as a function of adsorbent dosage. 
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In figure 8.11 is shown Elovich parameter a as a function of adsorbent dosage. Parameter 

a is related to the initial adsorption rate. It seems that IRON-7 and IRON-2 have the 

highest initial adsorption rate, and IRON-1 and GYPSUM-1 have lower initial adsorption 

rates. 

 

Figure 8.11. Elovich constant a (mg P/ g Adsorbent * h) as a function of adsorbent dosage. 

8.3 Study of the diffusion mechanism 

Intraparticle diffusion rate – Weber-Morris model 

The adsorption kinetics may alternatively be described from a mechanistic point of view. 
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kid  = initial rate constant of intraparticle diffusion [mg/g*min0.5] 
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of Cw represents a thicker boundary layer. If an adsorption process is solely governed by 

intraparticle diffusion, the initial part of the Weber-Morris plot is a straight line passing 

through the origin. When the plot does not pass through the origo, it is indicative of some 

degree of boundary layer control. This means intraparticle diffusion would not be the only 

rate-limiting step. A negative value of intercept Cw indicates the effect of external film 

diffusion resistance.  

Higher values of kid illustrate an enhancement in the adsorption rate and a better 

adsorption mechanism, which is related to an improved bonding between adsorbed ions 

and the adsorbent. 

Results from fitting the measurements to the Weber-Morris plot are summarized in Table 

8.4. One can see that the proposed model gives a perfect fit to the kinetics of the tested 

adsorbents. Values of the intercept Cw in different experiments are somewhat close to 

origo, indicating that intraparticle diffusion could explain part of the kinetics. In most 

cases, there is a time lag indicated by the negative Cw values in the initial stage of the 

adsorption. This indicates that phosphorous adsorption on tested granular adsorbents 

experiences external film diffusion resistance. 

Table 8.4: Coefficients for Weber-Morris plot 

Adsorbent Adsorbent 

dosage 

[g/L] 

kid 1 

[mg/g*min0.5] 

Cw 

[µg/mg] 

R2 

[-] 

kid 2 

[mg/g*min0.5] 

R2 

[-] 

IRON-1 0.5 2.748 1.089 0.99 4.040 0.99 

 1 3.551 0.195 0.98 3.933 0.99 

 2 4.755 -0.216 0.98 5.237 0.98 

 3 4.751 -0.173 0.99 6.564 0.99 

IRON-2 0.5 2.433 -1.679 0.99 3.153 0.98 

 1 2.536 -1.052 0.99 3.355 0.98 

 2 2.963 -0.796 0.99 5.356 0.99 

 3 4,111 -1.678 0.99 10.973 

 

0.97 

 
IRON-7 0.5 2.120 -0.253 0.98 3.198 0.97 

 1 2.330 -0.084 0.99 3.271 0.99 

 2 2.345 0.589 0.99 5.437 0.99 

 3 2.669 0.884 0.97 8.182 0.97 

GYPSUM-1 0.5 3.402 -0.909 0.98 - - 

 1 3.222 0.548 0.99 - - 

 2 3.717 1.205 

 

0.99 - - 

 3 4.273 0.947 0.99 - - 
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Figure 8.12 and figure 8.13 are shown examples of measured data presented as Weber-

Morris plot for IRON-2 and IRON-7 adsorbents. In both cases, two linear regions can be 

seen attributing to the intraparticle adsorption of phosphorous into the adsorbent pores. 

Typically, these types of two regions indicate film diffusion and intraparticle diffusion or 

macropore and micropore diffusion; the first linear region of the Weber-Morris plot 

relates to the film diffusion or macropore diffusion, whereas the second account for 

intraparticle diffusion as a whole or micropore diffusion. This indicates that both 

adsorbents IRON-2 and IRON-7 have faster initial adsorption, and later as surface 

coverage increases, the slower diffusion to micropore structures starts. Thus, it is evident 

that more than one adsorption mechanism is controlling the adsorption process. These 

findings are also supported by the results seen from the pseudo-second-order kinetics. 

Pseudo-second-order kinetics results indicated the possibility of a diffusion-limited 

process. 

IRON-1 adsorbent behaved the same manner as IRON-2 and IRON-7. Only one linear 

region could be identified when the GYPSUM-1 sample was fitted to the Weber-Morris 

model (see Figure 8.14).  

 
Figure 8.12. Adsorption capacity qt as a function of t1/2. Sample IRON-2 
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Figure 8.13. Adsorption capacity qt as a function of t1/2. Sample IRON-7 

 
Figure 8.14. Adsorption capacity qt as a function of t1/2. Sample GYPSUM-1 

Figure 8.15 shows diffusion coefficients as a function of adsorbent dosage for the initial 
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region). However, on the second linear region (Figure 8.16), the behaviour of the rate 
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Figure 8.15. Diffusion coefficient as a function of dosage of adsorbent – initial faster adsorption 

mechanism 

 
Figure 8.16. Diffusion coefficient as a function of dosage of adsorbent – slower second 

mechanism. 
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9 Phosphate removal – Continuous fixed-bed adsorption 

9.1 Experiments with very low influent phosphate concentrations – 

Phosphate polishing application 

The US Environmental Protection Agency has established a recommended discharge 

limit of 0.05 mg/L for total phosphates in streams that enter lakes and 0.1 mg/L for total 

phosphates in flowing waters to control eutrophication. 

A pilot-scale phosphate polishing test was conducted with IRON-1 adsorbent in the city 

of Las Vegas. The target was to study if the IRON-1 adsorbent could be used in 

phosphorous polishing applications to meet these two total phosphate limits of 0.1 mg/L 

and 0.05 mg/L. Kemira Water USA conducted work. Continuous filtration trial was done 

with 5.0 min Empty Bed Contact Time (12 Bed Volumes/h), 260 L/min/m2 surface 

loading rate, a 113 L/h flow rate of influent water, and 11.3 L of adsorbent bed 

volume/column. The pilot test was conducted outside conditions, so the temperature 

varied accordingly. 

 
Figure 9.1. Pilot column system used for continuous phosphorous polishing experiments. 
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Results are shown in figure 9.2 below. IRON-1 adsorbent can be used as a phosphate 

polishing process to reach very low residual phosphate levels. During the pilot-scale 

testing, the residual phosphate concentrations stayed well below the targeted level of 0.1 

mg PO4/L, and only a fraction of the adsorbent’s capacity was used when the phosphate 

polishing pilot ended. It was proven that even the stricter limit of 0.05 mg/L total 

phosphate level was met. 

 
Figure 9.2. Effluent phosphor concentration as a function of treated gallons. 

9.2 Experiments with medium influent phosphate concentration 

Total phosphorous concentrations in municipal waste waters are typically in the range of 

5 to 20 mgP/L. In Finland, it will be required in future that all wastewaters are also treated 

in rural areas. It will be required that 85% of total phosphate is removed compared to 

untreated wastewaters. This means there will be a need for phosphate removal systems 

for private households in rural areas that are not served by the communal wastewater 

system.  

IRON-1, IRON-2, IRON-7, and GYPSUM-1 granular adsorbents were tested in 

laboratory-scale continuous filtrations for the lower concentration. The filtration unit was 

a glass column having a 1” diameter. The adsorbent bed volume in the filter was 60ml, 

and the filter was operated at atmospheric pressure at room temperature of 20 °C. The 

temperature was not controlled. The feed solution was a phosphate solution made to Oulu 

drinking water with the target to have an average phosphorus concentration of 5 mg P/L. 

Phosphorous was added as KH2PO4. Typical analyses of the city of Oulu drinking water 

are presented in Table 9.1. Contact time in the filter was kept as 5 min (12 Bed 

Volumes/h) in every experiment. The phosphorous concentration of both influent and 

effluent water was analysed every time the sample was taken from the effluent.  
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Table 9.1: Example of the analyses of the City of Oulu drinking water used in experiments to 

prepare influent water. This water was dosed with KH2PO4 so that the solution had 5 mgP/L.  

Mg 

[mg/L] 

SO4 

[mg/L] 

NO3 

[mg/L] 

F 

[mg/L] 

Si 

[mg/L] 

PO4 

[mg/L] 

Ca 

[mg/L] 

Cl 

[mg/L] 

1.3 41 4.0 <1 1.8 <1 29 9 

 

Figure 9.3. Effluent phosphorous concentration as a function of filtered bed volumes. The average 

influent P concentration was 5 mg/L, indicated with a solid black line. The dotted line represents 

the 85% removal. 

The number of maximum bed volumes before the capacity of the adsorbent is full was 

estimated from breakthrough curves shown in figure 9.3. Results are shown in table 9.2. 

It seems that the GYPSUM-1 product was not performing as well as was expected. This 

could indicate that the used residence time, i.e. empty bed contact time of 5 min, was not 

long enough for this adsorbent, and thus the full capacity expected based on the isotherm 

studies was not achieved. On the other hand, IRON-2 adsorbent was significantly better 

than IRON-1 or IRON-7 as it could filter double the volume of phosphorous-containing 

water before the 85% removal rate limit was met. The reason why IRON-1 did not 

perform as well as IRON-2 is most likely due to the filter short-circuit (i.e., preferential 

pathways of flow). One can see that there is back and forth fluctuation on the IRON-1 

results. This could indicate that the results were influenced by short-circuiting. Due to the 

long time to carry the continuous filtration tests, the exhaustion of the adsorbent IRON-1 

and IRON-2 was not achieved. The breakthrough curves estimated that at least 12 000 

bed volumes could be filtered with both adsorbents before the adsorbent capacity was 

thoroughly exhausted.  
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Table 9.2: Estimated maximum filtered Bed Volumes at the moment when the effluent 

phosphorous concentration exceeds 85% removal rate. 

 IRON-1 IRON-2 IRON-7 GYPSUM-1 

Bed Volumes until 85% 

removal rate was exceeded 
~800 ~1900 ~800 ~300 

All tested materials withstand long-term continuous filtration, and no blockage was 

observed. However, some minor blockage was noticed with IRON-2 as the water level in 

the non-pressurized filter column started to rise towards the end of the experiment. 

9.3 Experiments with high influent phosphate concentration 

In these filtration studies, the aim was to compare IRON-1 and GYPSUM-1 to 

commercial phosphate adsorbent GYPSUM-2 in the purification of water with phosphate 

concentration similar to more concentrated household wastewaters. The target was to 

remove 85% phosphorous and measure the filtered bed volumes at the point when the 

85% removal rate was exceeded. 

Filtration tests were done on a laboratory scale as continuous filtrations. The filtration 

unit was a glass column having a 1” diameter. The filter bed volume was 60ml, and the 

filter was operated at atmospheric pressure at room temperature of 20°C. The feed 

solution was a phosphate solution made to Oulu drinking water, having an average 

phosphorus concentration of 15 mg P/L. Phosphorous was added as KH2PO4. Contact 

time was selected so that it would resemble contact time in this type of application. 

Contact time in the filter was kept as 20 min (3 Bed Volumes/h) in every experiment. The 

phosphorous concentration of influent and effluent water was analysed every time the 

sample was taken from effluent.  

Results are shown in figure 9.4. The solid horizontal line presents the influent 

concentration, and the dotted horizontal line indicates the 85% phosphate removal limit. 

It seems that both IRON-1 and GYPSUM-1 adsorbents have higher treatment capacity 

than GYPSUM-2. In the case of GYPSUM-1, filtration capacity is more than double, and 

in the case of IRON-1, over seven times higher than with GYPSUM-2. 
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Figure 9.4. Effluent phosphorous concentration as a function of bed volumes. The average 

influent P concentration was 15 mg/L (solid line). The dotted line represents the 85% phosphorous 

removal limit. Empty Bed Contact Time was 20min. 

It was shown that IRON-1 and GYPSUM-1 adsorbents are effective even in the 

purification of high concentrated phosphate waters. Especially GYPSUM-1 adsorbent is 

interesting, as it is made from granulated waste material, which could be a cost-effective 

solution for treating phosphorous from rural area high concentration wastewaters. 
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10 Phosphate recovery from the adsorbent 

10.1 Introduction 

Few papers present the recovery of phosphorous after adsorption. For example, 

Midorikawa et al. (2008) have presented a process utilizing novel adsorbents and 

phosphorous recovery by alkali regeneration. Li et al. (2016) summarized the phosphate 

regeneration studies presented in scientific literature. Their result is shown in Table 10.1. 

As shown in Table 10.1, desorption efficiency in alkaline environments is better than that 

in acids. 

Table 10.1: The metal oxides and hydroxides regeneration and the adsorption mechanisms (Li, et 

al., 2016). 

Adsorbent 
Desorption or 

regeneration reagent 

Adsorption 

mechanism 
Result 

Metal oxides 

Acids 

Electrostatic, Ion-

exchange, chemical 

precipitation 

70-85% desorption 

efficiency 

Alkalis 
Electrostatic, Ion-

exchange 

60-93% desorption 

efficiency 

Salts 

Electrostatic, Ion-

exchange, chemical 

precipitation 

5-97% desorption 

efficiency 

Metal 

hydroxides 

Acids 
Electrostatic, Ion-

exchange 

6-49% desorption 

efficiency 

Alkalis 
Electrostatic, Ion-

exchange 

60-90% desorption 

efficiency 

10.2 Regeneration of spent adsorbent with NaOH 

IRON-1 adsorbent granules were loaded with phosphate by mixing 500g of granules with 

high concentration potassium phosphate solutions for 24h. It was expected that granules 

would be fully loaded after this treatment. Therefore, the initial phosphorous solution and 

the solution after adsorption was analysed so that the adsorbed phosphorous to adsorbent 

granules could be determined (i.e. the phosphorous content of the fully-loaded adsorbent). 

Phosphate loaded adsorbent granules were packed into four glass columns having a 1” 

diameter, and the adsorbent bed volume was 55mL. All experiments described in this 

section 10 were done at the ambient temperature of 20 °C, and the temperature was not 
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controlled. For removing non-adsorbed phosphate from the surface of the adsorbent, ion-

exchanged water was used to rinse the adsorbent bed. After that 0.3, 0.6, 1.0 or 2.0M 

NaOH was filtered through the adsorption bed to see what amount of phosphate could be 

released from phosphate saturated IRON-1 granules. For each concentration total of 40 

bed volumes of NaOH were filtered through. Released phosphate concentration was 

analysed from effluent every five bed volumes. It was found that 0.6M NaOH would be 

the optimal concentration to get a targeted minimum 80% phosphorous recovery from the 

spent adsorbent. 

 
Figure 10.1. Phosphate recovery-% from spent adsorbent as a function of filtered bed volumes of 

NaOH through the spent adsorbent at the ambient temperature of 20 °C. 

The phosphorous content of the adsorbent granules was analysed with XRF before and 

after NaOH regeneration for each experiment. Results are shown in the Figure 10.2. 

Residual P-% is the phosphorous content of the adsorbent granules after regeneration with 

NaOH. Regeneration-% indicates how much of the original phosphorous content of the 

granules have been able to regenerate (i.e. remove from the original phosphorous content 

of the adsorbent granule). One can see that a similar conclusion can be made; at least 

0.6M NaOH should be used for regeneration to have effective regeneration of the 

adsorbent. 
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Figure 10.2. The left axis is the regeneration-%, and the right axis is the phosphorous content (i.e. 

residual P-%)  in the IRON-1 adsorbent granules after regeneration. 

10.3 Effect of NaOH regeneration on the adsorption capacity of the 

regenerated adsorbent 

Effect of adsorption-regeneration cycle to adsorption performance of IRON-1 adsorbent 

after several adsorption-regeneration cycles was evaluated in laboratory scale continuous 

filtrations. The filtration unit was a glass column having a 1” diameter. The filter bed 

volume was 60ml, and the filter was operated at atmospheric pressure. The feed solution 

was a phosphate solution made in Oulu drinking water, having an average phosphorus 

concentration of 400 mg P/L. High concentration was selected because, otherwise, the 

adsorption phase would have taken too long to be practical. Contact time in the filter was 

kept as 5 min in every experiment. Phosphor concentration of influent and effluent water 

was analysed. 

After the adsorption capacity was full, the adsorbent was regenerated with 0.6M NaOH 

solution, followed by the next adsorption cycle. This process was repeated seven times. 

Results are shown in the Figure 10.3. One can see that the IRON-1 adsorbent can be 

regenerated at least seven times without degradation of its adsorption capacity. This 

indicates that phosphate could be recovered, and the adsorbent could be used again and 

again in a continuous process. 
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Figure 10.3. Phosphorous removal-% as a function of filtered bed volumes after several 

adsorption-regeneration cycles. Experiments were conducted at the ambient temperature of 20°C. 

10.4 Phosphorous recovery from the NaOH solution used for adsorbent 

regeneration 

Phosphorous recovery from the 0.6M NaOH solution coming from the regeneration of 

the adsorbent was tested with different additions of Ca(OH)2. The target was to precipitate 

the dissolved phosphate from the NaOH solution as solid calcium phosphate and separate 

it from the NaOH solution by filtration. The purified NaOH solution would then be used 

the next time the adsorbent would be regenerated. 

Experiments are listed in Table 10.2 below. In all experiments, the formed calcium 

phosphate precipitate was very easy to separate by filtration. It is clear that regeneration 

of spent NaOH solution is possible with Ca(OH)2. The best result is achieved when 1.99 

g of Ca(OH)2 is dosed to 1L of spent sodium hydroxide solution containing 277 mg/L 

phosphorous. All experiments were done at room temperature of 20°C. 
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Table 10.2:  Analyses of the phosphate recovery from the NaOH solution used to regenerate spent 

adsorbent 

Exp. 

Spent NaOH 

[L] 

Added Ca(OH)2  

[mg/L] 

NaOH-% 

P in 

NaOH 

solution 

[mg/L] 

Ca in 

NaOH 

solution 

[mg/L] 

Filtration 

Initial - - 2.25 277 <0.5 - 

1 1.0 662 2.26 169.7 <2 Quick 

2 1.0 1324 2.28 58.7 <2 Quite quick 

3 1.0 1986 2.37 0.29 4.6 Quite quick 

10.5 Complete adsorption – phosphate recovery process 

These results show that IRON-1 adsorbent can be regenerated and used again in 

phosphate adsorption when the regeneration is done with 0.6M NaOH solution. The 

phosphate desorbed to NaOH solution can be recovered as solid calcium phosphate with 

simple Ca(OH)2 precipitation. At the same time, the spent NaOH solution is regenerated, 

and it can be used again next time the adsorbent is regenerated. 

The complete adsorption –regeneration process is presented in Figure 10.4 below. The 

first step is the adsorption of phosphate to IRON-1 adsorbent. The second step is the 

regeneration of the fully-loaded IRON-1 adsorbent with 0.6M NaOH. The third step is 

the regeneration of waste NaOH containing sodium phosphate with calcium hydroxide to 

recover phosphorous as calcium phosphate and at the same time regenerate the NaOH 

solution. Regenerated NaOH can be utilized again in the next cycle when IRON-1 

adsorbent is regenerated. 
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Figure 10.4. Simple flow sheet of adsorption–regeneration process with phosphorous recovery. 

The proposed concept was tested in a continuous pilot process at room temperature. The 

influent solution contained 4-5 mg/L P. Concentration was selected to resemble the actual 

application concentration range. The adsorbent was regenerated by filtering 100 bed 

volumes of 0.6M NaOH through the adsorbent bed after each adsorption cycle (i.e. when 

the adsorbent became fully loaded). After regeneration adsorbent bed was rinsed with 20 

bed volumes of water. The continuous adsorption-regeneration cycle was repeated four 

times. As a result, it was proven that the proposed process could be used in phosphate 

recovery, and the IRON-1 adsorbent can be used again after regeneration with NaOH. 

Furthermore, the NaOH solution containing the phosphate can be regenerated with 

Ca(OH)2, and this NaOH solution can be used again next time the adsorbent needs to be 

regenerated. 

Figure 10.5 is shown the phosphorous content of the samples taken at different Bed 

Volumes. One can see that after the first adsorption cycle, there is no significant change 

in adsorbent performance. Therefore, the IRON-1 adsorbent can be regenerated and used 

again in continuous phosphorous removal applications. 
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Figure 10.5. Simple flow sheet of adsorption–regeneration process with phosphorous recovery. 

10.6 Cost of the adsorption – phosphate recovery process 

Phosphate removal by standard chemical precipitation process with coagulants is cost-

effective from low to high influent P concentrations. For example, in Finland, the average 

coagulant cost for ferric salt chemicals for phosphorous removal is 2 cents/m3. Other 

chemical and treatment costs increase the total phosphorous treatment cost to 25-70 

cents/m3. However, when low concentrations <0.2 mgP/L are aimed, like in phosphorous 

polishing applications,  the chemical cost increases almost exponentially. 

The cost of phosphate removal by IRON-1 adsorbent was evaluated using three different 

cost points for IRON-1 adsorbent 3500 €/t, 1500 €/t, and 750€/t. Calculations were based 

on data obtained from isotherm studies, continuous fixed bed filtration studies, and 

continuous adsorption-regeneration studies presented in the previous chapter. Following 

chemical, prices were used in the cost calculations.  

IRON-1 adsorbent A=3500 €/t B=1500 €/t C=750€/t 

Ca(OH)2  120 €/t 

NaOH (100%) 420 €/t  

Filter constants used in the calculations: 

Filter volume   15 m3 

Mass of IRON-1 adsorbent  18 t 

Empty Bed Contact Time  5 min 

Waste water   180 m3/h 

Waste water   4320 m3/day 
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Some NaOH is lost during regeneration, estimated by laboratory experiments to be 3.75% 

per adsorption-regeneration cycle, which needs to be replaced by fresh NaOH as makeup.  

SCENARIO: 

Following values have been used: 

Influent phosphorous   : 2.0 mg/L 

Effluent phosphorous   : 0.3 mg/L 

IRON-1 adsorbent   : 3500 €/t 

Adsorption-Regeneration cycles : 6 

   

Consumption / t Cost / € 

IRON-1 adsorbent 18 63000 

Ca(OH)2  7.7 924 

NaOH  36 15120 

NaOH make-up 8.1 3402 

TOTAL   82446 € 

Treated water total volume: 623589 m3 

Treatment cost:    0.13 €/m3  

Phosphorous recovered as solid Ca-phosphate: 

Wet precipitate  : 48.1 t 

Dry solids   : 26.3 t 

These calculations should be taken as indicative and should be later on verified with a 

full-scale process. Results show that if IRON-1 adsorbent can be regenerated six times, 

the phosphorous removal cost would be equal to or less than chemical phosphorous 

removal. As an advantage, the phosphorous would be recovered as solid calcium 

phosphate. This calculation does not include the value of recovered phosphorous. 

In Figure 10.6 below is presented the treatment cost as a function of the number of 

adsorption-regeneration cycles based on the calculations presented above. In figure is also 

calculated treatment cost for three effluent phosphor concentrations; 0.02, 0.1 and 0.3 

mg/L. It is clear that to be an economical alternative to the chemical phosphorous removal 

process with the adsorbent price point of 3500 €/t, one must be able to regenerate the 

adsorbent after phosphate adsorption. A minimum of 4 adsorption-regeneration cycles is 

needed to meet the cost point of chemical phosphorous removal. 
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Figure 10.6. Cost of phosphate removal as a function of the number of adsorption-regeneration 

cycles. The initial phosphorous concentration is 2.0 mg/L, and the cost of adsorbent is 3500 €/t. 

For preparing Figure 10.7 below, the same values as in the initial scenario were used, but 

in this case, the cost for IRON-1 adsorbent is 1500€/t. With this adsorbent cost point, one 

needs to regenerate the adsorbent minimum of two times to be comparable to chemical 

phosphorous removal. 

 
Figure 10.7. Cost of phosphate removal as a function of the number of adsorption-regeneration 

cycles. The initial phosphorous concentration is 2.0 mg/L, and the cost of adsorbent is 1500 €/t. 
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In Figure 10.8, the same initial values have been used, but the cost for IRON-1 adsorbent 

has been set as 750 €/t. With this low price range, it is clear that the cost of regeneration 

is more than the cost related to the IRON-1 adsorbent, so regeneration is no longer 

economical from an adsorbent reuse point of view. However, one could still have the 

benefit of the phosphorous recovery. 

 

Figure 10.8. Cost of phosphate removal as a function of the number of adsorption-regeneration 

cycles. The initial phosphorous concentration is 2.0 mg/L, and the cost of the adsorbent is 750 

€/t. 

The Economics of adsorption in phosphate removal depends on two quite clear 

parameters; volumes to be treated and phosphate concentration in the water to be treated. 

When small volumes are to be treated, like in single households in rural areas, IRON-1 

or GYPSUM-1 type of adsorbents could be utilized to economically remove the required 

85% of the total phosphate. 

In large-scale phosphate removal, i.e. high volumes and high concentrations (untreated 

wastewaters), it is impractical to utilize adsorption as the only treatment step, not even 

with adsorbent regeneration. However, combining, for example, chemical phosphorous 

removal (as the first treatment step) with the following adsorption-regeneration process 

could be interesting as it would give several optimization possibilities to both process 

steps. The cost estimation presented above is based on this scenario. 

When the target is very low residual phosphate concentrations, the utilization of 

adsorption as an additional polishing filter is very attractive the cost-wise. In the future, 

there could also be pressure to be able to recover phosphorous from wastewater. Then the 

value of recovered phosphorous could change the value proposition of adsorption 

processes considerably. 
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11 Arsenic removal - Equilibrium studies 

11.1 Isotherms 

11.1.1 Experimental set-up 

For arsenic isotherm studies, iron, aluminium, and titanium-based adsorbents were 

selected. Gypsum-based samples were not included in arsenic adsorption studies. 

Isotherm tests were conducted in 200 ml air-tight bottles placed in the shaker. The 

concentration of As(V) was varied from test to test, and the amount of adsorbent was kept 

constant. Each test was run for seven days to reach equilibrium concentration. For the 

first couple of days, pH was measured and adjusted if necessary to pH 6.5. Arsenic 

concentration at the beginning and after one week reaction time was analysed. 

Experiments were done at the ambient temperature of 20°C, and the temperature was not 

controlled. 

11.1.2 Results 

Adsorbed As(V) per weight of adsorbent was calculated from isotherm results and figures 

Figure 11.1 to Figure 11.3 were drawn based on these results.  

In general, most of the iron-based adsorbents had higher adsorption capacity than Al2O3 

and TiO2 based adsorbents. The adsorption capacities for iron-based adsorbents were in 

the order of IRON-3>IRON-2>IRON-1>IRON-5>IRON-6>IROIN-7>IRON-4. The 

highest capacity in non-iron-based materials had the AL2O3-2 adsorbent produced from 

the aluminium industry waste. 
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Figure 11.1. Adsorbed As(V) mg/g Adsorbent as a function of equilibrium concentration Ceq for 

iron-based adsorbents. Reaction time 7 days. 

 

Figure 11.2. Adsorbed As(V) mg/g Adsorbent as a function of equilibrium concentration Ceq for 

aluminium-based adsorbents. Reaction time 7 days. 
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Figure 11.3. Adsorbed As(V) mg/g Adsorbent as a function of equilibrium concentration Ceq for 

titanium-based adsorbents. Reaction time seven days. 

11.1.3 Langmuir isotherm 

As(V) isotherm results were fitted to the Langmuir isotherm model similarly as was done 

in phosphorous adsorption tests.   

Figure 11.4 and Figure 11.5 show examples of two fittings of Langmuir isotherm. It is 

evident that the Langmuir model cannot fit measured data very well. In general, one can 

conclude that the materials studied are not behaving according to Langmuir monolayer 

coverage model, and instead, there is an indication that the surfaces are heterogeneous.  
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Figure 11.4. Linear plot for Langmuir isotherm – 1/qe as a function of 1/Ceq for AL2O3-2 

adsorbent (left) and IRON-2 adsorbent (right). The dotted line is the linear fir to the Langmuir 

model. These figures represent the best fit (left) and worst fit (right) to the Langmuir isotherm 

model from the tested adsorbents. 

  

Figure 11.5. The adsorption capacity for AL2O3-2 adsorbent (left) and IRON-2 adsorbent 

(right) and as a function of the equilibrium concentration of As(V). The dotted line is the 

Langmuir model fitted to measured data. These figures represent the best fit (left) and worst fit 

(right) to the Langmuir isotherm model from the tested adsorbents. 

Table 11.1 presents Langmuir constant q0, b, and correlation coefficient. The results show 

that the Langmuir monolayer coverage model cannot describe the adsorption behaviour 

of studied adsorbents; the adsorption capacities predicted by the model deviate 

significantly from the measurements. 
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Table 11.1: Langmuir constants q0 and b for different adsorbents. 

Adsorbent q0 [mg/g] b [L/mg] R2 

IRON-1 9.380 2.722 0.93 

 
IRON-2 7.343 

 

4.961 

 

0.87 

 

 

IRON-3 10.153 0.979 

 

0.96 

 

 

IRON-4 8.591 1.184 0.96 

 

 

IRON-5 11.895 1.656 0.98 

 
IRON-6 6.163 8.408 0.97 

 

 

IRON-7 8.529 11.100 0.89 

 
Al2O3-1 11.095 0.0914 0.96 

 
Al2O3-2 12.805 0.112 0.99 

TIO2-1 10.485 0.014 0.89 

TiO2-2 10.310 0.004 0.90 

 

11.1.4 Freundlich isotherm 

Freundlich isotherm was fitted to the arsenic (V) adsorption data similarly to phosphorous 

adsorption data. By plotting log q as a function of log Ceq results straight line and from 

the intercept on can calculate Kf and from slope the value for n. Figure 11.6 and Figure 

11.7 show examples of measured data and fitting of the Freundlich model to data. 

Freundlich adsorption model fits quite well to measured data, indicating adsorption 

mechanism through heterogeneous surface sites. 

  
Figure 11.6. Linear plot for Freundlich isotherm - log q as a function of log Ceq for IRON-2 

adsorbent (left) and IRON-7 adsorbent (right). The dotted line is the linear fit to the Freundlich 

model. These figures represent the best fit (left) and the worst fit (right) to the Freundlich 

isotherm model from the tested adsorbents. 
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Figure 11.7. The adsorption capacity for IRON-2 adsorbent (left) and IRON-7 adsorbent (right) 

as a function of the equilibrium concentration of phosphorous. The dotted line is the Freundlich 

model fitted to measured data. These figures represent the best fit (left) and the worst fit (right) 

to the Freundlich isotherm model from the tested adsorbents. 

In Table 11.2 is shown Freundlich coefficients (n and Kf). Freundlich isotherm constant 

is an approximate indicator of adsorption capacity, and the coefficient n indicates the 

favourability of adsorption. If the n values are from 0.1 to 0.5, adsorption is favourable. 

This is the case in all tested adsorbents. The very low values of n for IRON-5, IRON-6, 

and IRON-7 indicate irreversible adsorption. 

Table 11.2 shows Freundlich coefficients (n and Kf). The measured data fit relatively well 

to the Freundlich model and better than the Langmuir model. This gives an indication that 

studied materials could have heterogeneous surface structures. Based on Freundlich’s 

equation, adsorption capacities for EU drinking water limit equilibrium concentration (10 

µg As(V)/l) were calculated. Capacities (q10) for adsorbents were in order IRON-5 > 

IRON-2 > IRON-1 > IRON-3 > IRON-7 > IRON-6 > IRON-4 > IRON-5 > AL2O3-2 > 

AL2O3-1 > TIO2-1 > TIO2-1. Titanium and aluminium based adsorbents had lower 

capacities when evaluating drinking water level equilibrium capacity. 
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Table 11.2: Freundlich coefficients Kf and n. Capacity for 10 µg As(V)/l equilibrium 

concentration is calculated based on the Freundlich equation. 

Adsorbent 

n 

[-] 

Kf 

[mg/g] 

q10 

[mg/g] 
R2 

IRON-1 0.234 3.697 6.3 0.98 

 
IRON-2 0.278 3.360 6.4 

 

0.99 

 
IRON-3 0.266 3.318 6.1 0.96 

IRON-4 0.140 4.008 5.5 0.96 

 
IRON-5 0.116 4.873 7.1 0.97 

IRON-6 0.068 4.825 5.6 0.98 

IRON-7 0.129 4.257 5.7 0.94 

 
AL2O3-1 0.258 1.917 3.5 0.99 

AL2O3-2 0.249 2.965 5.3 

 

0.99 

TIO2-1 0.345 0.928 2.1 0.99 

TIO2-2 0.390 0.519 1.3 0.97 

11.1.5 Dubinin–Radushkevich isotherm 

Dubinin-Radushkevich model was fitted to arsenic adsorption isotherm data similar to 

that of phosphorous adsorption experiments. Figure 11.8 and Figure 11.9 show examples 

of measured data and fitting of the D-R isotherm model to measurements. It can be seen 

that the D-R isotherm model has a moderately good fit to measured data. 

 
Figure 11.8. Linear plot for D-R isotherm - ln q as a function of ε2 for IRON-2 adsorbent (left) 

and IRON-5 adsorbent (right). The dotted line is the linear fit to the D-R model. These figures 

represent the best fit (left) and the worst fit (right) to the D-R isotherm model from the tested 

adsorbents. 
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Figure 11.9. The adsorption capacity for IRON-2 adsorbent (left) and IRON-5 adsorbent (right) 

as a function of the equilibrium concentration of As(V). The dotted line is the D-R model fitted 

to measured data. These figures represent the best fit (left) and the worst fit (right) to the D-R 

isotherm model from the tested adsorbents. 

D-R isotherm model constants are shown in Table 11.3. Based on results shown in the 

table the maximum adsorption capacities (Qm) are in order: IRON-3 > IRON-2 > IRON-

1 > IRON-5 > IRON-4 > IRON-7 > IRON-6. In aluminium-based adsorbents, the granular 

waste material has almost double the capacity compared to commercial alumina 

adsorbents. On titanium-based adsorbents, the granulated anatase pigment had a 

significantly higher capacity than the commercial TiO2 adsorbent. Suppose the free 

energy of adsorption (E) is between 8 and 16 kJ/mol; the adsorption is considered an ion-

exchange type. This is the case in Al2O3 and TiO2 adsorbents. If the free energy 

>16kJ/mol, the adsorption mechanism is considered to be chemisorption. All tested iron-

based adsorbents have free energy in the ion-exchange/chemisorption range. The high 

free energy of adsorption indicates a strong bond between As(V) species and iron oxide 

adsorbent. This is an interesting observation in the point of disposal of spent adsorbents 

as this indicates stabile waste.  
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Table 11.3: Dubinin-Radushkevich coefficients Qm and k. In the table is also shown adsorption 

free energy E. 

Adsorbent Qm 

[mg/g] 

k [mol2/kJ2] E 

[kJ/mol] 

R2 

IRON-1 48.486 0.00133 19.35 0.98 

IRON-2 53.256 0.00138 19.03 0.99 

IRON-3 58.643 0.00147 18.45 0.98 

IRON-4 24.762 0.00107 21.54 0.96 

 IRON-5 36.781 0.00113 21.00 0.95 

 IRON-6 9.866 0.00036 36.80 0.98 

IRON-7 18.000 0.00070 26.56 0.97 

 
Al2O3-1 39.443 0.00162 17.56 0.99 

Al2O3-2 61.819 0.00174 16.97 0.99 

TIO2-1 56.616 0.00229 14.77 0.98 

TIO2-2 74.459 0.00302 12.87 0.97 

11.2 Arsenic removal – Effect of pH on arsenic adsorption 

11.2.1 Experimental set-up 

IRON-1, IRON-2, IRON-5, and IRON-7 adsorbents were tested at pH6.5 and pH8.5. 

Isotherm tests were conducted in 200 ml air-tight bottles placed in the shaker at room 

temperature of 20°C. The concentration of As(V) was varied from test to test, and the 

amount of adsorbent was kept constant. Each test was run for seven days to reach 

equilibrium concentration. For the first couple of days, pH was measured and adjusted if 

necessary to pH6.5 or pH8.5. Arsenic concentration at the beginning and after one week 

reaction time was analysed.  

11.2.2 Results 

Typically, authorities do not regulate the pH level in drinking water. It is classified as a 

secondary drinking water contaminant whose impact is considered aesthetic. However, it 

is recommended that public water systems maintain pH levels between 6.5 and 8.5.  

Applicability of filter media for drinking water use is governed, for example, with 

NSF/ANSI 53 (Drinking water treatment units) and EN 14898:2006 (Water conditioning 

equipment inside buildings – Active media filters) standards. Both standards require 

testing for metal removal at pH6.5 and pH8.5. 

Arsenic is unique among the metalloids and oxyanion-forming elements in its sensitivity 

to mobilisation at the pH6.5 up to pH8.5 range, typically found in surface water and 
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groundwater. Also, for this reason, it is crucial to understand the adsorption behaviour in 

both ends of the pH spectrum. 

Figure 11.10 and Figure 11.11 presents the arsenic removal efficiency as a function of 

equilibrium concentration. Based on the results from the equilibrium tests, all four tested 

iron-based adsorbents can also remove As(III) at both tested pH6.5 and pH8.5. 

 
Figure 11.10. The adsorption efficiency (i.e. arsenic removal-%) as a function of equilibrium 

concentration for IRON-1 (left) and IRON-2 (right) for equilibrium at pH6.5 and pH8.5. 

 
Figure 11.11. The adsorption capacity as a function of equilibrium concentration for IRON-5 

(left) and IRON-7 (right) for equilibrium at pH6.5 and pH8.5. 
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11.3 Arsenic removal - Effect of arsenic speciation on adsorption 

11.3.1 Experimental set-up 

To understand the difference between As(III) and As(V), adsorption IRON-1 and IRON-

7 adsorbents were tested at pH6.5 and pH8.5. Equilibrium tests were conducted in 200 

ml air-tight bottles placed in the shaker. The As(III) and As(V) chemicals were reagent 

grade used in analytical applications. The dilution water was the City of Oulu drinking 

water. The diluted solutions for the experiments were used immediately after preparation 

and not stored. The concentration of As(V) or As(III) was varied from test to test, and the 

amount of adsorbent was kept constant. Each test was run for seven days to reach 

equilibrium concentration. For the first couple of days, pH was measured and adjusted if 

necessary to pH6.5 or pH8.5. Arsenic concentration at the beginning and after one week 

reaction time was analysed. Experiments were done at room temperature (20°C). 

11.3.2 Results 

In natural waters, arsenic occurs primarily as pentavalent arsenate or trivalent arsenite. 

Arsenate is the most common arsenic species in surface waters with high dissolved 

oxygen concentrations. However, arsenite exists in significant concentrations under 

anaerobic conditions found in groundwater. Therefore, it is important to understand also 

the adsorption capability of As(III) species, even though typically the As(V) 

concentrations are dominant. 

Adsorbed arsenic was calculated from isotherm results, and Figure 11.12 and Figure 

11.13 were drawn based on these results. Results show that both IRON-1 and IRON-7 

adsorbents can remove both arsenic species As(V) and As(III). Also, it was observed that 

the arsenic removal was quite good for both arsenic species at pH6.5 and pH8.5, 

representing extremes of typical groundwater and surface water. Therefore, one can 

conclude that both products could be utilized in drinking water applications for arsenic 

removal. 
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Figure 11.12. The adsorption efficiency (i.e. arsenic removal-%) as a function of equilibrium 

concentration for IRON-1 at pH6.5 (left) and pH8.5 (right) for As(III) and As(V). 

 
Figure 11.13. The adsorption efficiency (i.e. arsenic removal-%) as a function of equilibrium 

concentration for IRON-7 at pH6.5 (left) and pH8.5 (right) for As(III) and As(V). 

11.4 Arsenic removal - effect of silica and vanadium 

11.4.1 Experimental set-up 

To understand the effect of silica and vanadium on As(V) adsorption, IRON-1, IRON-2, 

and IRON-7 adsorbents were tested with different dosages of silica and vanadium at 

pH6.5. Equilibrium tests were conducted in 200 ml air-tight bottles placed in the shaker 

at room temperature of 20°C. The As(V) concentration was kept constant, and either silica 

or vanadium concentration was varied. Adsorbent dosage was constant in all experiments. 

Each test was run for seven days to reach equilibrium concentration. For the first couple 

of days, pH was measured and adjusted if necessary to pH6.5. Arsenic concentration at 

the beginning and after one week reaction time was analysed. 
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11.4.2 Results 

Silicate, vanadate, phosphate, and sulphate are competing ions with arsenic in adsorption 

systems, primarily when iron-based adsorbents are used. Phosphate is typically not an 

issue in groundwater applications, but vanadate and silicate can be quite common 

competing elements. 

Colby et al. (2010) compared influent water quality of drinking water treatment facilities 

in California that utilizes adsorption processes for arsenic removal to the US 

Environmental Protection Agency’s (USEPA) arsenic removal demonstration sites in the 

USA. USEPA sites had a median arsenic concentration of 33 µg As⁄L, median silica 

concentration of 25 mg Si ⁄L, and vanadium concentrations of 36 µg V ⁄L. California 

water treatment plants had a median arsenic concentration of 22 µg As⁄L, silica 

concentration 38 mg Si/L, and median vanadium concentration of 20 µg V ⁄L. Due to the 

negative effect of silica and vanadium, The USEPA demonstration sites reached only 20 

to 80% of the expected bed volume (filter capacity of the adsorbent) before the 

breakthrough, which was similar to the results from the California water treatment plants 

(36 to 75%) (Hilkert Colby, et al., 2010). 

In Figure 11.14 is presented the results from the equilibrium tests done with different 

vanadium and silica concentrations. Focus here is on selected iron-based adsorbents as 

these are known to be more affected by competing ions of vanadate and silicate. It is 

evident that vanadium has a more substantial effect on As(V) adsorption than silica in 

equilibrium tests. The negative effect of silicates can be seen in continuous filtration as 

silicates can accumulate to the adsorbent surfaces and block the adsorption filter bed, and 

therefore can causes earlier breakthrough than expected. Vanadate instead actively 

adsorbs to the active sites in iron oxide (hydroxide) surfaces and competes with arsenic, 

reducing the adsorption capacity of arsenic. 
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Figure 11.14. As(V) removal-% as a function of vanadium concentration in the test water (top) 

and silica (bottom). The initial arsenic concentration was 1000µg/L. 
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12 Arsenic removal - Adsorption kinetics  

12.1 Experimental set-up 

For kinetic studies, four different adsorbents were selected; IRON-1, IRON-2, IRON-5, 

and IRON-7. Kinetic studies were conducted with a solution containing 10 mg/l of As(V). 

The volume used was 4 L, and the adsorbent was varied between 0.1–1.0 g/L. The pH 

was controlled during kinetic studies and kept on average at pH 6.5. Initial concentration 

was determined, and after that, the adsorbent was added to the solution. The timing was 

started at this point. Samples were taken at fixed intervals to follow the adsorption of 

As(V) to adsorbent as a function of time.  

12.2 Kinetic studies 

Figure 12.1 and Figure 12.2 is shown the relation of initial concentration (C0) and 

concentration at time t (Ct). One can see that with the two lowest adsorbent dosages of 

0.1 and 0.25 g adsorbent/L, the adsorption rate is minimal with all tested adsorbents. In 

the kinetic model calculations, the experiments with dosage 0.1 g Adsorbent/L were not 

considered due to minimal arsenic adsorption. This would not give any meaningful results 

in any tested kinetic models. Results with the dosage 0.25 g Adsorbent/L were calculated, 

but one should be cautious about making conclusions on this concentration. Results with 

0.5 g/L and 1.0 g/L were successful and should indicate the mechanism behind the 

adsorption. 

 
Figure 12.1. As(V) removal rate (ct/c0) for IRON-1 (left) and IRON-2 (right) adsorbents as a 

function of adsorption time. Four adsorbent dosages were used between 0.1 – 1.0 g/L. The initial 

arsenic concentration was 10 mg As(V)/L. 
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Figure 12.2. As(V) removal rate (ct/c0) for IRON-5 (left) and IRON-7 (right) adsorbents as a 

function of adsorption time. Four adsorbent dosages were used between 0.1 – 1.0 g/L. The initial 

arsenic concentration was 10 mg As(V)/L. 

For easier comparison in Figure 12.3 is shown the rate of adsorption for the highest 

adsorbent dosage (1.0 g/L) for all four adsorbents. From the figure, one can see that the 

fastest adsorption rate has IRON-2 followed closely by IRON-7. Adsorption removal rate 

results follow the average particle size of adsorbents (IRON-1=1.5mm, IRON-2=0.9mm, 

IRON-5=1.3 mm and IRON-7=0.8mm) closely, smaller the particle size faster is the 

kinetics.  

 
Figure 12.3. As(V) removal rate (ct/c0) for four different adsorbents as a function of adsorption 

time. The adsorbent dosage in the experiment was 1.0 g/L. The initial arsenic concentration was 

10 mg As(V)/L. 
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tests done, especially in IRON-1 and IRON-7 adsorbents. It is clear that for mechanistic 

analyses, one should focus on experiments done with dosages 0.5 g/L and 1.0 g/L. 

 
Figure 12.4. As(V) adsorption capacity qt for IRON-1 (left) and IRON-2 (right) adsorbents as a 

function of adsorption time. The initial arsenic concentration was 10 mg As(V)/L. 

 
Figure 12.5. As(V) adsorption capacity qt for IRON-5 (left) and IRON-7 (right) adsorbents as a 

function of adsorption time. The initial arsenic concentration was 10 mg As(V)/L. 
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12.2.1 Pseudo-second-order kinetic model 

If pseudo-second-order kinetics is valid, the plot of t/qt vs t should give a linear 

relationship, from which qe can be determined from the slope and k from the intercept. 

Figure 12.6 is presented an example; adsorbent IRON-7 results fitted to the pseudo-

second-order model. 

 
Figure 12.6.Linear fit t/qt as a function of adsorption time (t). The figure presents the adsorbent 

sample IRON-7 that had the best fit to the pseudo-second-order model. 

Based on the results shown in Table 12.1, even though there is quite a good overall fit to 

the pseudo-second-order model, there is some variation of the quality of the fit from 

adsorbent to the adsorbent. Furthermore, the lower correlation of some adsorbents means 

that the pseudo-second-order kinetics does not single-handedly explain adsorption 

kinetics for tested materials. However, from the results, one can conclude that the rate-

limiting step is partly controlled by chemisorption. 

Table 12.1: Pseudo second order model’s constants. 

Adsorbent 
Adsorbent dosage 

[g/L] 
qe 

[mg/g] 

k 

[g/mg*min] 

R2 

[-] 

IRON-1 0.5 9.107 0.002 0.96 

 1.0 8.961 0.001 0.97 

IRON-2 0.5 13.495 0.001 0.96 

 1.0 8.937 0.002 0.99 

IRON-5 0.5 9.091 0.001 0.94 

 1.0 7.112 0.003 0.98 

IRON-7 0.5 7.278 0.006 0.98 

 1.0 9.794 0.003 0.99 

y = 0.1914x + 3.3975
R² = 0.9954
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R² = 0.9907

0

5

10

15

20

25

30

35

40

45

50

0 50 100 150 200 250

t/
q

t 
[m

in
*g

 A
d

s
o

rb
e
n

t/
m

g
 A

s
]

t [min]

0.25 g Adsorbent/L

0.5 g Adsorbent/L

1.0 g Adsorbent/L



 179 

12.2.2 Elovich kinetic model 

By plotting adsorption capacity qt as a function of ln(t), the measured data should fall in 

a straight line having 1/b as slope and ln(a*b)/b as intercept if the measured data follows 

Elovich kinetic model. An example of the fitting is shown in Figure 12.7. 

 
Figure 12.7. As(V) adsorption capacity qt as a function of ln(t). The adsorbent tested was IRON-

1. 

The result for fitting measured data to Elovich kinetic data is shown in Table 12.2. One 
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Table 12.2: Constants for Elovich equation. 
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b 
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a 

[mg As / g*min] 

R2 

[-] 

IRON-1 0.5 0.466 0.227 0.96 

 1 0.425 0.144 0.99 

IRON-2 0.5 0.412 0.227 0.97 

 1 0.537 0.357 0.99 
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 1 0.705 0.332 0.98 
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R² = 0.9926
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12.3 Study of the diffusion mechanism 

Intraparticle diffusion rate – Weber-Morris 

The Weber-Morris intraparticle diffusion model was studied to understand the rate-

limiting step of the arsenic adsorption process, boundary layer diffusion, or intraparticle 

diffusion of solute towards the solid surface. Weber-Morris plot, qt versus t1/2 should be 

a straight line with a slope kid and intercept Cw when the adsorption mechanism follows 

the intraparticle diffusion processes. Figure 12.8 shows an example of measured data 

presented as the Weber-Morris plot for different adsorbents when the adsorbent dosage 

was 1.0 g/L. One can see that the measured data fit very well to the Weber-Morris model; 

also, there is only one linear region.  

 

Figure 12.8. Arsenic adsorption capacity qt as a function of t1/2 for the adsorbent IRON-1, IRON-

2, IRON-5, and IRON-7 when the adsorbent dosage used was 1.0 g/L. 

If the straight line passes through origo obtained from the plot of qt against the square root 

of time, it shows that the intraparticle diffusion is considered as the rate-determining step. 

When the plot does not pass through the origo, it indicates the contribution of some degree 

of a film diffusion process. From the results, one can see that as the adsorbent dosage 

increases, the intercept in all experiments get closer and closer to origo. The intercept 

values (Cw) indicate that the intraparticle diffusion is more limiting than film diffusion 

for tested porous granular adsorbents. Results from fitting the measurements to the 

Weber-Morris plot are summarized in Table 12.3. One can see that the Weber-Morris 

model gives a perfect fit to all tested adsorbents. 
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Table 12.3: Coefficients for Weber-Morris plot. 

Adsorbent 
Adsorbent dosage 

[g/L] 

kid 

[mg/g*min0.5] 

Cw 

[mg/g] 
R2 

[-] 

IRON-1 0.5 0.457 0.097 0.98 

 1.0 0.422 0.079 0.99 

IRON-2 0.5 0.629 1.291 0.99 

 1 0.449 0.629 0.99 

IRON-5 0.5 0.460 0.463 0.98 

 1 0.376 0.318 0.99 

IRON-7 0.5 0.429 1.100 0.97 

 1 0.422 0.885 0.99 
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13 Arsenic removal - Continuous filtration studies 

13.1 Experimental set-up 

Plastic filter columns, having an inside diameter of 16 mm, were filled with adsorbent 

granules so that the volume of the filter bed was 53 ml. Before loading to columns, 

adsorbent granules were gently washed from loose dust on the granule surface with 

running water. At the bottom and the top of the granule bed was laid a layer of fibreglass 

fibres so that the filter bed would not move and the water distribution would be optimal. 

Feed water (influent) was produced from the city of Oulu drinking water according to 

NSF 53 standard. Water was spiked according to standard with As(V) so that the arsenic 

concentration would be ~50 µg/L. Samples were taken once a week. Each time the 

effluent sample was also taken, influent water was analysed. All continuous filtration 

experiments presented in this chapter were conducted at room temperature of 20°C. 

One should note that the continuous filtration tests took more than one year to complete. 

Some of the tested adsorbents did not get exhausted during this one-year continuous 

filtration, but the tests had to be stopped due to the time restrictions. 

Examples of additional analyses of the city of Oulu drinking water taken during the 

continuous filtration tests. 

Table 13.1: Additional analyses made from the influent during the continuous filtration pilot. 

 Mg 

[mg/L] 

SO4 

[mg/L] 

NO3 

[mg/L] 

F 

[mg/L] 

Si 

[mg/L] 

PO4 

[mg/L] 

Ca 

[mg/L] 

Cl 

[mg/L] 

January 1.4 34 3.5 <1 1.4 <1 28 13 

January 1.3 32 3.4 <1 1.2 <1 27 5.9 

March 1.3 17 3.9 <1 1.5 <1 26 7.6 

March 1.3 33 5.3 <1 1.6 <1 27 4 

May 1.5 72 4.1 <1 2.8 <1 37 14 

May 1.5 62 4.1 <1 2.9 <1 38 3.2 

July 1.3 36 3.5 <1 1.4 <1 28 14 

July 1.3 35 4 <1 1.5 <1 27 3 

September 1.2 38 4 <1 1.2 1.0 25 16 

September 1.1 38 4 <1 1.4 1.0 25 3 

November 1.7 42 4 <1 1.8 <1 30 17 

November 1.4 38 4 <1 1.4 <1 26 5 

January 1.3 36 4 <1 1.6 <1 27 16 

January 1.3 39 4 <1 1.6 <1 28 2 

March 1.3 41 5 <1 2.0 <1 27 15 

March 1.3 39 5 <1 2.0 <1 28 3 

May 1.2 56 3 <1 2.1 <1 33 13 

May 1.3 57 3 <1 2.1 <1 34 14 
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13.2 Effect of influent pH 

In Figure 13.1 and Figure 13.2 shows the arsenic concentrations in effluent water as a 

function of filtered bed volumes. The results from four different adsorbents are presented 

(IRON-1, IRON-2, IRON-3, and IRON-7). In Figure 13.1 is shown the results with 

influent water having pH 6.5, and in Figure 13.2 are shown the results with influent water 

having pH 8.5. These pH values were selected according to NSF 53 standard.  

 

Figure 13.1. Continuous filtration studies according to NSF 53 standard. Tested adsorbents were 

IRON-1, IRON-2, IRON-3, and IRON-7. Test conditions: influent As(V) 50 µg/l and pH 6.5. 

Empty Bed Contact Time (EBCT) 5min. 

 

Figure 13.2. Continuous filtration studies according to NSF 53 standard. Tested adsorbents were 

IRON-1, IRON-2, IRON-3, and IRON-7. Test conditions: influent As(V) 50 µg/l and pH 8.5. 

Empty Bed Contact Time (EBCT) 5min. 
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Compared to iron-based adsorbents, continuous filtration tests at pH6.5 and pH8.5 were 

also done with TIO2-2 adsorbents. The results are shown in Figure 13.3. One can see that 

TiO2 –based adsorbent granules are effective at lower pH6.5, but the capacity is 

significantly diminished at higher pH, more so than with iron-based adsorbents. 

 
Figure 13.3. Continuous filtration studies according to NSF 53 standard. The tested adsorbent was 

TIO2-2. Test conditions: influent As(V) 50 µg/l, pH6.5 and pH 8.5. Empty Bed Contact Time 

(EBCT) 5min. 

Table 13.2 presents the summary of the filtration tests. At lower pH, the best adsorbent 

was the IRON-2, which had almost double the capacity compared to the second-best 

adsorbent IRON-1. One can see that at higher pH8.5, the adsorption capacity was 

significantly lower on adsorbents IRON-1, IRON-2, and IRON-3, when compared to the 

maximum bed volumes adsorbents were able to filter at lower pH6.5. However, one 

should note that even the filtration capacity was only half at pH8.5 for these samples, it 

was still substantial for practical drinking water applications. An interesting finding was 

that the IRON-7 (α-FeOOH) adsorbent performed equally well at both pH levels. 

TIO2-2 adsorbent had an excellent filtration capacity at pH6.5 but was significantly 

decreased at higher pH8.5. As a result, TIO2-2 adsorbents capacity at pH8.5 was only ¼ 

of the best iron-based adsorbent and ½ of the worst iron-based adsorbent’s capacity. 
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Table 13.2: Comparison of different adsorbents. Maximum bed volumes one can filter until the 

maximum allowed drinking water limit of 10 µg As/L is reached at pH6.5 and pH8.5 when the 

influent water has 50 µg As/L and EBCT is 5min. 

Adsorbent pH 6.5 

 

Maximum bed volumes before 

10µg As/L limit was exceeded 

[-] 

pH 8.5 

 

Maximum bed volumes before 10µg 

As/L limit was exceeded 

[-] 

IRON-1 56686 23678 

IRON-2 >100000 43313 

IRON-3 43688 25356 

IRON-7 53163 55396 

TIO2-2 61002 13693 

13.3 Effect of Empty Bed Contact Time (EBCT) 

Effect of the adsorption reaction time, i.e. Empty Bed Contact Time (EBCT), was tested 

with IRON-1 adsorbent with four different contact times between 2.5, 5, 7.5, and 15 min. 

In Figure 13.4, increasing contact time increases the number of maximum bed volumes 

one can filter through adsorbent bed before influent water concentration exceeds the 

drinking water limit of 10 µg As/L. 

 

Figure 13.4. Arsenic concentration in effluent water in continuous filtration studies done 

according to NSF 53 standard. The tested adsorbent was IRON-1. Test conditions: influent As(V) 

50 µg/l and pH 6.5. Empty Bed Contact Time (EBCT) was 2.5, 5, 7.5, and 15min. 
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In Table 13.3 is summarized the results from the experiments done with different Empty 

Bed Contact Times (EBCT). Filtration study done with 15 min contact time was not 

finalized as the adsorbent was not exhausted in a practical experimental time frame (over 

one-year continuous filtration time).  

Table 13.3: EBCT and maximum bed volumes one can filter with each contact time before the 

influent water reaches the maximum allowed drinking water limit of 10 µg As/L. The adsorbent 

tested was IRON-1. Test with 15 min contact time was not able to run to exhaustion due to 

extremely long testing time (over one year). 

Empty Bed Contact time 

EBCT 

[min] 

Maximum bed volumes before 10µg As/L 

limit was exceeded 

[-] 

2.5 29000 

5.0 56686 

7.5 67127 

15.0 >100 000 (estimated figure as the effluent limit 

of 10 µgAs/L was not reached even over one 

year filtration test) 

Typically, the adsorbent used in drinking water application for arsenic removal is not 

regenerated. Therefore, it would be economical to operate the fixed bed filtration process 

to maximize the utilization of the adsorbent capacity. However, one needs to take into 

account the operating cost (OPEX) coming from the replacement of the adsorbent and the 

initial capital expenditure (CAPEX) to the whole adsorption process. In the Table 13.4 is 

shown an example of how CAPEX and OPEX are affected by the selected Empty Bed 

Contact Time. As the EBCT increases, a larger arsenic treatment plant is needed meaning 

an increase in CAPEX, but at the same time, the operating cost decreases as the adsorbent 

can be utilized better with higher EBCT. 
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Table 13.4: Rough example of the effect of selected EBCT on capital expenditure and operating 

cost (only adsorbent cost taken into account). 

EBCT 10 000 citizens  

 

Each use 150 

L/day 

 

Water 

production 

need 

Adsorbent Bed 

Volume needed 

to produce 

10 m3/min of 

water 

Initial 

equipment 

investment 

cost 

 

“Capital 

expenditures” 

“CAPEX” 

Adsorbent 

Replacement 

cycle 

Adsorbent 

replacements  

 

 

 

”Operating cost” 

”OPEX” 

[min] [m3/min] [m3]  Days  

2.5 10 26 1x 50 3.4x 

5.0 10 52 2x 197 1.8x 

7.5 10 78 3x 350 1.5x 

15.0 10 156 6x 1042 1.0x 

The effect of EBCT was further analysed by comparing three different adsorbents with 

two different contact times, as shown in Figure 13.5. One can see that IRON-1 and IRON-

2 adsorbents are more affected by the contact time than the adsorbent IRON-7. 

 

Figure 13.5. Effluent arsenic concentration as a function of filtered bed volumes. Tested 

adsorbents were IRON-1, IRON-2, and IRON-7. Empty bed contact time 2.5min and 5min. 

Influent water 50 µg/L As(V) and pH6.5. 

The summary of the filtration experiments presented in Figure 13.5 is shown in Table 

13.5 below. From the results, one can see that the capacity of the adsorbent IRON-7 is 

not affected when the EBCT decreases from 5min to 2.5 min as for IRON-1 and IRON-

2 adsorbents, the capacity decreases significantly as the EBCT decreases. However, even 
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though the adsorption capacity of the adsorbent IRON-2 was affected when the EBCT 

decreased from 5min to 2.5min, the results were still superior to other adsorbents.  

Table 13.5: Maximum bed volumes before the drinking water limit of 10 µg As/L is exceeded. 

Contact times tested were 2.5min and 5min.  

Adsorbent Maximum bed volumes before 

10µg As/L limit was exceeded 

Empty Bed Contact time 

2.5min 

Maximum bed volumes before 

10µg As/L limit was exceeded 

Empty Bed Contact time 5min 

IRON-1 29000 56686 

IRON-2 71472 >100000 

IRON-7 53473 53163 

13.4 Effect of adsorbent particle size 

To understand why the smaller particle size adsorbent IRON-2 performs so well in 

continuous filtration tests, the effect of particle size was also studied. For this purpose, 

adsorbent IRON-1 was sieved to 3 sieve fractions 0.8-1.4mm, 0.8-1.8mm, and 1.0-

2.0mm. Each sieved fraction was tested in the same manner as described earlier in 

continuous column filtration. Empty Bed Contact time was 5min, influent concentration 

was 50 µg As(V)/L, the influent pH was 6.5, and experiments were done at room 

temperature of 20°C. 

 
Figure 13.6. Effluent arsenic concentration as a function of filtered bed volumes for three different 

particle sizes. Empty bed contact time was 5min, and the influent water 50 µg/L As(V) and pH6.5. 
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Results from the continuous filtration test with different particle size fractions are 

presented in Table 13.6. It is clear from the results that when the other adsorbent 

properties stay the same, the smaller particle size will give better adsorption capacity in 

continuous filtration in a fixed bed filter. 

Table 13.6: Maximum bed volumes one can filter before the drinking water limit of 10µg/L is 

exceeded. 

Adsorbent Maximum bed volumes before 

10µg As/L limit was exceeded 

Empty Bed Contact time 5min 

IRON-1 as it is 56686 

IRON-1 : 0.8-1.4 mm 63728 

IRON-1 : 0.8-1.8 mm 59444 

IRON-1 : 1.0-2.0 mm 42243 

A critical factor in continuous filtration is the particle size of the adsorbent, as smaller 

particle size results in a large total surface area for adsorption to happen in the fixed-

volume filter bed. Also, this gives an indication that the internal diffusion of the adsorbent 

granule plays a significant role in the kinetics as in smaller adsorbent granules, the 

distance to the pores is shorter and therefore can utilize the contact time better in the fixed 

bed.  

Badruzzaman et al. (2004) findings from studies of intraparticle diffusion and adsorption 

of arsenate onto granular ferric hydroxide support these results and their interpretation. 

They proposed that the mass transport processes are similar to porous granular metal 

oxides as are found in activated carbons. Based on this assumption, the arsenate 

adsorption on granular, porous metal oxides involves four steps: diffusion through the 

bulk liquid, film diffusion, intraparticle diffusion, and adsorption on the solid surface (see 

Figure 13.7 below). Generally, the bulk liquid diffusion and adsorption steps are rapid and 

thus not rate-limiting. Regarding intraparticle diffusion, studies evaluating the adsorption 

of organic compounds by activated carbon showed that surface diffusion typically 

dominates over pore diffusion. Badruzzman et al. concluded that for arsenate adsorption 

by granular ferric hydroxide, the intraparticle transport of arsenate is also controlled by 

surface diffusion (Badruzzaman, et al., 2004). 
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Figure 13.7. Schematic of inorganic ion (arsenate) transport from the bulk solution onto 

porous metal oxides adsorbents (Badruzzaman, et al., 2004). 

One should remember that the combination of the adsorbent's chemical properties and 

physical properties dictates the overall adsorption capabilities. An additional thing to 

remember for real filtration applications is the mechanical strength of the granular 

adsorbent. Typically, smaller granular adsorbents are mechanically weaker to withstand 

the continuous water flow for months and months. The blockage of the adsorbent filter 

bed due to fracturing of the granular adsorbents can happen much before the capacity of 

the adsorbent is exhausted. Therefore, the design of the well-performing adsorbent filter 

media requires careful consideration of not only chemical composition, physical 

properties but also mechanical stability. 

13.5 Thomas plot  

A model has to be used to describe the fixed-bed column behaviour and scale it up for 

industrial applications. One of the most general and widely used model is the so-called 

Thomas model, which is often adopted to predict the adsorptive breakthrough curve 

(BTC) in fixed-bed column systems. The data obtained from continuous column 

filtrations were used to calculate the maximum solid-phase concentration of As(V) on the 

adsorbent and the adsorption rate constant using the Thomas kinetic model (Han, et al., 

2007) & (Öztürk & Kavak, 2005):  
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(13.1) 

where 

t = time [min] 

ct = effluent concentration at time t [mg/l] 

c0 = influent concentration [mg/l] 

kth = Thomas rate constant [ml/min*mg] 

q0 = adsorption capacity of the filter bed [mg As(V)/g adsorbent] 

x = mass of adsorbent in column [g] 

v = flow rate [ml/min] 

By linearization, Thomas model can be presented as: 
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(13.2) 

By plotting ln (c0/ct) as a function of t, one can solve kth from the slope and q0 from the 

intercept. In Figure 13.8 and are shown examples of measured data and fitted Thomas 

model for Empty Bed Contact Times 2.5 min and 5 min. One should note that the EBCT 

is also equal to the flow rate as the filter bed volume is fixed. The lower the EBCT higher 

is the flow rate to the filter. 
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Figure 13.8. Adsorbent IRON-1’s breakthrough curves for two different Empty Bed Contact 

Times (EBCT); ct/c0 as a function of filtration time. Top = EBCT 2.5min and bottom = EBCT 

5min. Influent As(V) ~ 50µg/l and pH6.5. 
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Figure 13.9.  Adsorbent IRON-7’s breakthrough curves for two different Empty Bed Contact 

Times (EBCT); ct/c0 as a function of filtration time. Top = EBCT 2.5min and bottom = EBCT 

5min. Influent As(V) ~ 50µg/l and pH6.5. 
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in the adsorbent bed, leading to higher adsorption capacity. However, at higher flow rates, 

the adsorbent got saturated more quickly, resulting in lower bed volumes to be treated, 

i.e. the full potential of the adsorption capacity was not utilized. 

One should note that none of the column experiments was run to exhaustion. The reason 

for this premature stop was the very long time needed for filtration experiments; filtration 
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0.0

0.2

0.4

0.6

0.8

1.0

0 200000 400000 600000 800000 1000000

c
t/
c

0

t [min]

Thomas model

measured data

R2 = 0.89

0.0

0.2

0.4

0.6

0.8

1.0

0 200000 400000 600000 800000 1000000

c
t/
c

0

t [min]

Thomas model

measured data

R2 = 0.89



13.5 Thomas plot 195 

model yielded a somewhat low R2. Therefore, these results should be taken as indicative 

and not definite values. IRON-7 seems to yield better capacities when column capacity is 

calculated per weight of adsorbent. This results from the low apparent density of the 

IRON-7 adsorbent granules, which is less than half of IRON-1’s apparent density. 

However, when capacity is calculated per volume, IRON-1’s adsorption capacity is 

better. This is a more important value in an actual filtration application since adsorption 

filters have fixed volume. 

Table 13.7: Thomas model parameters kth and q0. The values for q0 have been calculated for the 

weight of the adsorbent and the volume of the adsorbent. 

Adsorbent Empty Bed 

Contact 

Time 

[min] 

kth 

[ml/min*mg] 

q0 

[mg As(V)/g 

adsorbent] 

q0 

[mg As(V)/ml 

adsorbent] 

R2 

[-] 

IRON-1 2.5 0.1998 3.81 4.58 0.86 

 5.0 0.1292 4.49 5.39 0.88 

 7.5 0.0722 4.99 5.99 0.83 

IRON-7 2.5 0.2554 4.34 2.66 0.89 

 5.0 0.1704 7.66 4.69 0.89 
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14 Statistical model for arsenic removal by fixed bed 

adsorption 

14.1 Introduction 

A statistical model for arsenic concentration of the effluent coming from fixed-bed 

adsorption column for IRON-1 adsorbent was developed using Umetrics MODDE 

software’s multiple linear regression (MLR). MLR is a commonly used statistical method 

used for interpreting the effect of variables on responses. In MLR the coefficients of the 

model are computed to minimise the sum of squares of residuals, i.e. the variance not 

explained by the model.  

An equation describing the relationship between the response variable and predictor 

variables is obtained from the statistical analyses. The general form of the regression 

equation, including constant, single terms, square terms, and interaction terms, are 

presented in equation 18.1 (Sartorius Stedim Data Analytics, 2017). 
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 (14.1) 

Where 

Y = response variable 

b0  = coefficient 

Xi  = single terms (factor variable) 

Xi
2  = square terms (factor variable) 

Xi*Xj  = interaction terms (factor variable) 

The quality of the regression equation can be evaluated using an analysis of variance 

(ANOVA). R2 is the amount of variance explained by the model. The R2 value is always 

between 0 and 1, and a value close to 1 indicates that the model fits the data very closely. 

Thus, the R2 could be considered an upper bound on the estimate for how well the model 

predicts outcomes of new experiments. The Q2 estimates the model's predictive ability, 

also known as model predictive power, meaning its ability to generalize to new, unseen 

data. The Q2 is less than or equal to 1, and a value greater than zero indicates that the 

model is significant. A high Q2 (Q2 > 0.5) indicates that the model has a good predictive 

ability and will have only a small prediction error on new samples. The Q2 is considered 

large if Q2 > 0.7 (Sartorius Stedim Data Analytics, 2017). 

The model parameters were Empty Bed Contact Time “EBCT” (min), pH of the influent 

arsenic-containing drinking water, and the number of Bed Volumes filtered. The 

experimental matrix is shown in Table 14.1 below. 
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Table 14.1: Experimental set-up for IRON-1 adsorbent.  

Empty Bed Contact Time pH 6.5 pH 7.5 pH 8.5 

2.5 min X  X 

5.0 min X X X 

7.5 min  X  

15 min X  X 

Number of filtered Bed 

Volumes 

[-] 

0 

an average 50 samples 

were taken between 0 

and 70 00 BV for each 

experiment 

70 000 

14.2 Results 

An excellent model for the effluent arsenic concentration was developed with high R2 and 

Q2 (R2=0.937 and Q2=0.933). The model for effluent arsenic concentration as a function 

of pH, EBCT, and Bed Volumes is below. Model is valid for IRON-1 adsorbent when 

influent water has ~50 µg/l As(V). 

Effuent c [µg As/L] = x1 + x2*BV + x3*EBCT + x4*pH + x5*EBCT*EBCT + x6*BV*EBCT 

+ x7*BV*pH + x8*EBCT*pH 

Where 

BV = Number of filtered Bed Volume  (0 – 70000) 

EBCT  = Empty Bed Contact Time   (2.5 – 15 min) 

pH = Influent water pH   (pH6.5 – pH8.5) 

x1 = -15.5268 

x2 = -0.0003721 

x3 = 1.31711 

x4 = 2.9021 

x5 = 0.0608497 

x6 = -2.05E-05 

x7 = 0.00010217 

x8 = -0.350142 

Figure 17.1 and Figure 17.2 are shown contour plots for effluent arsenic concentrations. 

Numbers in contour plots are effluent arsenic concentrations µg As/L. It is evident that 

as pH increases, the filtration capacity decreases. According to the model, one can 

compensate for this capacity decrease by increasing contact time in the filter bed. 
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pH 6.5

pH7.5

pH 8.5 
Figure 14.1. Effluent As(V) concentration as a function of filtered Bed Volumes and Empty Bed 

Contact Time (EBCT) for three different pH. Influent As(V) ~ 50µg/l and temperature 20°C. 
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EBCT 2.5 min 

EBCT 8.75 min 

EBCT 15 min 
Figure 14.2. Effluent As(V) concentration as a function of filtered Bed Volumes and pH for three 

different Empty Bed Contact Times (EBCT). Influent As(V) ~ 50µg/l and temperature 20°C. 
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Figure 14.3 is an example of values calculated with the statistical model and actual 

measurements. One can see that the developed statistical model gives excellent results, 

i.e. the predicted effluent arsenic concentrations are close to the measured ones. Therefore 

the model is useful for predicting different scenarios in fixed bed filtration and scaling 

the adsorption process to specific conditions. However, one must remember that this 

model is only valid for IRON-1 adsorbent when the pH of the influent varies from pH6.5 

to pH8.5, the number of filtered Bed Volumes varies from 0 to 70000, and Empty Bed 

Contact Time varies from 2.5min to 15min. 

 

 
Figure 14.3. Examples of effluent As concentration (µg/L) calculated with the statistical model 

(dotted line) and with measured data (points). Top: EBCT 2.5min, pH6.5 Bottom: EBCT 5min 

and pH6.5. 
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15 Summary and concluding remarks 

Water is one of the most critical components of our environment. Availability of safe 

drinking water is becoming more scarce, and at the same time, as the population grows, 

our water demand is increasing. Many contaminants limit the usage of available 

freshwater. For example, arsenic in drinking water is a global problem affecting people 

living in some of the poorest as well as in some of the wealthiest countries. According to 

the WHO, at least 140 million people in 50 countries today use drinking water containing 

arsenic at levels above the guideline value of 10 μg/L. 

For decades, the excess use of phosphorous has caused pollution to surface waters, 

damaged aquatic life, and reduced the recreational use of the shorelines in lakes and 

oceans due to toxic algae blooms. At the same time, we lose non-renewable phosphorous 

to ocean sediments where it cannot be recovered. The current estimation of the available 

phosphorous reserves varies from 30 to 390 years. Global food production depends on 

these remaining phosphorous reserves, and nevertheless, the future of phosphorus 

receives little attention.  

Under this framework, this study focused on evaluating different adsorbents to achieve 

more efficient water treatment for toxic oxyanions like arsenate and highlighted the 

possibilities to recover valuable nutrient, phosphorous, from wastewaters. 

The literature part of this thesis presented the mechanism of adsorption focused on anion 

adsorption on metal oxide and hydroxide surfaces. In addition, an introduction to 

phosphorous and arsenic chemistry in aqueous solutions was given, highlighting the 

environmental issues related to these contaminants. Finally, an overview of the treatment 

options for both elements was presented, focusing on adsorption methods for these 

elements. 

The main objective of the experimental part of the thesis was to compare developed novel 

Goethite-Hydroniumjarosite granular adsorbents to existing commercial granular iron-

based adsorbents in the market. The second objective was to compare these novel 

adsorbents to other adsorbent chemistries like gypsum, aluminium oxide, and titanium 

oxide-based adsorbents. These adsorbents were mainly commercial products. Two 

comparison adsorbents were produced from titanium dioxide industry waste and 

aluminium industry waste.  

Adsorbents were analysed with isotherm and kinetic studies. Also, continuous fixed–bed 

filtration studies were done to understand the adsorption performance in a real application 

for arsenic and phosphorous removal. It was shown that the developed adsorbent has a 

high capacity for phosphorous removal. Results for different applications were presented. 

For example, results from the phosphorous polishing application were presented. The 

phosphorous polishing application aimed to meet trace concentration levels required for 

discharge waters in the USA. The novel adsorbent was able to meet the discharge water 

requirements with high capacity. Also, the phosphorous recovery process was developed, 
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making it possible to recover adsorbed phosphorous and reuse the adsorbent again after 

phosphorous recovery. 

The novel adsorbent was also tested in arsenic removal, and it was shown that it could 

treat arsenic-containing drinking water to meet the maximum allowed level of 10 µg/L of 

residual arsenic with high capacity. Fixed-bed filtration studies for arsenic removal were 

extensive and took more than one year. The results were used to size the real-life filtration 

plant to understand the economics of the developed novel iron-based adsorbent. In 

addition, a statistical model was developed for the fixed-bed adsorption for the novel 

adsorbent. This model proved to be useful when different configurations are simulated 

for different operating conditions. 
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Appendix A: XRD analyses 

XRD : IRON-1 adsorbent 

 

Pattern List:  

Ref. Code Score Compound Name Chemical Formula 

00-031-0650 49 Hydroniumjarosite (H3O) Fe3(SO4)2(OH)6 

00-029-0713 25 Goethite FeOOH 
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XRD : IRON-2 adsorbent 

 

Pattern List:  

Ref. Code Score Compound Name Chemical Formula 

00-031-0650 55 Hydroniumjarosite (H3O)Fe3(SO4)2(OH)6 

00-029-0713 25 Goethite FeOOH 
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XRD : IRON-3 adsorbent 

 

 

Pattern List: 

 Ref. Code Score Compound Name Chemical Formula 

00-002-1165 44 Iron Oxide Fe2O3 

01-076-0123 54 Goethite FeOOH 
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XRD : IRON-4 adsorbent 

 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-001-0662 31 Goethite FeOOH 
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XRD : IRON-5 adsorbent 

 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

01-075-1594 12 Goethite FeOOH 
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XRD : IRON-6 adsorbent 

 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

01-081-0464 57 Goethite FeOOH 
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XRD : IRON-7 adsorbent 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-029-0713 68 Goethite FeOOH 
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XRD : GYPSUM-1 adsorbent 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

01-074-1433 84 Gypsum CaSO4*2H2O 

01-081-0463 22 Goethite FeOOH 
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XRD : GYPSUM-2 adsorbent 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

01-083-0578 62 Calcite CaCO3 

00-006-0046 59 Gypsum CaSO4*2H2O 

01-085-0794 28 Quartz SiO2 

00-041-1451 33 Ettringite Ca6Al2(SO4)3(OH)12 * 26 H2O 
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XRD : GYPSUM-3 adsorbent 

 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-028-0775 35 Calcium Oxide CaO 

03-065-0639 25 Manganese Oxide MnO 

01-081-0463 22 Goethite FeOOH 

 

  



Appendix A: XRD analyses 229 

XRD : AL2O3-1 Adsorbent 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-049-0133 45 Aluminium Oxide 

Hydroxide 

AlO(OH) 

00-034-0493 30 Aluminium Oxide Al2O3 
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XRD : AL2O3-2 Adsorbent 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-034-0493 30 Aluminium Oxide Al2O3 
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XRD : TIO2 – 1 Adsorbent 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-73-1764 45 Anatase TiO2 

00-006-0046 59 Gypsum CaSO4*2H2O 

 

  



Appendix A: XRD analyses 232 

XRD : TIO2-2 

 

 

Pattern List: 

Ref. Code Score Compound Name Chemical Formula 

00-73-1764 45 Anatase TiO2 

00-006-0046 59 Gypsum CaSO4*2H2O 

00-70-0095  Calcium carbonate CaCO3 
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Appendix B: Scanning Electron Microscopy (SEM) 

pictures 

SEM pictures - IRON-1 adsorbent 
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SEM pictures - IRON-3 adsorbent 
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SEM pictures – IRON-4 adsorbent 
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SEM pictures - IRON-5 adsorbent 
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SEM pictures - IRON-6 adsorbent 
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SEM pictures - IRON-7 adsorbent 
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GYPSUM-3 

 

 

 


